Recovery dynamics of the Caribbean long-spined sea urchin, Diadema antillarum by Rogers, Alice & Rogers, Alice
1 | P a g e  
 
Recovery dynamics of the Caribbean long-
spined sea urchin, Diadema antillarum 
 
 
 
Alice Rogers 
 
 
 
A thesis submitted for the degree of Doctor of Philosophy 
Imperial College London, Department of Biology 
 
June 2011 
 
 
 
 
I declare that the content of this thesis and all of the work here presented is my own and reported in 
my own words unless otherwise declared and appropriately referenced. 
2 | P a g e  
 
 
 
 
  
3 | P a g e  
 
Contents 
 
Acknowledgements          4 
Abstract           6 
Chapter 1:  General Introduction        7 
Chapter 2:  Population dynamics of Diadema antillarum: from process to pattern  17 
Chapter 3:  Regional variation in Diadema antillarum recovery and abundance:   67 
  what drives observed patterns? 
Chapter 4:  Patterns of Diadema antillarum recovery in Curacao    118 
Chapter 5:  Synthesis and general discussion      152 
Literature Cited          162 
Appendices: Appendix I         173 
  Appendix II         198 
 
4 | P a g e  
 
Acknowledgements 
 
So many people have helped, encouraged and supported me in completing this thesis and to all I fail 
to mention by name I am nonetheless grateful.  
First and foremost, I thank my supervisor Kai Lorenzen. In the beginning for his confidence in my 
abilities to carry out the project in spite of my need to announce my ignorance of mathematical 
modelling as early as the interview stage! Throughout the years Kai has provided wisdom, sense and 
direction but most of all has, time and again, succeeded in turning my feelings of despair and 
disillusion into enthusiasm and positivity. I feel fortunate for the opportunity that Kai provided me to 
live and work in Florida at the Mote Marine Laboratory. My time there was filled with good people, 
good science, dolphins, turtles, boats, sunshine and cold beer; a wonderful life experience that I will 
never forget. I was also lucky to get to know and spend time with the Lorenzen family and I thank 
them all for their welcome and hospitality when I was feeling a long way from home. I thank Julianne 
particularly for many hours of patience and help as I struggled to find my feet with complex statistics 
and programming.  
In Florida I was fortunate to be introduced to and work closely with, a great number of great 
scientists. I am particularly thankful to all of those who attended Diadema restoration workshops in 
the Florida Keys and at the Mote Marine Laboratory in 2007 and 2009. My thanks in particular go to 
Ken Leber and Kevan Main (and Kai again too) for facilitating these workshops and helping to attract 
such a diverse and influential group of participants. I gained so much knowledge, guidance and 
support from discussions with Paul Sammarco, Bill Precht, Brian Keller, Aaron Adams, Mark 
Chiappone, Martin Moe, Ken Nedimyer, David Vaughan, Judith Lang, Tom Frazer, Silvia Macia, 
Dave Score, Nate Brennan, Kim Richie, John Hunt and John Ebersole to name but a few, and 
particularly enjoyed the constructive “grilling” I received from Craig Osenberg during my 
presentations at the 2009 meeting at Mote. 
A number of the above-named also contributed, or helped to collate data for my meta-analysis in 
Chapter 3 but in addition I would like to thank Jan Van Willem Bochove, Simon Pittman, Leandra 
Cho-Ricketts, Craig Dahlgren, Melissa Hooten, Rosa Rodriguez, Jennie Mallela, John Ware, 
Katherine Cure, Tyler Smith, Noam Van der Hal and Johnathan Kool for their valuable contributions.  
I am grateful and thankful for the time I spent in California with Michelle Paddack. Working together 
we uncovered interesting and exciting new results and avenues for future research and I thoroughly 
5 | P a g e  
 
enjoyed the challenge and excitement of light-speed preparation of back-to-back talks for the 2009 
WSN meeting in Monterey.  
My fieldwork on Curacao would never have been possible without Kai’s efforts and support to make 
it happen but on the island, I am eternally grateful to staff and students of the Carmabi Research 
Station, and in particular to Mark Vermeij for inspiring and encouraging us with a great many 
memorable conversations over a great many cold Polars. I thank Alex for all her hard work, her 
companionship and for introducing me to the healing properties of “Grey’s Anatomy.” None of the 
field data could have been collected and I could never have stayed sane or safe without my dive 
buddy and dear friend Ben Roberts. I will always be grateful to him for his hard work, encouragement 
and poached eggs on toast. 
Back home in England, I thank Anna, Sarah and Charlie, AKA “Team Kai” for making the office a 
fun and productive place to be and so many Silwoodians for their intelligence, help and support over 
the years.  
I have made a great many dear friends during the course of my PhD all of whom have contributed in 
their own way to helping me to complete this thesis. I could never name them all but special thanks 
have to go to the Florida “chicas” (and Josh and Captain Mike), the Heath Villas girls, the Moorea 
crew and of course the lovely Dave, for keeping me sane and smiling (mostly) along the way. 
Last but by no means least, I thank my ever supportive and loving family for believing in me, 
encouraging me and helping me to always follow my dreams.   
  
6 | P a g e  
 
Abstract 
 
The sea urchin Diadema antillarum is a keystone herbivore in the Caribbean and its functional 
extinction due to an epidemic in 1983 had a marked effect on coral reef health. Recovery of D. 
antillarum has been associated with improvements in reef health but has been unexpectedly slow and 
patchy with many populations persisting at low abundance on the reefs. This thesis investigates 
possible reasons for low and variable recovery of D. antillarum on the reef using combined 
techniques of population dynamic modelling, meta-analysis and field experimentation.  
Population dynamic modelling was used to explore the implications of alternative process hypotheses 
for recovery dynamics. Depensatory density dependence (Allee effects) or cultivation effects are 
predicted to lead to complex dynamics characterized by switching between alternative, high and low 
abundance states. Density independent variation in vital rates, e.g. due to environmental change, are 
predicted to affect recovery abundance and rates without leading to complex dynamics. 
Time series data explored through meta-analysis, and local recovery patterns examined in Curacao, 
exhibit recovery dynamics and spatial distributions which indicate that variation in density 
independent factors, rather than depensatory density dependent processes are the key drivers of 
population dynamics. Recovering populations and patches of high D. antillarum abundance are both 
associated with locations which exhibit high resource availability, high macroalgal abundance, few 
herbivorous fish competitors, reduced predation risk and local larval retention. Specifically, I find 
evidence to suggest that rates of recovery are determined by resource availability and population sizes 
are controlled by predation pressure and larval retention. Interestingly, the environmental 
characteristics which appear favourable to D. antillarum are also characteristics which tend to result 
from high levels of human threat.  
My results demonstrate that D. antillarum populations favour specific habitat characteristics which 
occur in a variety of habitat types and indicate that coral reefs, upon which most attention has been 
focused, actually represent relatively poor habitat for the species. 
In light of this, I predict that the widespread reappearance of D. antillarum on coral reefs will only 
occur once population densities in preferred, sheltered, shallow, nutrient enriched, often human-
impacted habitats become high enough to depress habitat quality in these locations, such that fore-
reefs become suitable as alternative habitats. 
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Chapter 1 
 
General Introduction 
Overview 
The long-spined sea urchin Diadema antillarum is a keystone species on Caribbean coral reefs whose 
grazing and bio-eroding behaviours act as a significant structuring force on the benthic community 
(Sammarco 1982a). In 1983 a mass mortality event greater than any other recorded for a marine 
species, reduced D. antillarum populations by more than 95% across its entire range (Lessios, Cubit et 
al. 1984; Lessios 1988). In the decades that followed, Caribbean coral reefs exhibited significant 
declines in health, specifically overgrowth of fleshy macroalgae and reduced live coral cover 
(Carpenter 1985; Carpenter 1990a; Gardner, Cote et al. 2003). The return of D. antillarum has been 
demonstrated to reduce macroalgae, free up bare substrate and subsequently promote coral 
recruitment (Edmunds and Carpenter 2001; Carpenter and Edmunds 2006). As a result, D. antillarum 
population recovery is of great interest to conservation biologists and coral reef managers and is 
widely considered to be an important and positive mechanism to promote reef restoration. 
Unfortunately, recovery of D. antillarum on coral reefs has been slow and patchy at best and our 
understanding of the biological processes and ecological factors which drive its dynamics is limited. 
This thesis utilizes combined approaches of population dynamic modelling and regional and local-
scale empirical analyses to investigate what could be preventing recovery on the reef, what we might 
expect for future populations and what, if anything can be done to aid the widespread return of the D. 
antillarum.  
Importance and conservation status of coral reefs 
Coral reefs account for less than 0.2% of the worlds’ ocean surface but support more than 25% of all 
marine species (Reaka-Kudla 2001). Biodiversity within coral reef ecosystems is akin to that of 
tropical rainforests and species representing 30 out of the 34 known phyla on the planet can be found 
there (Renema 2010). The livelihoods of more than 250 million people, primarily in the developing 
world are reliant on coral reefs for food and income (Moberg and Folke 1999; Cinner, McClanahan et 
al. 2009). Additionally, reef structures protect coastlines and coastal communities from wave 
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exposure and tropical storms (Sheppard, Dixon et al. 2005; Koch, Barbier et al. 2009) and allow for 
the persistence of mangrove, seagrass and lagoon habitats which are vital nurseries for numerous 
commercially important fish species (Nagelkerken, Roberts et al. 2002; Mumby, Edwards et al. 2004). 
Though it is difficult to put a monetary value on all the benefits that coral reefs provide, a recent 
estimate puts the total net benefit at around $29.8 billion per year (Cesar, Burke et al. 2003), not to 
mention their non-monetary value to people the world over. 
Coral reefs are declining at an alarming rate. It is estimated that we have already lost around 25% of 
the worlds’ reefs (Gardner, Cote et al. 2003; Bellwood, Hughes et al. 2004; Bruno and Selig 
2007)}and if current levels of degradation persist we are may lose more than 70% by the year 2050. 
So what are the main causes of reef degradation, and what if anything can we do to halt the decline? 
Coral reefs are subject to numerous stressors both natural and anthropogenic. Corals and other reef 
organisms suffer physical disturbance from hurricanes and tropical storms as well as from coastal 
developments, destructive fishing practices, boat moorings, divers and collisions (Barker and Roberts 
2004; Gardner, Cote et al. 2005; Saphier and Hoffmann 2005). The natural balance and composition 
of reef species is altered by overexploitation, disease, nutrification and the introduction of invasive 
species (Bellwood, Hughes et al. 2004). Into the future, global warming poses threats of rising sea 
temperatures and ocean acidification to name a few, which in turn will cause increased instances of 
coral bleaching and coral disease (Hoegh-Guldberg 1999; Harvell, Mitchell et al. 2002; Bruno, Selig 
et al. 2007; Hoegh-Guldberg, Mumby et al. 2007). Some of these stressors are within our direct 
control and management measures can be taken to promote sustainable resource use and to protect 
areas against development and damage. Other stressors however, will continue to impact coral reefs 
regardless of our best efforts. We cannot prevent hurricanes or storms, nor can we completely halt the 
effects of climate change or nutrification. In the face of inevitable, uncontrollable stressors, the future 
of coral reefs is reliant on their resilience and adaptability. Reef systems must be able to recover from 
disturbances and persist long enough to adapt to environmental and climatic change.   
In general, ecosystems which are healthy to begin with, have the greatest capacity to recover 
following a disturbance (Hughes, Bellwood et al. 2007; Mumby, Hastings et al. 2007). A healthy 
coral reef is one which is high in live coral cover, low in macroalgal cover and supports a healthy 
abundance and composition of reef fishes and invertebrates which fulfil a range of ecosystem 
functions (Bellwood, Hughes et al. 2004). Resilience in coral reef ecosystems is synonymous with the 
capacity for new corals to recruit and re-colonise bare substrate which is created when a disturbance 
destroys an established coral colony. Due to intense competition between algae and coral recruits for 
settlement substrate (Steneck, Dethier et al. 1988; McCook, Jompa et al. 2001), one of the key 
processes underpinning coral reef resilience is herbivory (Bellwood, Hughes et al. 2004). Grazers not 
only maintain a healthy balance between corals and algae in an undisturbed system but they prevent 
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overgrowth of macroalgae when live corals are removed by maintaining bare substrate which allows 
for coral settlement and re-colonisation (Hughes 1989; Hughes and Tanner 2000; Kuffner, Walters et 
al. 2006).  
Over the past three decades, coral reefs of the Caribbean region have suffered a significant decline in 
reef health, with many experiencing a so called phase-shift from healthy, productive states dominated 
by live coral cover to unproductive, undesirable states dominated by fleshy macroalgae (Carpenter 
1985; Carpenter 1990a; Aronson and Precht 2000). Live coral has been reduced by an average of 80% 
region-wide (Gardner, Cote et al. 2003) causing an associated decline in overall structural complexity 
(Alvarez-Filip, Dulvy et al. 2009). Habitat degradation in turn has caused an acceleration in the 
decline of reef fish abundance across the region over the past decade (Paddack, Reynolds et al. 2009).  
Loss of live coral, particularly Acropora sp. can be attributed to a regional outbreak of white band 
disease (Aronson and Precht 2001) but lack of coral recovery and the phase shift to macroalgal 
dominance is almost certainly attributable to the functional extinction of the long-spined sea urchin 
Diadema antillarum (Hughes 1989; Hughes and Tanner 2000). Due to their relative isolation from 
reef systems of the Indo-Pacific, Caribbean coral reefs support a unique suite of coral reef organisms 
and one which is comparatively low in species richness. This means reduced potential for functional 
redundancy such that the loss of just one species can have far reaching impacts on the entire system.   
Collapse of D. antillarum populations and impact on reef ‘health’ 
D. antillarum is a large, mobile urchin species which, prior to 1983 is reported to have been prolific 
on coral reefs, rocky substrates and seagrass beds of the region. Historical population density data for 
D. antillarum is surprisingly rare but that available suggests that normal densities ranged from 1 – 
14m-2 region-wide (see Table 1.1) (Bak, Carpay et al. 1984; Liddell and Ohlhorst 1986; Lessios 
1988). In extreme cases, the population was as high as 70m-2 (Sammarco, Levinton et al. 1974). D. 
antillarum’s range in the Caribbean region spans from Florida and Bermuda, south to Tobago and 
west as far as the Mexican coast. It is a voracious herbivore (Carpenter 1981; Carpenter 1986; Liddell 
and Ohlhorst 1986) and bio-eroder of the substrate (Bak 1994) and exclusion experiments in Jamaica 
in the 1970s demonstrated its capacity as a structuring force on the benthic community (Sammarco 
1982a; Sammarco 1982b). The mass mortality event of 1983 caused a region-wide population 
reduction in D. antillarum of over 95% (Lessios, Robertson et al. 1984; Hunte, Cote et al. 1986; 
Lessios 1988). Over a 13 month period between January 1983 and February 1984, disease spread 
north, east and west from its initial source in Panama to affect the entire range of the species (Lessios, 
Cubit et al. 1984; Lessios 1988). Due to its rapid spread and the speed with which it killed the host, 
the exact identity of the disease-causing agent was never isolated, though it is widely believed to have 
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been a waterborne pathogen of the genus Clostridium introduced to the region through shipping 
activity in the Panama Canal (Lessios 1988).  
  
11 | P a g e  
 
Table 1.1 An overview of pre and post-mortality population densities of Diadema antillarum across the Caribbean region along with data on the timing and 
impact of the mass mortality event. Table recreated from (Lessios 1988). 
Locality 
Date of 
Mortality 
No. of 
locations 
sampled 
Pre-mortality Post-mortality Percent Mortality 
Area 
Sampled 
(m
2
) 
Mean 
Density 
(N/ m
2
) 
Range 
(N/m2) 
Area 
Sampled 
(m
2
) 
Mean 
Density 
(N/ m
2
) 
Range 
(N/m2) 
Mean Range Reference 
Galeta, 
Panama 
Jan 1983 1 200 1.38 - 120000 <0.01 - 99.99 - Lessios, 1984 
San Blas, 
Panama 
Apr-May 
1983 
19 3659 3.63 0.05-13.66 4313 0.24 0.00-1.20 96.16 85.44-100.0 Lessios, 1984, 
Jamaica Jul 1983 9 822 7.32 3.90-71.00 762 0.03 0.00-0.80 97.84 91.03-100.0 
Hughes, 1985, 
Hughes, 1987, 
Liddell and 
Ohlhorst 1986 
Barbados 
May-Sep 
1983 
10 1220 9.26 3.00-17.30 1220 0.72 <0.01-1.68 93.16 86.90-99.90 Hunte et al, 1986 
Belize Jul 1983 5 500 1.06 0.05-4.31 500 <0.01 0.00-0.01 99.94 99.70-100.0 
Lewis and 
Wainwright 1985 
Curacao Oct 1983 3 732 2.58 0.26-4.16 850 0.02 0.00-0.05 99.37 97.30-100.0 Bak et al 1984 
Tobago 
Feb-Mar 
1983 
1 900 5.00 - 900 <0.01 - 99.91 - Laydoo, 1984 
St Croix Feb 1984 1 54 5.90 - 20 0.10 - 98.31 - Carpenter 1985 
St John Dec 1983 5 75 14.38 ? 5000 0.08 ? 99.45 ? Levitan 1988 
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To varying degrees, macroalgal abundance across the Caribbean region showed a rapid increase in 
response to the reduced herbivory resulting from the loss of D. antillarum (Vansteveninck and Bak 
1986; Hughes 1994; Ledlie, Graham et al. 2007). The most significant changes were reported on coral 
reefs that were already stressed, such as those in Jamaica, where years of intense overfishing has 
reduced the abundance of herbivorous fish that might in part compensate for the loss of D. antillarum 
(Aronson and Precht 2000). Though some studies report increases in herbivorous fish and other urchin 
species due to reduced resource competition from D. antillarum, in general, no other organism has 
been able to fully compensate and fulfil the functional role of D. antillarum in controlling macroalgal 
abundance on coral reefs (Carpenter 1985; Hay and Taylor 1985; Carpenter 1990b).  In the decades 
that followed the mass mortality event, D. antillarum showed few signs of significant population 
recovery (reviewed in; (Lessios 1988)). Coral reefs of the region suffered continued disturbances from 
storms (Bries, Debrot et al. 2004), bleaching events (Aronson, Precht et al. 2002) and disease 
(Edmunds 1991) and reef health continued to decline. Concerns were raised that macroalgal 
dominance represented not only a phase shift but a new stable state on the reef which could not be 
reversed (Knowlton 1991; Scheffer, Carpenter et al. 2001). In recent years some hope has been 
renewed however. Patches of population recovery of D. antillarum have been reported in locations 
across the region and with this recovery comes an associated decline in macroalgal abundance and an 
increase in coral recruitment (Edmunds and Carpenter 2001; Carpenter and Edmunds 2006). Could 
the widespread return of D. antillarum to coral reefs be the key to reversing the phase shift and 
promoting the recovery of these systems to healthy, coral dominated states which will be not only 
more productive and valuable but also more resilient to future stressors and disturbances? A recent 
modelling study suggests that yes, the return of D. antillarum is the best, if not the only hope for the 
restoration of Caribbean coral reef health (Mumby 2009). 
D. antillarum recovery  
Patches of D. antillarum population increases have been reported and are encouraging. However, 
widespread recovery seems to be a long way off;  few of the locations studied have demonstrated a 
return in D. antillarum densities to pre-mortality levels and current healthy populations are commonly 
restricted to shallow waters, back-reef and patch-reef habitats where their grazing function is of lesser 
value or interest to conservation managers (Miller, Adams et al. 2003; Carpenter and Edmunds 2006; 
Debrot and Nagelkerken 2006). The past few years have witnessed a number of studies and efforts to 
translocate D. antillarum from these lower-value habitats to the fore-reef for restoration, but these 
have been largely unsuccessful, suffering from high rates of mortality and low rates of retention 
(Miller, Szmant et al. 2003; Nedimyer and Moe 2003; Dame 2008). Success has been improved in 
recent attempts through the manipulation of habitat to provide additional refuges from predation (Lee 
2006; Dame 2008) but translocation attempts on the whole have been few and at small spatial scales 
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due to the continued scarcity of healthy populations and the reluctance to sacrifice valuable 
individuals when success rates are so unpredictable. Hatchery rearing techniques are being developed 
for D. antillarum in The Florida Keys but culture technology is still in early stages of development 
and more work is needed to reliably rear significant numbers of viable urchins for experimental work 
or population enhancement efforts. Also, hatchery reared urchins may show even lower rates of 
survival and retention than translocated wild animals (Miller, Szmant et al. 2003).  
Population dynamics of echinoderms 
Significant variations in population density, including rapid population declines and population 
“outbreaks” are relatively common in echinoderms (Uthicke, Schaffelke et al. 2009). Uthicke et al 
identified 28 species, from temperate and tropical climates, in deep and shallow water that have, in 
their history shown more than two instances of their population doubling or halving in size. Having 
said this, as Uthicke points out, there is a general lack of detailed ecological time series data for 
echinoderms which would allow for a better understanding of what represents their “natural” state and 
what constitutes a population boom or bust.  In general, Uthicke identified three distinct patterns of 
population fluctuation; rapid population increase resulting in a new higher stable population state, 
cyclical population changes, known as booms and busts where population outbreaks are followed by 
extended periods of low abundance, and rapid population declines followed by slow or non-existent 
population recovery. 
Examples of echinoderms which have experienced population booms and new higher population 
states include the abyssal holothurian, Amperima rosea and the rock boring urchin, Echinometra 
mathaei. The booms in these cases are attributable to increases in primary production, overfishing of 
predators or introductions.  
Cyclical population booms and busts are exhibited by species such as the corallivorous crown of 
thorns starfish, Acanthaster planci and the green sea urchin Strongylocentrotus droebachiensis. The 
causes of their population cycles are not fully understood but outbreaks are thought to be related to 
enhanced resource availability and / or overfishing of predators, whereas declines are driven by 
intense resource competition and starvation.  
It has, in the past been argued that the rapid decline of D. antillarum in 1983 is a part of a temporal 
cyclical fluctuation, similar to those shown by Acanthaster and Strongylocentrotus, which was 
preceded by a period of  super-abundance which aided the spread of the disease causing pathogen 
(Hay 1984; Levitan 1992; Hughes 1994). This cannot be ruled out as a hypothesis, particularly given 
the scarcity of long-term population data to show otherwise, but it should be noted that the historical 
records that do exist, indicate that D. antillarum were always common on reefs of the Caribbean 
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region and not in distinctly different abundances than they were immediately prior to the mass 
mortality event (Ogden, Brown et al. 1973; Bauer 1980; Jackson 1997). 
Indeed, in his review, Uthicke includes D. antillarum in a third population variation pattern; a 
phenomenon of rapid population decline followed by slow or non-existent recovery. D. antillarum is 
not the only echinoderm to show such a pattern. Populations of the temperate purple sea urchin 
Paracentrotus lividus, for example, declined rapidly during the past few decades and have shown 
little signs of recovery (Barnes, Crook et al. 2001). A similar story is true for the large, predatory 
asteroid Heliaster kubiniji in the Northeast Pacific (Dungan, Miller et al. 1982). 
In most of the cases reviewed by Uthicke, distinct changes in echinoderm population densities are 
linked to a single main factor, be it a decline caused by disease or disturbance or an increase caused 
by overfishing of predators or increased primary productivity. In fact, we are generally knowledgeable 
about the causes of rapid population decline and increase but have far less of an understanding about 
the factors which prevent population recovery.   
The success of any future population restoration attempts with D. antillarum, and indeed the 
justification for such intervention requires a detailed, quantitative understanding of the population 
dynamics and habitat requirements of this keystone species. Though it has received a great deal of 
scientific interest in recent years, the prolific abundance of D. antillarum prior to 1983, meant that it 
was largely ignored and our understanding of what drives its population dynamics on the reef is 
surprisingly limited.  
Research objective 
The objective of this thesis is to gain a quantitative understanding of D. antillarum population 
dynamics and identify the key biological processes and ecosystem characteristics responsible for 
promoting or preventing population recovery. Using this information, I will analyze current recovery 
patterns, make predictions about future widespread recovery and discuss the efficacy of alternative 
active rebuilding strategies. 
Specific research questions 
1. Could depensatory density dependent processes (or Allee effects) be responsible for preventing 
widespread D. antillarum recovery? 
2. How do ecosystem characteristics such as macroalgal abundance, habitat complexity and reef fish 
abundance affect recovery dynamics? 
3. Will widespread D. antillarum population recovery occur naturally and if so, how should we 
expect recovery to progress and how long will it take?  
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4. What is the potential for active population restoration of D. antillarum? 
 Methodology  
1. Develop population dynamic models of D. antillarum which will be used to explore recovery 
dynamics under alternative hypotheses concerning density dependence and ecosystem 
characteristics and potential rebuilding strategies.  
2. Carry out an extensive large-scale meta-analysis using existing population density data on coral 
reefs to examine differences in recovery rates and abundances of D. antillarum around the 
Caribbean and investigate the biological processes and ecosystem characteristics which are likely 
to drive variability. 
3. Carry out small-scale field experiments that generate data for a recovering population to test 
model predictions and meta-analysis trends and evaluate the role of habitat heterogeneity in 
recovery dynamics. 
4. Provide an informed discussion concerning the future widespread recovery of D. antillarum and 
the viability and effectiveness of alternative active rebuilding strategies. 
  
To answer questions about the recovery dynamics of D. antillarum it is most effective to utilise a 
combination of approaches. I will develop a population dynamic model to explore the ways in which 
the biology and ecology of sea urchins drive population dynamics and visualise how recovery patterns 
vary under alternative process hypotheses. I will carry out large-scale meta-analyses using existing 
population density data for D. antillarum to test predictions made by population dynamic models by 
relating recovery patterns back to biological and ecological factors at broad spatial scales. Meta-
analyses are limited in their ability to test predictions since data are subject to a great number of 
confounding variables and I will therefore also carry out localized, controlled, field studies to provide 
additional data to investigate the extent to which model predictions and meta-analysis trends are 
supported. Synthesis of information from each of the three methods will allow me to make predictions 
about future population recovery and to discuss the best strategies for management and potential 
population restoration. 
In Chapter 2 I will review current knowledge of the biological processes and ecosystem 
characteristics which affect individual life stages of D. antillarum and synthesize the information 
across the life cycle by way of a combined population dynamic and grazing impact model. The model 
will be used to explore recovery dynamics under the influence of depensatory density dependent 
processes, habitat cultivation effects and alternative density independent processes. Much of the 
existing literature tends toward depensatory density dependence as a key preventer of population 
recovery and subsequently, my model will focus somewhat on the demographic impact of density 
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dependent processes. The modelling process will be used to make predictions about how recovery 
patterns, recovery rates and population abundances could change in response to population density 
and ecosystem characteristics. Model predictions will then provide the background for meta-analysis 
and experimentation in the subsequent two chapters. In Chapter 3, model predictions will be 
compared with trends and demographic parameters calculated from an extensive dataset of D. 
antillarum population densities and ecosystem characteristics collected on coral reefs throughout the 
Caribbean region. Recovery rates and population abundances will be estimated at regional and sub-
regional scales and meta-analysis techniques will be used to examine how their variability is related to 
initial post-mortality population density and to various ecosystem characteristics. Discontinuous 
temporal patterns in recovery dynamics will also be explored and compared with the recovery patterns 
predicted by population dynamic models under alternative scenarios. Meta-analysis results will 
provide an insight into the biological processes and ecosystem characteristics which have the most 
significant influence on demographics. Using data generated through small scale field 
experimentation, Chapter 4 will focus on the role of density independent ecosystem characteristics in 
determining the patchy spatial distribution of a recovering population of D. antillarum on the island of 
Curacao. By considering local-scale variations in D. antillarum abundance, larval settlement rates and 
ecosystem characteristics I will investigate the extent to which trends in meta-analyses are supported 
by local-scale experiments. In the concluding chapter I will discuss my results in terms of what might 
be expected for future widespread recovery of D. antillarum and what, if anything can be done to 
promote it. 
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Chapter 2 
 
Population dynamics of Diadema 
antillarum: from process to pattern 
 
Introduction 
Despite the perceived importance of Diadema antillarum to coral reef health, and the interest in the 
species’ recovery from the mass mortality event of 1983, our understanding of recovery dynamics has 
remained limited. Much experimental research has been conducted on the biological and ecological 
processes affecting individual life stages of D. antillarum, but the resulting information has not been 
synthesized, integrated over the life cycle or used to predict population recovery or the effectiveness 
of active rebuilding strategies. This gap in knowledge is addressed by reviewing key field and 
experimental results, developing a population dynamics model, and using the model to explore 
recovery patterns and rebuilding options. Particular focus is made on how population density and 
ecosystem characteristics could be responsible for the apparent lack of D. antillarum recovery 
following the mass mortality event of 1983. 
The literature, as it relates to D. antillarum and other similar benthic marine organisms, is reviewed to 
identify evidence and experimental results pertaining to the existence of depensatory density 
dependence (Allee effects) in key processes across the life cycle. Evidence is also examined relating 
to the impact of density independent characteristics on D. antillarum vital rates and potential changes 
in these characteristics since the mass mortality event. A population dynamics model is developed to 
explore the implications of different biological processes and ecosystem characteristics for recovery 
dynamics and rebuilding strategies.  
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Density-dependent and density independent processes in population dynamics  
The key biological processes driving population dynamics are reproduction, growth and mortality, the 
combined rates of which determine whether a population grows, declines or remains stable (Caley, 
Carr et al. 1996). Vital rates are influenced by density dependent processes associated with 
intraspecific competition and predation pressure and density independent ecosystem characteristics 
such as habitat structure, community composition and climate. Figure 2.1 represents the ways in 
which density dependent and density independent factors influence per capita population growth rate. 
Density dependence can act either in a compensatory or depensatory direction. Compensatory density 
dependence acts such that per capita population growth rate declines as population density increases. 
It is represented in Figure 2.1a and 2.1b by the declining dotted line. When population density is low, 
resources are abundant, individual fitness and fecundity is high and per capita population growth is at 
its maximum. However, as population density increases, mechanisms associated with intraspecific 
competition or increased predation risk reduce individual fitness and the population growth rate 
declines (Hixon, Pacala et al. 2002; Munch, Snover et al. 2005; Lorenzen 2008). Compensatory 
density dependent mechanisms have their most important impact on population dynamics at high 
population densities where they act to regulate populations to a carrying capacity. Figure 2.1b 
demonstrates how the strength of compensatory density dependence (i.e. when there is more resource 
competition) determines the carrying capacity of the population  
Depensatory density dependence (also known as an Allee effect) acts in the opposite direction so that 
population growth rate increases as population density increases. Depensatory density dependent 
mechanisms have their most significant effects on population dynamics at low population density 
where they act to decrease or prevent population growth. Figure 2.1c demonstrates how the strength 
of depensatory effects can be weak or strong. Weak effects act only to reduce population growth rates 
whereas strong effects cause negative population growth and extinction thresholds. Depensatory 
density dependent processes are of particular interest in conservation biology and in the specific case 
of D. antillarum recovery, as such processes can markedly affect population dynamics at low 
population size and have the potential to drive declining, or reduced populations to extinction 
(Gascoigne and Lipcius 2004). 
Density independent factors cannot alter the shape of the per capita growth rate curve (see Figure 
2.1d) but can increase or decrease population growth rates. For example, if resources are limited one 
year then population growth will decline but the amount of decline will be constant at all population 
densities. Density independent factors can alter carrying capacities and extinction thresholds but alone 
cannot cause an extinction threshold without the existence of some kind of depensatory density 
dependent process.  
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a. b.  
c. d.  
Figure 2.1 The relationships between population density and per capita population growth rate under 
circumstances of depensatory and compensatory density dependence and the interactive effect of 
density independent factors. Population carrying capacities are represented by solid circles and 
population extinction thresholds are represented by open circles. 
Processes affecting population dynamics through the life cycle 
The life cycle of D. antillarum can be divided into a pelagic early life (egg and larval) stage lasting up 
to around 60 days (Moe Pers. Comm.), a benthic juvenile stage lasting 1-2 years and a benthic adult 
stage lasting some 7-9 years (Randall, Schroeder et al. 1964).  Eggs are fertilized within hours after 
release and hatch within a day (Levitan 1991). The pelagic larval stage may last for up to 60 days in 
experimental culture but it is likely that settlement occurs earlier in natural systems (Martin Moe; 
Tom Capo, pers. Comm.). Upon settlement, juveniles are subject to high predation risk and cryptic 
Compensatory 
Depensatory 
Density Independent 
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behaviour is common until later in the juvenile stage (Clemente, Hernandez et al. 2007).  D. 
antillarum mature at about 1-2 years of age (Ogden and Carpenter 1987). Adults are dioecious and 
reproduce by broadcast spawning (Bak, Carpay et al. 1984; Lessios 1988). Figure 2.2 shows the D. 
antillarum life cycle and provides an overview of the biological processes that will be addressed in 
this chapter and the density dependent processes and density independent factors that might affect 
their vital rates.  
 
  
 
Figure 2.2 Overview of the life cycle of Diadema antillarum and the density dependent processes and 
density independent factors that may affect biological processes at each stage. 
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Larval production 
The most widely cited and intuitive instance of reduced individual fitness in the face of low 
population density comes from the decreased probability of acquiring a mate and successfully 
reproducing (Deredec and Courchamp 2007). In an aquatic environment where external fertilisation is 
common, low population density can reduce fitness through sperm limitation and reduced fertilisation 
success (Pennington 1985; Levitan and Petersen 1995; Metaxas, Scheibling et al. 2002). Sea urchins, 
including D. antillarum are broadcast spawners with limited adult dispersal (Randall, Schroeder et al. 
1964; Cameron and Hinegard.Rt 1974; Ogden and Carpenter 1987). Though gamete viability through 
time is largely unknown, it is thought that neither sperm nor egg can survive for much time outside of 
the body (Wahle and Peckham 1999; Lauzon-Guay and Scheibling 2007). Studies of fertilisation 
success and sperm limitation in sea urchins began in the 1980s (Pennington 1985) and have since 
included field experiments, lab-based experiments and mathematical models (Reviewed in (Lauzon-
Guay and Scheibling 2007)). The majority of studies show that fertilisation success is dependent on 
adult numbers, density and spawning synchrony.  
In D. antillarum there is a distinct positive relationship between fertilisation success and adult density 
(Figure 2.3; (Levitan 1991)). Though experimental data are scarce, the relationship appears to be non-
linear, with a rapid decline in success below the lowest adult density studied (two individuals per 
square metre). Aggregation and synchronised spawning can facilitate fertilisation success and there is 
evidence to suggest that reproduction in D. antillarum is linked to the lunar cycle (Bauer 1976; Iliffe 
and Pearse 1982). However, the evidence is based largely on measures of reproductive readiness 
rather than observations of natural spawning and the few studies that have witnessed spawning events 
report a surprising degree of asynchrony (Randall, Schroeder et al. 1964; Levitan 1988b). It is 
suggested that the species has lost the instinct for reproductive aggregation and synchronised 
spawning due to reduced selective pressure in the face of historically high population densities 
(Levitan 1988b).  
Gamete production in D. antillarum is positively correlated with individual size (Hunte, Cote et al. 
1986; Levitan 1988b; Levitan 1991) and urchin mean size is negatively correlated with population 
density (See Figure 4b (Hunte, Cote et al. 1986; Levitan 1991)). This means that depensatory density 
dependence through sperm limitation may be compensated for by an increase in gamete production at 
reduced population density. However, a comparison of these opposing pressures demonstrated that 
number and position of sperm source, i.e. population density, was more important for successful 
fertilisation than the amount of sperm available (Levitan 1991).  
Density independent factors may also affect fertilisation success. Increased current strength and local 
water turbidity have been shown to reduce fertilisation success and may have their greatest impact on 
small populations (Lauzon-Guay and Scheibling 2007), where sperm are quickly diluted and carried 
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away from the eggs of females. In addition, the initiation of spawning is dependent on water 
temperature (Randall, Schroeder et al. 1964).  
 
Figure 2.3 The relationship between population density and fertilisation success in Diadema 
antillarum. Figure taken from Levitan 1991. Regression calculated (by Levitan) from individual data 
points; log percent fertilisation = 0.72 log density (m-2) + 0.49, R2 = 0.72, p < 0.0001, n = 96. 
The literature provides evidence to suggest that fertilisation success in D. antillarum and sea urchins 
in general is depensatory density dependent due to sperm limitation at low population density 
(Levitan 1988d; Levitan 1991; Levitan and Petersen 1995). Post mortality population densities of D. 
antillarum frequently fall below one adult per square metre (Lessios 1988) and both experimental data 
and theoretical models suggest that fertilisation success at such a population density is extremely low 
(Pennington 1985; Levitan, Sewell et al. 1992; Lauzon-Guay and Scheibling 2007). Whether rates are 
reduced or whether fertilisation is prevented altogether will significantly influence the demographic 
impacts of this effect. Changes in spawning behaviour and local conditions relating to sea surface 
temperature and water turbidity are also likely to impact recovery dynamics (Randall, Schroeder et al. 
1964; Barnes, Crook et al. 2001).  
 The spatial scale of population connectivity 
Another key factor relating to the demographic impact of sperm limitation in D. antillarum concerns 
the spatial scales of population closure and connectivity and these have not been established for D. 
antillarum. The fact that D. antillarum may remain in the pelagic larval stage for up to 60 days 
suggests potential for long-distance dispersal and the results of a genetic study using neutral markers 
are consistent with a hypothesis of pan-mixia throughout the Caribbean (Lessios, Kessing et al. 2001). 
However, this does not mean that sub-populations are connected to an extent that is sufficient to 
impact local demographic rates since the dispersal of only a few individuals per generation is 
sufficient to maintain genetic homogeneity (Cowen and Sponaugle 2009). Recent research on many 
23 | P a g e  
 
other marine organisms with pelagic larvae has revealed that despite the potential for long-range 
dispersal and in spite of the absence of fine-scale genetic structure in neutral markers, populations are 
often demographically self-recruiting at relatively small scales (Gascoigne and Lipcius 2004; Palumbi 
2004; Cowen and Sponaugle 2009). Benthic invertebrates as a whole are now generally considered to 
have larval dispersal distances in a range of only 1 – 10s of kilometres (Palumbi 2004).  
No specific studies on the spatial scale of demographic population closure in D. antillarum have been 
conducted and circumstantial evidence is inconclusive. Settlement has been observed in locations, 
such as the Florida Keys (Nedimyer Pers. Comm.), where local adult population densities are 
extremely low (Chiappone, Swanson et al. 2002; Miller, Kramer et al. 2009), lending support to the 
idea that larvae are available from an external source. Having said this, studies in Barbados, St Lucia 
and Dominica report evidence consistent with a mechanism of local larval retention (Hunte, Cote et 
al. 1986; Hunte and Younglao 1988) and in Panama limited recovery has been attributed to a lack of 
larval supply (Lessios 2005).  
In summary, it seems that larval dispersal in D. antillarum is likely to be variable from sub-population 
to sub-population across the Caribbean and that the system is neither entirely open nor entirely closed. 
The degree to which a local population retains its own larvae or is subsidised from external sources is 
likely to have significant impacts on recovery dynamics. The demographic effects of an external 
larval supply will be explored using a modelling approach but should we hope to understand and 
make predictions about D. antillarum recovery across the Caribbean region then the quantification of 
dispersal distances and larval connectivity is an important avenue for continued research. 
Larval settlement 
Observational studies provide evidence for a positive correlation between juvenile and adult 
population density in D. antillarum (Hunte and Younglao 1988; Lessios 1988; Miller, Adams et al. 
2007). The propensity for juveniles and adults to be found together in population patches (Lessios 
1988) could simply reflect patchiness in larval supply driven by oceanographic conditions. However, 
the potential for a long-lived dispersing larval stage make it necessary to consider mechanisms for 
preferential larval settlement and the existence of a depensatory density dependent process affecting 
settlement rates.  
A review of larval settlement in benthic marine invertebrates indicates a potentially large number of 
settlement cues, from conspecific and prey species cues to habitat properties and shape (Rodriguez, 
Ojeda et al. 1993). The presence of conspecifics induces larval settlement in the sand dollar 
Dendraster excentricus, where juveniles benefit from settling in existing sand dollar beds because 
adult behaviour excludes a key juvenile predator Leptochelia dabia  (Highsmith 1982). In D. 
antillarum, evidence for conspecific cues is limited. In fact, there are no studies which focus on the 
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cues required to induce D. antillarum larval settlement at all. Bak’s study of larval settlement rates in 
Curacao provides some insights, but suggests that the presence of conspecifics does not underlie 
settlement preferences (Bak 1985). Having said this, the study was not designed with a primary aim to 
identify settlement cues and represents only two study sites and a small sample size. Aggregation of 
D. antillarum facilitates fertilisation success (Levitan 1991) and is likely to play a role in predator 
avoidance (see below), thus there may be some selective pressure for larvae to settle in close 
proximity to adults, and it is feasible that mechanisms exist to facilitate such behaviour. Furthermore, 
a preference for juvenile D. antillarum to associate with adults post settlement (Hunte, Cote et al. 
1986; Hunte and Younglao 1988) provides some evidence of an ability to detect chemicals released 
by conspecifics.   
Settlement cues may also come from the habitat itself, from algal and bacterial films (Cameron and 
Hinegard.Rt 1974) to crustose coralline algae (CCA; (Pearce and Scheibling 1991)) and substrate 
contours (Rodriguez, Ojeda et al. 1993; Lamare and Barker 2001). In D. antillarum, observational 
evidence suggests a settlement preference for structural complexity (Hunte, Cote et al. 1986) and the 
plates developed by Bak which successfully attracted settlers were indeed complex in their structure, 
providing numerous artificial crevices and contours. In addition, Bak reports that larval settlement 
was greater on settlement plates that were “clean” and free from filamentous algae (Bak 1985). Due to 
the intense grazing and bio-eroding behaviour of D. antillarum, populations prior to the mass 
mortality event and those showing signs of recovery since, are associated with habitat that is low in 
macroalgae and high in structural complexity and CCA (Sammarco, Levinton et al. 1974; Macia, 
Robinson et al. 2007; Myhre and Acevedo-Gutierrez 2007). If these attributes are preferable to D. 
antillarum larval settlement then there could be a depensatory density dependent effect on D. 
antillarum settlement rates associated with a process of habitat cultivation. At low D. antillarum 
population density, reduced herbivory and bio-erosion leads to overgrowth of reefs by macroalgae 
which, in turn, results in reduced structural complexity which may lead to reduced rates of larval 
settlement.  
Though evidence is scarce concerning the drivers of larval settlement in D. antillarum, observational 
studies and insights from similar benthic marine invertebrates suggest that larval settlement could be 
depensatory density dependent through mechanisms of reduced conspecific cues and cultivation of 
desirable settlement habitat.  
Body growth 
D. antillarum exhibit a general pattern of rapid growth in early life phases followed by slow growth 
throughout adulthood (Lewis 1966), a pattern that can be described fairly well by a standard Von 
Bertalanffy growth function (VBGF). Due to difficulties in tagging and aging D. antillarum, the best 
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data for estimating growth rates in the species is size frequency data. Karlson and Levitan (1990) 
collected size frequency data at five sites in Lameshur Bay, St John over five consecu
and two winters and identified 52 distinct size classes which were clearly present in successive 
censuses. By creating a Walford plot of body sizes in successive years (Figure 2.4a) and fitting a 
regression equation, they were able to estimate
rate per year (0.71yr-1, the negative natural logarithm of the regression slope) and 
size (95.09mm, the maximum value of the regression line on the Walford plot).  The resulting VBGF 
is shown in Figure 2.4b. 
a.
Figure 2.4 (a). Walford plot for five populations of 
John, surveyed in 1984-1988. Mean body
cohorts. Also plotted are the linear regression line 
no growth (Plot taken from Karlson and Levitan, 1990)
parameterised for D. antillarum demonstrating rapid growth of 
throughout adulthood. The parameters used to fit the model (rate of increase 
size S∞ = 95.09) are calculated from the regression of the Walford plot in (a).
 
Growth is largely determined by energy
density dependence, growth rates tend to be most influenced by compensatory effects. At low 
population density, resource competition is low and individual growth rates are high.
population densities are high however, resources become limited, intraspecific competition increases 
(Macia, Robinson et al. 2007) and growth rates and asymptotic size decline 
Experimental evidence and field data show that low population density results in increased growth 
rates and asymptotic sizes in D. antillarum
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Levitan 1988c; Karlson and Levitan 1990). Figure 2.5 shows a plot of mean D. antillarum test 
diameter in response to population density across a number of different studies in the Caribbean. It is 
acknowledged that the inverse relationship depicted by Figure 2.5 comes from a meta-analysis of 
different studies whose individual data points do not depict the exact same pattern. However, data 
points within each study do show inverse relationships with varying steepness of slopes (See 
individual studies). 
D. antillarum exhibit indeterminate density dependent growth  which means that when resources 
become limited, individual growth rates not only slow, but individuals in fact shrink in size to 
conserve energy necessary for maintenance and use in continued reproductive effort (Levitan 1989). 
Through this mechanism, populations can reach much higher densities than could be maintained in 
other species where decreasing resource availability would result in starvation or cessation of 
reproduction.  
 
Figure 2.5 The inverse relationship between mean test size and population density determined by 
multiple studies of D. antillarum and representing compensatory density dependence in growth (b).   
Resource availability is driven not only by intraspecific competition but can also be affected by a 
number of density independent ecosystem characteristics. Algal productivity will likely be influenced 
by environmental conditions including water temperature, pH, light availability and nutrification. 
Prior to the mass mortality event it was noted that D. antillarum populations were greatest in locations 
exhibiting high algal productivity due to nutrification from sewage (Bauer 1980). In addition, a recent 
study of nutrient enrichment on coral reefs provides evidence that D. antillarum have a preference for 
locations with enhanced algal productivity (Furman and Heck 2008). Resource competition is also not 
limited to conspecifics. Herbivorous fish and other sea urchin species are known competitors with D. 
antillarum (Hay and Taylor 1985) and their abundance has the potential to influence D. antillarum 
population dynamics through reductions in individual growth rates and asymptotic size. Since the 
27 | P a g e  
 
mass mortality of D. antillarum, there have been reports of increased abundances of herbivorous fish 
and other sea urchins perhaps as a result of release from resource competition (Carpenter 1990b).  
Body growth in D. antillarum is compensatory density dependent. Therefore, in the absence of other 
factors, reduced population density will only act to increase individual growth rates and sizes since 
the mass mortality event. However, if herbivorous fish and other sea urchin species have increased in 
abundance since the mass mortality event, then resource competition will have increased with the 
potential to cause an overall reduction in growth rates and asymptotic sizes of D. antillarum. The 
consequences, of course, would be a reduction in the recovery potential of the latter. 
Mortality 
Mortality of D. antillarum is assessed to be primarily affected by predation which may act in a density 
dependent manner and by various density independent ecosystem characteristics including water 
temperature, salinity, pH and desiccation (Ogden and Carpenter 1987). In addition, there is the 
potential for disease and although the possibility remains that the disease-causing pathogen 
responsible for the 1983 mass mortality event remains in the Caribbean, the lack of reports of any sick 
or dying urchins suggests that it is not the primary reason for the apparent lack of population 
recovery. For the purpose of understanding recovery dynamics, the focus of this review will be on 
predation as the key cause of mortality. 
Predation on D. antillarum has been rarely witnessed in the field and predation mortality rates due 
specifically to predation have not been quantified. The best available  information comes from a study 
which used stomach content analysis to identify at least 15 fish species and a number of invertebrates 
as predators of D. antillarum (Randall, Schroeder et al. 1964). More recent discussions suggest that 
this list may be much larger, though the extent to which each predator relies upon D. antillarum as a 
food source is unknown (Bruno, J., What eats Diadema? Coral-List discussion, January 2010, 
http://coral.aoml.noaa.gov/pipermail/coral-list/2010-January/039593.html). Whomever the key 
predators may be, the behaviour of D. antillarum both pre-mortality and post-mortality suggests that 
predation poses a significant risk(Randall, Schroeder et al. 1964; Carpenter 1984). Diadema 
antillarum take refuge in reef crevices during daylight hours when visually hunting fish predators are 
most active and emerge at night in aggregations to graze (Carpenter 1984). Cryptic behaviour is more 
marked in locations exhibiting higher densities of potential fish predators (Carpenter 1984) and sea 
urchin abundance tends to be higher in locations where predators have been overfished (Ogden and 
Carpenter 1987; Harborne, Renaud et al. 2009). Furthermore, D. antillarum show a preference for and 
are more abundant in structurally complex habitats which provide a greater abundance of refuges (Lee 
2006). Increases in structural complexity are linked to decreases in predation risk in sea urchins (Hunt 
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and Scheibling 1997; Hereu, Zabala et al. 2005) and a recent study in Curacao showed that the 
addition of artificial refuges promotes the survival of translocated D. antillarum (Dame 2008).  
A tethering experiment with Diadema aff. antillarum in the Mediterranean demonstrated that 
predation mortality rates were highly size specific with smaller sea urchins experiencing high levels 
of mortality, but a size refuge beyond which predation was negligible (Figure 2.6 (Clemente, 
Hernandez et al. 2007)). If a pattern of size specific predation holds true for D. antillarum it would 
account for the increased cryptic behaviour of juvenile sea urchins (Ogden and Carpenter 1987) and 
the low levels of mortality calculated from size distribution data (Karlson and Levitan 1990) which 
rarely incorporate the smallest size classes. 
 
Figure 2.6 The relationship between predation mortality and test size in Diadema aff. antillarum 
derived from a tethering study in the Canary Islands (Clemente, Hernandez et al. 2007). Clemente’s 
study provided data on the proportion of individuals within each size class that were preyed upon over 
a 5 day period and annual mortality rates were calculated using these values.  
Mortality, as a consequence of predation may act in a density dependent manner that may be 
compensatory (e.g., due to limited refuges and predator functional, aggregation and numerical 
responses) or depensatory (due to habitat cultivation or refuge provision by larger sea urchins).  
Although this has not been studied in D. antillarum specifically, there is widespread evidence for 
strong, compensatory density dependent mortality at or just after the time of settlement in marine 
invertebrates including other sea urchins (Lopez, Turon et al. 1998). In the case of D. antillarum, 
there are two mechanisms that may give rise to depensatory density dependence in predation mortality 
through their impact on predation refuges. Predation refuges for D. antillarum come in two forms, 
biotic and abiotic. Outside of reef crevices, D. antillarum take refuge from predation through 
aggregation (Randall, Schroeder et al. 1964). Furthermore, the spine canopy of adult D. antillarum 
provides a refuge for numerous juvenile fish and invertebrates (Randall, Schroeder et al. 1964) and 
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though it has not been specifically tested, it seems feasible that the spine canopy may also be an 
important refuge for juveniles of its own species, a behaviour exhibited in Strongylocentrotus 
franciscanus  (Nishizaki and Ackerman 2007). Studies have shown that juvenile D. antillarum 
preferentially associate with adult urchins rather than be alone (Hunte, Cote et al. 1986; Hunte and 
Younglao 1988) and that juvenile survival is increased by the presence of adult urchins (Miller, 
Adams et al. 2007).  
The availability of abiotic refuges such as reef crevices, may also be subject to density dependence; 
both depensatory through habitat cultivation and compensatory through resource competition. 
Diadema antillarum are significant bio-eroders of reef substratum and it is feasible that an established 
population cultivates predation refuges in their habitat through bio-erosion of the reef substratum, 
promoting structural complexity directly and also indirectly through increased coral recruitment.  
Predation mortality rates are also influenced by density independent factors which may have changed 
since the 1983 mass mortality event.  A recent meta-analysis demonstrates that the abundance of reef 
fish has declined dramatically in the Caribbean region over the past three decades (Paddack, Reynolds 
et al. 2009). This decline may have a positive impact on D. antillarum recovery, especially since 
invertivores show some of the most significant signs of decline. However, another meta-analysis has 
demonstrated a significant decline in reef structural complexity over the same time period (Alvarez-
Filip, Dulvy et al. 2009). This environmental change is of much greater concern for D. antillarum 
recovery since it represents a reduction in refuge availability and the potential for increased predation 
mortality rates, especially in locations which are now protected from overfishing pressure. 
Predation mortality is likely to play a significant role in the population dynamics of D. antillarum. 
Predator abundance and refuge availability are factors that will vary; in a density independent manner, 
determined by local drivers unrelated to sea urchin density, in a depensatory density dependent 
manner determined by decreased refuge availability from aggregation, spine canopy and habitat 
cultivation and in a compensatory density dependent manner determined by predator attraction and 
refuge resource competition. Our understanding of predation mortality in D. antillarum is very limited 
and more work is required to disentangle and quantify these effects. The demographic impact of 
depensatory density dependence in predation mortality rates driven by reduced aggregation, spine 
canopy refuge and habitat cultivation of refuges and density independent increase in predation 
mortality rates driven by an overall reduction in reef complexity and refuge availability will be 
explored with the aid of the population dynamic model for D. antillarum.  
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Population dynamics model 
To explore the demographic impacts of the processes here described, a combined population 
dynamics and grazing impact model was produced for D. antillarum. This section details the model 
functions and is followed by an explanation of how each function was parameterized. 
Population dynamics are described by a size-structured, projection matrix model (Shepherd 1987; 
Lorenzen 1995) in which the sea urchin population is divided into size classes such that the 
population density at time t, is represented by a vector n, of densities-at-size. The equation that 
computes this vector for time t + dt is:  
 
)( ttdtt rnGSn +=+    (1) 
 
where n is the population density per m2 in the given size class, G is a growth projection matrix, S is a 
survival matrix and r is a vector of new recruits. Each of the values of G, S and r are dependent on 
population density and / or density independent factors. 
Recruitment 
The number of new recruits r, added to the population at each time step is determined by two factors: 
1). larval supply (the availability of competent larvae in the water column) and 2). larval settlement 
(the probability that available larvae will settle).  
Larval Supply 
Larval supply is described in two distinct ways; 1). a stock-recruitment function which relates larval 
production to local adult biomass density and 2). a density-independent constant larval supply ls. The 
stock-recruitment function allows for the exploration of the demographic implications of depensatory 
density dependence in fertilisation success, under the assumption that populations are closed and do 
not receive larvae from an external source. Density-independent larval supply assumes that 
populations are regionally open and recovery dynamics are explored under a range of external larval 
supplies.  
The stock recruitment function is the product of two elements; 1). a depensatory curve representing an 
increase in fertilization success with increasing spawner biomass density and 2). a compensatory 
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curve which functions to limit larval supply to a defined maximum (equal to that of density-
independent larval supply). The function acts such that the number of larvae per unit of adult biomass 
ru, is dependent on local adult biomass density Ba, 
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where z represents maximum fertilization success, q represents the slope of the depensatory curve, u 
represents the location at which the depensatory curve is strongest, a represents the maximum number 
of larvae per unit of adult biomass density Ba and c represents the slope of the compensatory curve. 
Larval settlement 
Larval settlement in the model population described the probability that available competent larvae 
would settle and recruit into the population. To explore the implications of conspecific settlement cues 
and habitat cultivation relating to macroalgal abundance, settlement probability was described by two 
parameters, S1 and S2. S1 is a function of sea urchin biomass density Ba and acts to increase settlement 
probability with increasing biomass density representative of conspecific cues:   
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where l represents the slope of the curve and m, the location of the slopes’ effect.  
S2 is a function of macroalgal biomass A, and acts to decrease settlement probability as macroalgal 
biomass increases.  
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where n represents the slope of the curve and p, the location of the slopes’ effect. 
  
32 | P a g e  
 
Grazing 
Incorporating an effect of macroalgal biomass on larval settlement probability required the inclusion 
of a simple biomass dynamic model for macroalgal growth and urchin grazing. A non-linear 
Gompertz model was used to represent the relationship between macroalgal biomass density and D. 
antillarum biomass density, in which macroalgal biomass, A at time t was represented by:  
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where A∞, represents the carrying capacity of macroalgal biomass, v the maximum production rate of 
macroalgae, and g the proportion of macroalgal biomass consumed per unit of urchin biomass density, 
B.  
Body Growth 
Individual body growth in the model population was described by a Von Bertalanffy Growth Function 
(VBGF) such that sea urchin test diameter D, at time t, is a function of urchin growth rate, k 
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where D∞ is the asymptotic size.  
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The growth model was extended such that asymptotic size was density-dependent. This relationship 
was chosen to reflect experimental evidence for reductions in sea urchin size at high population 
density (Figure 2.4b). The density-dependent model is described by Lorenzen (Lorenzen 1996) and 
modified by Ish (Ish 2003) and behaves such that asymptotic size D∞ is a non-linear function of sea 
urchin density U: 
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where D∞L is the limiting asymptotic diameter in the absence of resource competition, d is the 
competition coefficient and U0 is the steady state population density where density dependent growth 
has no effect on asymptotic size. The contact j, was used to shift the function up the y-axis due to the 
fact that the other parameters were estimated using experimental data relating mean, rather than 
maximum D. antillarum test diameter to population density (see section on model parameterisation 
for more details).   
An additional constant h was included so that the function could be shifted up and down on the y-axis 
to reflect density independent changes in growth and asymptotic size driven by the density 
independent ecosystem characteristics of competitor abundance or resource availability (See Figure 
2.13). The growth rate equation was used to produce the growth projection matrix G, described by 
(Shepherd 1987). 
Mortality 
Annual mortality rate M, in the model population is the sum of size-dependent baseline mortality 
excluding predation Mb, and mortality due specifically to predation Mp:  
 
21PPMMM pb +=    (8) 
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To allow for the exploration of the demographic impact of a depensatory density dependent predation 
refuge effect, predation mortality Mp,  is moderated by the parameter P1 which is a function of adult 
surface area X such that:  
 
)(1 1
1
sXre
P
−+
=    (9) 
where r represents the slope of the curve and s, the location of the slopes’ effect. 
The moderation works so that ultimately, predation risk declines as adult surface area and thus spine 
canopy increases. Predation mortality is also modified by the constant P2, which allows for the 
exploration of a density independent change in predation risk, e.g., due to predator abundance.  
Baseline mortality Mb, is an inverse function of individual size, D (Lorenzen 1996):  
 
b
r
rb D
DMM 





=
   (10) 
 
such that Mr represents the annual mortality rate at reference size Dr, and b is the allometric scaling 
coefficient. 
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Model Parameterisation 
Experimental data describing vital rates of reproduction, growth and mortality in D. antillarum are 
surprisingly rare within the existing literature. This is attributable to factors including; a general 
shortage of D. antillarum to study since the mass mortality event (incidentally, the point at which 
most research on the species began) (Lessios 1988) and notorious difficulties in effectively tagging 
sea urchins (Levitan and Genovese 1989), finding and identifying highly cryptic small size classes 
(Karlson and Levitan 1990) and accurately aging individuals who can both shrink and grow 
throughout their lifetime (Levitan 1988c).  
Throughout the modelling process, the scarcity of available experimental data with which to confront 
model patterns and functions has proved a challenge. Wherever possible, existing survey or 
experimental data were used to parameterise model functions but it should be noted that a number of 
functions are not derived from such data. Rather, with the insight and knowledge gained from the 
extensive review of the D. antillarum literature, sensible and informed assumptions have been made 
where necessary. In any case, the model is not used, nor intended to be used to make quantitative 
predictions about D. antillarum recovery. It is simply a tool with which to explore and visualise the 
demographic impacts of the large number of different processes hypotheses concerning the slow 
recovery of D. antillarum following the mass mortality event of 1983.  
Table 2.1 provides a full list of the parameters used in the model as well as descriptions of their 
ecological meanings where appropriate. Parameters in black are held constant throughout the 
modelling process and are, in general those which have been derived from data. Parameters in 
different colours are those that are varied to explore the impact of the shape and strength of different 
functional relationships for which data are scarce or non-existent, with those coloured blue 
representing values used in the basal run. The remainder of this section details the functions used 
within the model with their associated parameters, and provides necessary justification for the 
parameterisation used. 
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Table 2.1 List of parameters used in a combined population dynamic and grazing impact model of 
Diadema antillarum. Parameters in black are held constant throughout the modelling process, 
parameters in blue are used in the basal run, parameters in orange and red are systematically varied to 
assess the sensitivity of population dynamics to changes in density dependent process functions and 
parameter ranges in green are constants which infer density independent processes. 
Parameter Value(s) Description 
z 1, 0.5, 0.5 Maximum fertilization success 
q 0, 0.02, 0.05 Slope of depensatory curve in stock recruitment relationship 
u 0, 130, 250 Location of depensatory effect in stock recruitment relationship 
a 0.1 Maximum recruits per unit of spawner biomass density 
c 0.01 Slope of compensatory curve in stock recruitment relationship 
l 0.43, 1.25 Slope of logistic curve relating settlement to population biomass density 
m 2.15, 4.3 Location of slope relating settlement to population biomass density 
n 0.06, 0.11 Slope of logistic curve relating settlement to algal biomass density 
p 95, 55 Location of slope relating settlement to algal biomass density 
v 1.198 Maximum exponential macroalgal growth rate 
A∞ 102.5 Macroalgal biomass carrying capacity 
g 0.0026 Proportion of macroalgae eaten per unit of urchin biomass density 
K 0.71 Urchin VBGF growth rate 
D∞ 95.09 Asymptotic test diameter 
DL 55.978 Maximum mean test diameter from field results 
D 0.048 Growth competition coefficient 
U0 1.752 
Steady state population density at which density dependent growth does not 
affect asymptotic size 
j 39.112 Difference between maximum mean size and asymptotic size 
Mr 0.36 Annual mortality rate at reference size Dr 
Dr 66.95 Reference diameter for natural mortality 
b -1 Allometric scaling factor for size dependent mortality 
r 
0.00015, 
0.000127, 
Slope of logistic curve relating predation risk to adult surface area 
s 41715, 56000, Location of slope relating predation risk to adult surface area 
ls 1 - 10  Density independent larval supply 
h -10, - 15, 0 
Density independent change in growth representative of resource availability 
or competition 
P2 0, - 1.2, 1 
Density independent predation mortality, representative of predator 
abundance 
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Recruitment 
Larval Supply 
For the function which depicts larval supply to the model population, parameters are not directly 
estimated from experimental data but are chosen to reflect the only existing data on fertilisation 
success in D. antillarum which suggests that it falls rapidly below a population density of two adults 
per square metre (Figure 2.3; (Levitan 1991)). The function used in this model was based on biomass 
density rather than population density so that it could simultaneously encompass an increase in 
gamete production with increased sea urchin test size and consequently, parameters were set such that 
larval production begins to rapidly decline below an adult sea urchin biomass of 200gm-2. This is the 
biomass of two adults with an average test size of 55cm2 (the average size of urchins used in 
Levitan’s study).  
Parameters controlling the compensatory part of the function are fixed so that the maximum larval 
supply is around 4.8 individuals per square metre. This value was chosen because it was the average 
density of new recruits observed biweekly in Curacao prior to the mass mortality event (Bak 1985), 
and is the only available estimate of a healthy larval supply. The model time step was set to biweekly 
intervals to facilitate the use of this parameter.  
To explore the demographic impact of strong and weak depensatory density dependence in 
fertilisation success, a range of parameters were explored which determined the slope and location of 
the depensatory function. Figure 2.7 shows functions for alternative “weak (orange)” and “strong 
(red)” parameter sets investigated. A density-independent external larval supply, representative of an 
open population system in which larvae are not limiting is also depicted on Figure 2.7. This is 
constant across all population densities and in this case, is equivalent to the maximum number of 
larvae resulting from the stock recruitment curve (4.8 individuals per m2).  
To explore how variation in density independent external larval supply affects population dynamics, 
the constant representing this process is considered within the range of 1 and 10 available larvae per 
m
2
 biweekly. 
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a.  b.  
Figure 2.7 a). Functions depicting the relationship between biomass density of spawning adults and 
reproductive output under circumstances of no depensatory density dependence (blue), weak 
depensatory density dependence (orange) and strong depensatory density dependence (red), and b). 
the resulting larval supply based on these relationships along with a density independent constant 
(dashed black). The equation for the function can be found on page 31 (2) and the parameters used 
can be matched by colour with Table 2.1. 
Larval Settlement 
Rolf Bak’s study of larval settlement rates in Curacao in 1982 provides the only published 
information pertaining to the relationship between D. antillarum larval settlement and population 
density, or algal abundance. However, even these data are scarce as only two separate sites with 
differing population densities were examined. Furthermore, the relationship between settlement and 
algal abundance was reported only as a qualitative observation (Bak 1985).  
For the relationship depicting settlement probability (from 0, no settlement, to 1, settlement of all 
available larvae) as a function of population density in this model, a logistic curve was used. The 
assumption was made that beyond a population of ~ 12 individuals per m2 (considered to be a high 
population density prior to the mass mortality event (Edmunds and Carpenter 2001), settlement cues 
would not be limiting. Two alternative slopes were then explored; the first passes through the two 
available data points from Rolf Bak’s study in Curacao, and the second represents a stronger effect in 
which settlement probability declines to zero if the population density reaches zero (Figure 2.8). In the 
basal model run there is no depensatory density dependence in larval settlement and the probability of 
settlement S1 is therefore always one. 
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Figure 2.8 Functions depicting the relationship between Diadema antillarum population density and 
larval settlement probability relating to no depensatory density dependence (blue), weak depensatory 
density dependence (orange) and strong depensatory density dependence (red). The equation for the 
function can be found on page 31 (3) and the parameters used can be matched by colour with Table 
2.1. 
 
There are no available data to parameterise the relationship between settlement probability S2 and 
macroalgal biomass density. The chosen model function and parameters make the assumption that 
settlement probability will be one when algal biomass density is zero, and are otherwise chosen to 
reflect weak (some settlement at high macroalgal biomass density) or strong (no settlement at high 
macroalgal biomass density) effects of macroalgae on settlement, within the range of macroalgal 
biomasses possible in a model run (Figure 2.9). In the basal model run there is no depensatory density 
dependent cultivation effect and the probability of settlement S2 is therefore constant, at one, across 
the full range of macroalgal biomass densities. 
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Figure 2.9 Functions depicting the relationship between macroalgal biomass density and Diadema 
antillarum larval settlement probability relating to no depensatory density dependence (blue), weak 
depensatory density dependence (orange) and strong depensatory density dependence (red). The 
equation for the function can be found on page 31 (4) and the parameters used can be matched by 
colour with Table 2.1. 
Grazing 
In order to explore the demographic impact that macroalgal overgrowth could have on D. antillarum 
(via reduced settlement probability), it was necessary to include a simple macroalgal growth and D. 
antillarum grazing function into the population dynamic model. The grazing impact of D. antillarum 
is thought to be non-linear across the range of D. antillarum densities observed, such that areas with a 
D. antillarum population in excess of one individual per m2 are typically grazed to turf algae, with an 
almost complete lack of macroalgae (Mumby, Hedley et al. 2006).  
With this non-linearity in mind, a dynamic Gompertz function was chosen to the relationship. To 
parameterise the Gompertz function, estimates of the maximum exponential macroalgal production 
rate v, macroalgal biomass carrying capacity A∞ and proportion of macroalgae eaten per unit of sea 
urchin biomass density g, were required.  
To estimate the maximum growth rate of macroalgae, an grazing exclusion experiment carried out in 
Jamaica before the mass mortality event was used (Sammarco 1982a). This study was chosen because 
Jamaica tends to be the Caribbean location with perhaps the greatest rates of macroalgal growth 
(Liddell and Ohlhorst 1986; Hughes 1994; Aronson and Precht 2000). This was also a multi-year 
study which excluded grazing and thus allowed for extensive macroalgal growth. Log-macroalgal 
biomass under a treatment which excluded all urchin grazing was plotted against time (in years) and a 
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linear model was fitted (Figure 2.10a). It is acknowledged that the resulting estimate is somewhat 
unreliable since it is based on only two data points but for the purposes of this exploratory model, it 
provides an adequate representation. 
 
Figure 2.10 The maximum exponential growth rate of macroalgae in the absence of urchin herbivory, 
estimated from data presented in Sammarco 1982a.   
 
To estimate the remaining values for macroalgal biomass carrying capacity A∞, and the proportion of 
macroalgae eaten per unit of sea urchin biomass density g, the previously estimated value for 
exponential macroalgal growth v (1.198), was used to fit a static version of the Gompertz function to 
field data on the relationship between D. antillarum biomass density B, and macroalgal biomass 
density A.  
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Data were taken from multiple studies both before and after the mass mortality event, in order to 
incorporate as wide a range of D. antillarum biomass densities as possible (Sammarco 1982b; 
Hughes, Reed et al. 1987; Carpenter 1990a) (Figure 2.11). The model was fitted using a method of 
non linear least squares regression and parameter estimates were as follows; A∞ = 102.5 (±22.57) and 
g = 0.0027 (±0.006).  
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Figure 2.11 Field data from three studies (Sammarco 1982a; Hughes et al, 1987 and Carpenter 
1990a) showing the non-linear relationship between macroalgal biomass density and Diadema 
antillarum biomass density. The relationship is fitted with a static Gompertz function in which; 
Macroalgal biomass density = 102.5 (±22.57) e(-0.0027(±0.006) / 1.198* D. antillarum biomass 
density.   
Body Growth 
Parameters for the standard Von Bertalanffy Growth Function (VBGF) were taken from Karlson and 
Levitan 1990, where they were calculated from size frequency data collected over five consecutive 
years in St John (See Figure 2.4; D∞ = 95.09 and K = 0.71). 
To estimate parameters for the extended density dependent growth model (p37, equation 7), the 
function was fitted to a meta-analysis of various studies relating mean sea urchin test diameter to 
population density (Figure 2.12a). Again a meta-analysis was necessary to incorporate the full range 
of D. antillarum population densities that could occur in the model. Mean sea urchin test diameter 
was used because there were no such available data for maximum test diameter and the model was 
fitted using a method of non linear least squares regression with parameter estimates as follows; D∞L = 
55.98(±3.57), d = 0.048 (±0.013) and U0 = 1.75 (±4.60).    
As a consequence of fitting the function to data on mean rather than asymptotic test diameter, it was 
necessary to modify it with the addition of the constant j, which shifted the function up the y-axis so 
that it was representative of the same density dependent pattern for asymptotic size (Figure 2.12b). In 
line with estimates of asymptotic size from Karlson and Levitan (1990), j is the difference between 
the estimated maximum mean test diameter from the model fit (55.98) and the calculated asymptotic 
test diameter reported in the size frequency analysis data (95.09). 
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a. b.  
Figure 2.12 a). Field data from five studies (Carpenter 1984, Hunte, Cote et al 1986, Karlson and 
Levitan 1990, Levitan 1988a and Levitan 1988c) showing the non-linear relationship between 
Diadema antillarum mean test diameter and population density. The relationship is fitted with a non 
linear function in which: Mean test diameter = 55.98(±3.57) / (1 + 0.048 (±0.012)*D. antillarum 
population density* (D. antillarum population density2 / D. antillarum population density2 + 1.75 
(4.60)2).b). The same function with the addition of the constant j, to shift the function up the y-axis to 
represent density dependence in D. antillarum asymptotic test diameter.  
To explore the demographic effect of reduced asymptotic test diameters and body growth rates 
associated with a density independent change in resource availability (e.g., in a location with elevated 
resource competition), the density dependent D. antillarum growth function includes a further 
additional constant h. A range of values of h were explored in model runs and Figure 2.13 
demonstrates how the parameter is able to create both a reduction in asymptotic size a), and in growth 
rate b).  
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a. b.  
Figure 2.13 a). The relationship between Diadema antillarum population density and maximum test 
diameter altered by the addition of a constant h, which represents either an overall reduction or 
increase in test diameter across all population densities, caused by a change in resource availability 
(e.g., through resource competition). b). Von Bertalanffy Growth Functions for D. antillarum, 
generated using asymptotic test diameters as depicted in a), showing how growth rate is also altered 
by the additional parameter. Blue functions indicate the basal run for the D. antillarum population 
dynamic model. Parameter values can be found in Table 2.1. 
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Mortality 
For the function depicting the baseline mortality of D. antillarum Mb (Figure 2.14a), parameters Mr 
and Dr were taken from Karlson and Levitan (1990), and the allometric scaling parameter b, was 
assumed to be -1, as described by Lorenzen (1996).  Predation mortality, Mp is a vector of values that 
describes size-dependent predation mortality. In the absence of any such data for D. antillarum, these 
values are taken from a tethering study carried out by Clemente, Hernandez et al. (2007) in The 
Canary Islands, which used the Mediterranean sister species of D. antillarum. In model runs, total 
predation mortality was therefore the sum of these two functions (Figure 2.14b). 
a. b.  
Figure 2.14 Functions depicting the natural baseline mortality rate of Diadema antillarum in relation 
to body size. a). using the model of Lorenzen (1996) parameterized from size distribution data 
(Karlson and Levitan 1990) and b). the total annual mortality rate which is a product of baseline 
mortality and size dependent predation mortality taken from Clemente, Hernandez et al. (2007). 
There were no available data to inform the parameterisation of the relationship between predation risk 
P1 and D. antillarum adult surface area. There have been no studies which have observed or 
quantified juvenile predation in the presence, or indeed absence of adult urchins. The logistic function 
chosen to represent the relationship was therefore parameterised to explore a general weak (where 
predation still occurs even at the highest population densities / adult surface areas) and strong (where 
there is very little predation of juveniles when adult population densities / surface areas, are very high) 
density dependent refuge effect (Figure 2.15).  
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Figure 2.15 Functions depict relationships between Diadema antillarum adult surface area (or spine 
canopy) and predation risk probability relating to no refuge effect (blue), weak depensatory density 
dependence (orange) and strong depensatory density dependence (red). The equation for the function 
can be found on page 33 (9) and the parameters used can be matched by colour with Table 2.1. 
  
47 | P a g e  
 
To explore the demographic impact of a density independent change in predation mortality driven by 
predator abundance, the constant P2 is used to shift the predation function up and down (Figure 2.16). 
 
Figure 2.16 Functions depicting the relationship between predation mortality and test diameter in 
Diadema aff. antillarum derived from the tethering study of Clemente, Hernandez et al., (2007) and 
how the predation mortality is modified by the constant P2 which represents density independent 
predator abundance. The blue function indicates the basal run for the D. antillarum population 
dynamic model. Parameter values can be found in Table 2.1. 
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Results 
Demographic impacts of biological/ecological processes 
The model was used to explore the impacts of possible depensatory density dependent processes and 
density-independent characteristics identified in this review of D. antillarum recovery dynamics, in 
particular:  
1. Depensatory density dependence in fertilisation success / larval supply 
2. Density dependent versus density independent larval supply 
3. Depensatory density dependence in larval settlement driven by conspecific cues 
4. Depensatory density dependence in larval settlement driven by a habitat cultivation effect in 
which macroalgal abundance reduces larval settlement and grazing decreases macroalgal 
abundance. 
5. Depensatory density dependence in predation refuge availability driven by the spine canopy 
refuge. 
6. Density independent external larval supply representative of larval connectivity 
7. Density independent predation mortality representative of predator abundance and / or habitat 
structural complexity (abiotic refuge availability) 
8. Density independent resource availability representative of herbivorous competitor abundance 
and / or algal productivity 
 
The population dynamic model was allowed to run to a stable equilibrium and then a mass mortality 
event was simulated, in which there was a 95% reduction in population density across all size classes. 
The basal run of the model incorporates no depensatory density dependence in larval supply, larval 
settlement or predation refuge and no changes in density independent characteristics (Figure 2.17, 
beginning just before the mass mortality at 50 years). For the list of model parameters, see Table 2.1. 
All parameters in black, and where options exist, parameters in blue are used in the basal model run.  
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Figure 2.17 Population dynamic model outputs predicting recovery dynamics of Diadema antillarum 
following a mass mortality event which decreased the population density by 95% in all size classes (at 
50 years). In this, the basal run of the model there were no depensatory density dependent processes. 
The elbow-shape of the recovery dynamic is driven by an interaction between density dependent 
growth and size dependent reproduction and mortality.  
The basal model predicted that in the absence of depensatory density dependence or density 
independent changes in ecosystem characteristics, it would take between 25 and 30 years for the D. 
antillarum population to fully recover. The elbow-shape of the recovery dynamics, and the abrupt 
maximum density reached are the result of interactive demographic effects of density dependent 
growth and asymptotic size (with the capacity for individuals to shrink in size at high population 
density), size dependent mortality and biomass dependent reproductive output. The population begins 
to grow exponentially, at a rate determined by biomass dependent recruitment. Population growth rate 
starts to decline due to density dependent growth, with individuals being forced to shrink into the 
smaller size classes where their reproductive output decreases and / or their mortality rates increase. 
However, because mortality rates are generally low in adults (see Figure 2.14), population densities in 
the largest size classes begin to build up as individuals grow and the population as a whole increases 
once again. The abrupt maximum is reached when any additional recruitment, possible through 
increased reproductive output, becomes ineffectual due to the high mortality rates experienced by the 
smallest size class. 
It is acknowledged that the shape of the recovery trajectory is somewhat unusual and sadly there 
exists no (known) long-term dataset of sea urchin population dynamics which is extensive enough, or 
shows significant recovery, with which to test its shape for realism. The patterns predicted by the 
model are largely the result of multiple, complex density dependent processes interacting within the 
model framework though the secondary increase in recovery due to effects of density dependent 
growth does seem feasible. In any case, the main interest in model predictions is the initial rate of 
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population increase and the population carrying capacity, both of which are influenced by population 
density and ecosystem characteristics.  
Depensatory density dependence in fertilisation success / larval supply 
Under the assumption that populations are closed and that larval supply is determined by local 
adult population densities, both weak and strong depensatory density dependent processes in 
larval supply (indicative of reduced fertilisation success at low population density) cause 
populations to decline to extinction following a mass mortality event (Figure 2.18). 
 
Figure 2.18 Population dynamic model outputs predicting recovery dynamics of Diadema antillarum 
following a mass mortality event which decreased the population density by 95% in all size classes (at 
50 years). The blue line represents the basal model in which there were no depensatory density 
dependent processes. Orange and red lines depict weak and strong depensatory density dependence in 
larval supply respectively, indicative of a reduction in fertilisation success at low population density. 
The model parameters used in the stock recruitment function (page 31, equation 2) are as follows: 
Basal run (blue): z = 1, q = 0 , u = 0 , a = 0.1  and c = 0.01 .Weak (orange): z = 0.5, q = 0.02, u = 
130, a = 0.1 and c = 0.01. Strong (red): z = 0.5, q = 0.05, u = 250, a = 0.1 and c = 0.01. 
Density dependent versus density independent larval supply 
If populations are not considered to be closed, and rather receive some larval supply from a density 
independent, external source, there are no extinction thresholds. In addition, with the same maximum 
available larval supply, populations which are open have increased rates of population growth and 
will recover from a mass mortality event more quickly than those which are closed (Figure 2.19). 
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Figure 2.19 Population dynamic model outputs predicting recovery dynamics of Diadema antillarum 
following a mass mortality event which decreased the population density by 95% in all size classes (at 
50 years). The blue line represents the basal model which had density dependent larval supply but no 
depensatory density dependent processes. The dashed black line was the same model but 
representative of an open system with density independent larval supply as a constant, equivalent to 
the maximum supply of the density dependent function. The model parameters used in the stock 
recruitment function (page 31, equation 2) for the basal run (blue) were: z = 1, q = 0, u = 0, a = 0.1 
and c = 0.01. 
Depensatory density dependent larval settlement driven by conspecific cues 
The inclusion of depensatory density dependence in larval settlement can cause either a reduction in 
population recovery rate following a mass mortality event, or an extinction threshold below which the 
population will not recover (Figure 2.20). An extinction threshold exists when the depensatory density 
dependent process causes larval settlement to decline below a level where it can exceed the high rate 
of mortality experienced in the smallest size class of D. antillarum. 
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Figure 2.20 Population dynamic model outputs predicting recovery dynamics of Diadema antillarum 
following a mass mortality event which decreased the population density by 95% in all size classes (at 
50 years). The blue line represents the basal model in which there were no depensatory density 
dependent processes. Orange and red lines depict weak and strong depensatory density dependence in 
larval settlement respectively, indicative of a reduction in settlement probability at low population 
density. The model parameters used in the density dependent settlement function (page 31, equation 
3) are as follows: Weak (orange): l = 0.43, m = 1.25, Strong (red): l = 2.15, m = 4.3. Note that the 
function is not incorporated into the basal model and settlement probability is simply set at one. 
Depensatory density dependent larval settlement driven by habitat cultivation 
The inclusion of depensatory density dependence in larval settlement, via the effect of habitat 
cultivation can, like regular depensatory density dependence in larval settlement, cause either a 
reduction in population recovery rate following a mass mortality event, or an extinction threshold 
below which the population will not recover (Figure 2.21). Again, the extinction threshold exists 
when the depensatory density dependent process causes larval settlement to decline below a level 
where it can exceed the high rate of mortality experienced in the smallest size class of D. antillarum.  
The demographic effects and recovery patterns resulting from the habitat cultivation process are 
however, somewhat more complex than others explored so far. Due to macroalgal growth and grazing 
dynamics, the timing of demographic impacts is somewhat delayed or extended in comparison to 
more simple processes. It is interesting to note that under some circumstances, for example when the 
function is weak, but the mass mortality event is increased (99%), the recovery period can last for as 
long as 60 years whilst macroalgae is grazed sufficiently to allow for improved settlement rates 
(Figure 2.22). 
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Figure 2.21 Population dynamic model outputs predicting recovery dynamics of Diadema antillarum 
following a mass mortality event which decreased the population density by 95% in all size classes (at 
50 years). The blue line represents the basal model in which there were no depensatory density 
dependent processes. Orange and red lines depict weak and strong depensatory density dependence in 
larval settlement respectively, driven by a habitat cultivation effect in which adult D. antillarum graze 
macroalgae, which has a negative impact on larval settlement. The model parameters used in the 
macroalgae dependent settlement function (page 31, equation 4) are as follows: Weak (orange): n = 
0.06, p = 95, Strong (red): n = 0.11, p = 55. Note that the function is not incorporated into the basal 
model and settlement probability is simply set at one. 
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Figure 2.22 Population dynamic model output predicting recovery dynamics of Diadema antillarum 
following a mass mortality event (at 25 years) which decreased the population density by 99% in all 
size classes (at 50 years). The black line represents D. antillarum dynamics when a weak depensatory 
density dependent process in larval settlement driven by habitat cultivation, is included in the model. 
The green line shows macroalgal biomass dynamics and the figure demonstrates the potential for an 
extended period of low D. antillarum population abundance before macroalgae is grazed sufficiently 
to allow for increased settlement and population recovery. 
Depensatory density dependence in predation refuge availability 
Including depensatory density dependence in predation refuge availability in the D. antillarum 
population dynamic model, allows for complex dynamics in which the population can persist at 
multiple stable states which are dependent on the initial population density. Figure 2.23 shows three 
alternative stable states which arise when the starting population density, at time zero is varied. Low 
abundance populations (Figure 2.23a) are maintained where juvenile recruitment is sufficient (either 
from an external source or a sufficiently dense local adult population) but high predation mortality 
during the juvenile phase depresses numbers surviving to the adult population. Alternative higher 
abundance states (Figure 2.23b, 2.23c) arise when the population density is elevated at the start of the 
simulation such that predation mortality rates in the juvenile size classes is reduced (because of the 
adult spine canopy refuge) and increased reproductive output results directly in increased recruitment 
to the adult population.  
  
D. antillarum dynamics 
Macroalgal dynamics 
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a. b.  
c.   
Figure 2.23 Outputs from a population dynamic model of Diadema antillarum with the inclusion of a 
depensatory density dependent predation refuge effect, showing the potential for multiple population 
abundance states (a. low, b. medium, c. high) dependent on starting population density. Alternative 
population abundances are achieved due to lowered predation mortality on juvenile settlers resulting 
from a spine canopy refuge effect which increases with initial adult population density. Note that 
macroalgal biomass declines rapidly to almost zero in each simulation due to intensive D. antillarum 
grazing where any population density above one individual per m2 will reduce macroalgae to turf 
algae (Mumby, Hedley et al. 2006).  
 
The number of alternative population abundance states, and the threshold density of adults required to 
reach them, is dependent on the strength of the function depicting depensatory density dependence in 
D. antillarum abundance  
Macroalgal biomass density 
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refuge availability. Figure 2.24 for example, shows how a strong depensatory effect requires a lower 
initial population abundance to reach a new alternative population abundance (Figure 2.24a). It also 
shows how a higher initial starting population density can result in an a third, higher stable population 
abundance, and how it can also allow a weak depensatory effect to alter the population abundance 
state (Figure 2.24b). Note that following a mass mortality event, neither a weak, nor strong density 
dependent refuge effect allows the population to recover to a high abundance state (Figure 2.24). This 
is because the mass mortality event reduces the population density to a level at which predation 
mortality is too high to allow for a significant and extended increase in recruitment. The refuge effect 
does however, allow for an increased rate of recovery when compared with a model in which 
predation risk is always high (Figure 2.24).  
a. b.  
Figure 2.24 Population dynamic model outputs predicting population dynamics of Diadema 
antillarum before and after a mass mortality event which decreased the population density by 95% in 
all size classes (at 50 years). The blue line represents the basal model in which there were no 
depensatory density dependent processes and predation risk is always high. Orange and red lines 
depict weak and strong depensatory density dependence in predation refuge availability respectively, 
indicative of a spine canopy refuge effect which reduces the predation risk on juveniles as adult 
population surface area increases. Plot a., shows dynamics from an initial D. antillarum density of 
~35 individuals per m2 and plot b., shows dynamics from an initial density of approximately 50 
individuals per m2. The figure demonstrates how initial population density controls both the 
population abundance and the strength of the density dependent process needed to have a 
demographic effect. The model parameters used in the density dependent predation refuge function 
(page 34, equation 9) are as follows: Weak (orange): r = 0.00015, s = 41715, Strong (red): r = 
0.000127, s = 56000. Note that the function is not incorporated into the basal model and predation risk 
is simply set at one. 
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It is of interest to note that depensatory density dependence in predation refuge availability is the only 
process which generates model predictions in which a D. antillarum population switches from high to 
low population abundance following a mass mortality event (Figure 2.25). Recovery back to a high 
abundance state would require some intrinsic increase in predation refuge availability. 
   
Figure 2.25 Population dynamic model outputs predicting population dynamics of Diadema 
antillarum before and after a mass mortality event which decreased the population density by 95% in 
all size classes (at 50 years). This particular model simulation includes a strong depensatory density 
dependent process in predation refuge availability, such that juvenile predation risk is reduced at high 
population densities, due to an adult spine canopy refuge. The figure demonstrates how a population 
which was very high prior to the mass mortality event could recover to a lower stable population 
abundance due to increased predation mortality associated with a lack of a spine canopy refuge. 
 
As this results section has demonstrated, all of the depensatory density dependent processes explored 
by the population dynamic model have the potential to reduce recovery rates of D. antillarum 
populations following a mass mortality event. In each of these model simulations, population density 
is reduced to the same level but to explore how recovery rates would be affected at different initial 
population densities, recovery rates were explored in response to a range of population densities. By 
way of an example, Figure 2.26 shows the relationship between population density and exponential 
growth rate in a model which has depensatory density dependence in larval supply versus a model 
with no depensatory density dependence.   
D. antillarum dynamics 
Macroalgal dynamics 
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Figure 2.26 Outputs from a population dynamic model of Diadema antillarum with (red) and without 
(green) the inclusion of a depensatory density dependent process in larval production. Results 
demonstrate the influence of population density on recovery rate following a mass mortality event. 
Note that in the absence of depensatory density dependence, recovery rates are greatest at the lowest 
population densities and decline as population densities increase due to the impact of compensatory 
density dependent effects. 
Density independent ecosystem characteristics 
The density independent ecosystem characteristics explored in the D. antillarum population dynamic 
model were; 1) variation in external larval supply indicative of variation in larval connectivity, 2) 
predation risk indicative of predator abundance or habitat structural complexity (abiotic refuge 
availability) and 3) resource availability indicative of competitor abundance or resource productivity. 
Considering a population model in which depensatory density dependent processes are absent, in each 
case, the impact of ecosystem characteristics on recovery dynamics is a combined change in 
equilibrium population size and recovery rate. The carrying capacity K, and the exponential recovery 
rate r, of the population are increased with increasing external larval supply (Figure 2.27), decreasing 
predation risk (Figure 2.28) and increasing resource availability (Figure 2.29). Under the parameters 
assumed in the model (black and blue parameter values in Table 2.1), predation risk is the ecosystem 
characteristic which has the greatest impact, allowing for the largest population size and the greatest 
rate of population recovery. 
In terms of recovery from a mass mortality event, density independent ecosystem characteristics do 
not affect local recovery dynamics unless they themselves change at the time of the mass mortality 
event. For example, if external larval supply decreases, reef structural complexity declines or 
herbivore abundance increases. Under these scenarios, models predict not only reduced population 
recovery rates but also altered equilibrium population sizes. In the absence of ecosystem change at a 
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local scale, the impact of density independent characteristics on D. antillarum recovery dynamics is of 
interest because it provides insight into the locations where we might expect to see improved 
recovery, and ecosystem characteristics that we might be able to manipulate to promote it. 
a. b.  
Figure 2.27 Population carrying capacities K (a) and exponential recovery rates, r (b) of Diadema 
antillarum in response to external density independent larval supply (no.m-2 biweekly) as predicted by 
a population dynamics model. 
a. b.  
Figure 2.28 Population carrying capacities K (a) and exponential recovery rates, r (b) of Diadema 
antillarum in response to density independent predation risk as predicted by a population dynamics 
model.  
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a. b.  
Figure 2.29 Population carrying capacities K (a) and exponential recovery rates, r (b) of Diadema 
antillarum in response to density independent resource availability (refer to methods for explanation 
of resource availability values) as predicted by a population dynamics model.  
Exploring rebuilding options 
To gain insight into the potential for active rebuilding of D. antillarum populations which are subject 
to depensatory density dependent processes, the threshold densities of sea urchins required for 
population persistence under various scenarios were examined. The aim was to consider what might 
be the optimal size of sea urchins to release if hatchery rearing techniques were developed and 
whether artificial habitat cultivation, in this case through macroalgal removal, could improve 
settlement rates and reduce threshold densities. Due to size dependent predation mortality and the 
importance of adults in their grazing impact and their potential to provide predation refuges, far fewer 
large sea urchins than small sea urchins are required for a population to persist under all scenarios. In 
addition, under the assumption that macroalgal abundance reduces larval settlement probability, the 
model predicts that threshold densities across all size classes are significantly lower if macroalgal 
biomass is low at the beginning of the simulation (Figure 2.30). 
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Figure 2.30 Output from a population dynamic model of Diadema antillarum, showing the 
relationship between test diameter and threshold density of sea urchins required to allow population 
persistence under alternative scenarios of high versus low initial macroalgal abundance. Threshold 
densities are shown on a log scale. 
In the absence of depensatory density dependent processes, there are no extinction thresholds in 
population models and therefore analysis of numbers required for persistence is not meaningful. 
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Discussion 
Reviewing our current knowledge of the biological processes of reproduction, growth and mortality in 
D. antillarum and synthesizing this information by means of a simple population dynamic model has 
allowed valuable insights into the recovery dynamics of this keystone species.  
Depensatory density dependent processes and cultivation effects 
Depensatory density dependent processes in fertilisation success, larval settlement and predation 
refuge availability, and cultivation effects associated with algal grazing for larval settlement habitat 
have significant impacts on recovery patterns and demographic rates. 
Model predictions suggest that larval supply and settlement in fertilisation could be key drivers of 
population persistence and under an assumption that populations are closed and do not receive an 
external larval supply, depensatory density dependence, be it through reduced fertilisation success or 
reduced conspecific settlement cues gives rise to threshold population densities below which 
populations will rapidly decline to extinction. If strong depensatory density dependence in larval 
supply and settlement were driving population dynamics then model predictions would suggest that 
D. antillarum populations across the Caribbean should be declining or recovering depending on their 
population density immediately following the mass mortality event.  Although a lack of D. antillarum 
population recovery is widely reported across the Caribbean, widespread population extinction is not 
and population persistence at low abundance seems to be common (Lessios 1995; Chiappone, 
Swanson et al. 2002; Noriega, Pauls et al. 2006). If these model predictions are correct, then low 
abundance populations are maintained by sufficient larval supply and settlement but significant failure 
to recruit due to high predation mortality in the early juvenile size classes. At some locations, for 
example in the Florida Keys, adult population densities are so low that fertilisation success is unlikely 
(Chiappone, Swanson et al. 2002). It seems reasonable then to conclude that these low abundance 
populations are maintained by some amount of external larval supply. The quantity of this external 
supply and its impact on local population dynamics is likely to differ greatly between locations 
depending on larval connectivity and sea urchin densities at source populations, and to be stochastic 
in time and space (Hunte and Younglao 1988; Miller, Adams et al. 2003).  
Under the assumption that larval settlement rates increase in the absence of macroalgae (Bak 1985), 
habitat cultivation through algal grazing can result in recovery dynamics whereby a significant period 
of very low population abundance precedes a population recovery. Could it be then, that the low 
abundance D. antillarum populations reported across the region are representative of an unstable state 
and population recovery will occur once macroalgal abundance has been reduced below a certain 
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threshold?  If, as assumed by this population dynamic model, this is an important driver of recovery 
dynamics, then increased recovery rates of D. antillarum should be observed in locations where 
macroalgal abundance is lowest, increased larval settlement rates should be observed in the absence of 
macroalgae and there should exist threshold abundances of macroalgae below which populations 
show significant signs of recovery.  
Depensatory density dependence in predation refuge availability indicative of an adult spine canopy 
refuge or aggregation affects can give rise to alternative stable population states in the absence of 
environmental change. This process could explain why previously high density populations have 
recovered to lower stable population abundances since the mass mortality event. If, as assumed by this 
population dynamic model, this is an important driver of D. antillarum recovery dynamics then 
increased recovery rates and higher population abundances of sea urchins should be observed in 
locations where population densities were greatest immediately following the mass mortality event.  
Density independent characteristics 
Models predict that locations with increased external larval supply, decreased predation risk and 
increased resource availability will exhibit the fastest rates of population recovery and will support the 
greatest densities of sea urchins. Of these ecosystem characteristics, predation risk has the greatest 
demographic impact and therefore I would predict that predator abundance and habitat structural 
complexity are significant drivers of recovery dynamics.  
Jamaica recorded the highest population densities of D. antillarum prior to the mass mortality event 
(Sammarco, Levinton et al. 1974; Sammarco 1980) and is one of few locations reporting signs of D. 
antillarum population recovery (Carpenter and Edmunds 2006; Myhre and Acevedo-Gutierrez 2007).  
Jamaican reefs have suffered a long history of intense overfishing pressure which has reduced the 
abundance of both predatory and herbivorous reef fish (Hughes 1994; Hughes, Bellwood et al. 2007) 
and it therefore follows that D. antillarum on these reefs suffer comparatively lower rates of predation 
mortality and resource competition than elsewhere in the region. Similarly, a recent study showed that 
marine protected areas in The Bahamas which supported a greater biomass of predatory fish also 
supported significantly fewer D. antillarum than neighbouring unprotected areas where fish 
abundances were reduced by fishing pressure (Harborne, Renaud et al. 2009). So perhaps recovery is 
simply occurring first and fastest in locations which are most suitable for D. antillarum?  
Having said this, many Caribbean reefs are now vastly different than they were prior to the mass 
mortality event. In addition to the overgrowth of macroalgae and the potential negative impact it may 
have on D. antillarum larval settlement, there is also evidence for a decrease in habitat structural 
complexity (Alvarez-Filip, Dulvy et al. 2009) and increased abundances of herbivorous fish in some 
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locations (Carpenter 1985; Hay and Taylor 1985; Carpenter 1990b). These changes could have 
resulted in increased predation risk and increased resource competition for D. antillarum since the 
mass mortality event which could drive reduced rates of population recovery or determine new, 
lowered equilibrium population abundances. Detailed examination of recovering D. antillarum 
populations in relation to ecosystem characteristics including larval connectivity, predator abundance, 
habitat structural complexity, herbivore abundance and resource availability could help to determine 
how important these density independent factors are compared with depensatory density dependent 
biological processes or habitat cultivation effects.   
Density independent ecosystem characteristics are of most interest when we ask questions about the 
spatial patterns of recovery, i.e. why some locations demonstrate D. antillarum population growth but 
others do not. They also tell us about how recovery dynamics might be affected at a given location in 
the event that ecosystem characteristics changed at the time of the mass mortality event. For example, 
if external larval supply was reduced, predation risk increased or resource availability declined 
following the mass mortality event. 
Active rebuilding strategies 
In the absence of depensatory density dependence, active rebuilding efforts would not act to increase 
rates of population recovery only simply increase local abundance. If depensatory density dependent 
processes are involved in recovery dynamics then active rebuilding measures could be required to 
avoid local extinction and increase rates of population recovery. This review and population model 
suggests that the addition of juvenile sea urchins alone, for example from hatchery rearing programs, 
is unlikely to prove an effective measure of population enhancement. Due to size-dependent predation 
and high mortality rates in the smallest size classes it would take the addition of a very large number 
of juvenile sea urchins to allow for population persistence, and even more for population growth. I 
identify two strategies which may hold greater potential for future rebuilding attempts; the addition of 
adults to provide a spine canopy refuge and cultivate more suitable habitat and, or artificial 
manipulation of ecosystem characteristics such as macroalgal abundance and reef complexity to 
promote larval settlement probability and refuge availability.  
The first of these strategies has obvious drawbacks given the scarcity of adult sea urchins in many 
locations and the risks involved in translocating those small populations that do appear to be doing 
well. Evidence for the effectiveness of adult density manipulation on juvenile survival is also 
somewhat limited and requires further study (Miller, Adams et al. 2007).  
The addition of artificial predation refuges has been shown to be effective at promoting the 
persistence of translocated urchins (Lee 2006; Dame 2008), but does not represent a feasible 
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restoration strategy at any significant spatial scale. Any effort to restore or enhance reef structural 
complexity is likely to promote D. antillarum recovery be this through coral restoration, artificial 
reefs or reef balls, breakwater structures to protect from storm damage and of course continued 
protection from damaging human activities. I also feel that there is value in determining whether 
artificial removal of macroalgae can promote larval settlement or free up crevice refuges that have 
been overgrown, especially in locations which have experienced the most significant increases in 
macroalgal cover.  
Ultimately, the rebuilding strategy required at a given location will be dependent on the factor 
limiting natural population recovery at that location. For example, if juvenile recruitment occurs but 
adult densities remain low, then predation refuge availability may be limiting and refuge manipulation 
could tip the recovery threshold. However, if larval supply and juvenile recruitment are insufficient, 
then refuge manipulation alone will prove ineffective and hatchery rearing in combination with 
density or habitat manipulation could be most effective.   
Limitations and avenues for future research 
This, the first attempt to produce a population dynamic model of D. antillarum has uncovered 
significant gaps in our knowledge and provided directions for future work.  
The predictive power of the model could be vastly improved by further studies of D. antillarum vital 
rates under alternative density and ecosystem conditions. Quantification of predation mortality across 
the D. antillarum size spectrum would be invaluable and tethering experiments in the Caribbean (such 
as those carried out with the Atlantic sister species (Clemente, Hernandez et al. 2007) would be a 
feasible and useful first step to obtaining this information. Having said this, effort should be made to 
find more novel approaches to quantify natural predation mortality rates, particularly in the smallest 
size classes of sea urchins where rates are likely to be highest. This population dynamic model 
predicts that the availability of predation refuges could be a key driver of population dynamics and yet 
no studies have been carried out to quantify predation mortality across a range of population densities 
or substrate complexities in this species. A recent translocation study suggested that juveniles suffer 
reduced mortality in the presence of adult urchins (Miller, Adams et al. 2007) but it would be 
beneficial to determine whether juvenile D. antillarum use and benefit from the adult spine canopy 
refuge like the red sea urchin Strongylocentrotus franciscanus (Nishizaki and Ackerman 2007). 
Quantification of mortality rates on different substrate types, such as those carried out with the purple 
sea urchin Paracentrotus lividus (Hereu, Zabala et al. 2005) would also be useful.  
Determining local larval supply and the spatial scale of larval connectivity is another important 
direction for future experimental work which would vastly improve our understanding of recovery 
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dynamics in different locations. The task is far from easy since it requires us to be able to decouple 
larval supply in the water column from larval settlement on the reef. However, the widespread use of 
uniformly designed settlement grates (Bak 1985) to compare settlement throughout the region could 
be a first step and it is encouraging to see recent studies which have taken this approach in the Florida 
Keys (Miller, Kramer et al. 2009) and Curacao (Vermeij, Debrot et al. 2010)  
Depensatory density dependence (Allee effects) has been the primary process attributed to the lack of 
widespread D. antillarum recovery, generally due to evidence for its effect on individual vital rates, in 
particular fertilisation success (Levitan 1991) and predation mortality (Miller, Adams et al. 2007). To 
date, however, no studies have set out to test its importance at a demographic scale. This population 
dynamic model provides a succinct set of predictions about recovery dynamics under the influence of 
depensatory density dependence and alternative process hypotheses relating to density independent 
characteristics. There exists a wealth of population data for D. antillarum since the mass mortality 
event from multiple locations throughout the Caribbean and there is huge scope to use this data to test 
and refine model predictions. Quantification of current rates of population recovery and population 
abundance in different locations and examination of these in relation to initial post mortality 
population densities, predator abundance, refuge availability, macroalgal abundance and resource 
availability is a feasible and essential next step in answering the question of what might be 
responsible for the lack of widespread population recovery of D. antillarum. In light of recent models 
of larval connectivity in the region (Cowen, Paris et al. 2006), it is also possible to explore the 
potential impacts of larval supply on current recovery rates and population abundances.  
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Chapter 3 
 
Regional variation in Diadema antillarum 
recovery and abundance: what drives 
observed patterns?  
 
Introduction 
Variability in recovery and post mortality population abundance of the long-spined sea urchin 
Diadema antillarum throughout the Caribbean region following the mass mortality event of 1983 
provides an opportunity to explore and identify the key drivers of recovery dynamics, in particular, 
characteristics which similarly show regional variation. Due to its ecological importance and the rarity 
of the scale of the mass mortality event of 1983, D. antillarum has been extensively monitored over 
the past three decades, particularly on coral reefs, and there exist a wealth of population density data 
available for locations across the region. The species is regularly included in reef health surveys 
carried out by non-government and government organisations as well as being the focus of scientific 
research. Though much data exist, there have been no published studies that have explicitly set out to 
quantify and compare D. antillarum recovery rates and post mortality population abundances, and the 
factors that drive them, across the Caribbean region. This study addresses the gap by way of an 
extensive meta-analysis of published and un-published survey data for D. antillarum, as well as 
physical and biological attributes that vary throughout the region.   
Positive signs of D. antillarum  recovery have been reported in some locations (Carpenter and 
Edmunds 2006) including Jamaica (Edmunds and Carpenter 2001; Macia, Robinson et al. 2007), 
Barbados (Hunte and Younglao 1988), Curacao (Debrot and Nagelkerken 2006; Vermeij, Debrot et 
al. 2010 ), St Croix (Miller, Adams et al. 2003) and Bonaire (Cameron and Brodeur 2007). An 
abundant population of long-spined sea urchins also exists in Dominica (Bowden-Kirby, A., Coral-
list, May 2008, http://coral.aoml.noaa.gov/pipermail/coral-list/2008-May/037459.html) though it is 
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debated whether this reflects population recovery or a population that was never affected by the 
pathogen, since the mortality event was not documented there (Steiner and Williams 2006). In 
contrast, populations in Panama and the Florida Keys continue to be scarce and show little signs of 
recovery (Lessios, Cubit et al. 1984; Lessios 1995; Chiappone, Swanson et al. 2002; Lessios 2005; 
Miller, Kramer et al. 2009).  
The Caribbean is made up of over 7,000 islands in addition to coastlines of Central and South 
America and The Florida Keys. The region is organised into more than 27 territories and spans an 
area approximately 1,063,000 square miles. The islands and main lands and their associated coral 
reefs and coastal habitats naturally differ in climate and geography varying in temperature, rainfall, 
topography and exposure to tropical storms and hurricanes. In addition, due to variation in human 
population sizes, culture, wealth and tourism, they are exposed to varying levels of human impacts, 
resource use and conservation management.  
There are a number of hypotheses and predictions about what influences D. antillarum recovery 
(reviewed in Chapter 2). Much focus is on depensatory density dependence (or Allee effects) 
associated with decreased fertilisation success (Levitan 1991), larval settlement and predation refuge 
availability (Miller, Adams et al. 2007) at low population density. Studies in Panama and the Florida 
Keys suggest, for example, that a lack of population recovery is attributable to limited larval supply 
because population densities are too low for successful fertilisation and external larval supply is 
lacking (Lessios 1988; Miller, Kramer et al. 2009). In addition, predation pressure and resource 
competition are both important drivers of population dynamics and changes in predation refuge 
availability (associated with habitat structural complexity) and reef fish community composition since 
1983 are also possible reasons for the lack of widespread D. antillarum recovery. The phase shift 
from coral to macroalgal dominance on Caribbean reefs is another concern as abundant macroalgal 
cover could prevent or reduce D. antillarum larval settlement rates (Bak 1985).  
Population dynamic models which explore the demographic effects of these hypotheses (Chapter 2) 
predict that depensatory density dependent processes reduce rates of population recovery and can give 
rise to alternative population states dependent on threshold starting densities. The population dynamic 
model (Chapter 2) also highlights the importance of larval supply, specifically the demographic 
implications of an external, density-independent larval supply. The model predicts that a local 
population receiving larvae from an external source is not prone to extinction and should exhibit 
higher rates of population recovery following a disturbance (Chapter 2). Predator abundance, refuge 
availability and resource availability also affect recovery rates and carrying capacities, but do not 
allow for alternative stable states following a mass mortality event, unless they themselves change at 
the time of the mass mortality.  
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This study is designed to quantify and explore variation in D. antillarum rates of recovery, post 
mortality population densities and recovery patterns throughout the Caribbean region. Statistical 
modelling is used to explore relationships between recovery rate and post mortality density with the 
numerous factors hypothesized to drive population dynamics including; initial post mortality 
population density, larval connectivity and larval supply, reef fish abundance, habitat complexity and 
macroalgal cover. The effect of human impacts including overfishing, sedimentation, pollution, 
development and shipping on D. antillarum populations and population recovery is also considered.  
Diadema antillarum recovery rates are quantified and explored because they provide insight into what 
demographic and environmental factors promote population growth. Mean post-mortality population 
densities are also used in the meta analysis because; 1) there is potential that not all sub-populations 
are exhibiting significant dynamic change and are instead settled at a new equilibrium and 2) dynamic 
changes may not be detectable within the temporal range of data available for a given sub-population. 
In either case, the average population abundance of D. antillarum provides significant insight into the 
demographic and environmental factors which limit population size. 
In addition to assessing long-term population trends, I will test for possible temporal discontinuities in 
recovery dynamics within sub-populations throughout the region. Discontinuities in rates of recovery 
through time could be indicative of shifts between alternative population states or of major natural and 
anthropogenic disturbances which could affect vital rates. 
Hypotheses and avenues for investigation 
The analyses carried out here are guided by a set of hypotheses which relate biological processes and 
ecosystem characteristics to D. antillarum vital rates and population dynamics. Relevant hypotheses 
and avenues for investigation are informed by previous studies (reviewed in Chapter 2) and refined 
considering predictions made by a D. antillarum population dynamic model (Chapter 2). 
Initial post-mortality population density, P0 
Depensatory density dependence describes a negative effect of low population density on per capita 
population growth (Allee 1938; Hilborn and Walters 1992). In D. antillarum, potential mechanisms 
for depensatory density dependence include; 1) reduced fertilisation success through sperm limitation 
(Levitan 1991), reduced larval settlement due to a lack of conspecific cues (see; (Rodriguez, Ojeda et 
al. 1993)) and increased predation mortality due to reduced refuges associated with aggregation or the 
adult spine canopy (Hunte and Younglao 1988; Miller, Adams et al. 2007; Nishizaki and Ackerman 
2007). 
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Diadema antillarum population density immediately following the mass mortality event at different 
locations across the region describes the minimum threshold from which populations begin to recover. 
To explore whether one or more of the depensatory density dependent processes described above has 
the potential to influence D. antillarum population dynamics, I will investigate evidence for a 
relationship between: 
 
1. Initial post-mortality population densities P0 and D. antillarum recovery rates 
Population closure (potential for external larval supply) 
The population dynamic model developed in Chapter 2 suggests that a density independent external 
larval supply increases D. antillarum recovery rates and removes extinction risks, even more so in the 
presence of depensatory density dependence in fertilisation success. Ocean currents, wind, retention 
and distance from neighbouring land masses are key determinants of the potential to receive larvae 
from an external source. Using output from Robert Cowen’s models of larval connectivity in the 
Caribbean region (Cowen and Sponaugle 2009; Kool, Paris et al. 2010) I will investigate evidence for 
a relationship between: 
2. The proportion of larvae received from an external source and: 
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
Total larval supply 
The total amount of larval supply to a sub-population is dependent not only on where the larvae come 
from but also on the size of the population at the source (among many other things). Using output 
from Robert Cowen’s models of larval connectivity in the Caribbean region (Cowen and Sponaugle 
2009; Kool, Paris et al. 2010) I will investigate evidence for a relationship between: 
3. The total larval supply to a population and: 
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
Predatory fish abundance 
Diadema antillarum are susceptible to predation by at least 15 reef fish species (Randall, Schroeder et 
al. 1964) and their cryptic behaviour (Carpenter 1984) indicates that predation poses a significant 
threat. Population dynamic models developed in Chapter 2 predict that predation may be a significant 
driver of sea urchin population dynamics, able to affect rates of recovery and limit populations to 
carrying capacity. Due to variation in fishing pressure, management and reef health, predatory fish 
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abundance is likely to be variable across the Caribbean region and I will therefore investigate 
evidence for the relationship between: 
 
4. Predatory (invertivorous) fish abundance and: 
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
Reef structural complexity  
As mentioned above, D. antillarum use the crevices and cracks of the reef substrate as predation 
refuges to avoid predation by visually hunting fish during daylight hours (Carpenter 1984). Coral 
reefs which offer a higher degree of structural complexity provide a greater abundance of predation 
refuges and therefore have the potential to confer an overall reduction in predation risk. Coral reefs 
around the Caribbean region vary in structural complexity in relation to live coral cover, coral species 
competition, wave exposure and disturbance frequency (Alvarez-Filip, Dulvy et al. 2009) and I 
therefore investigate evidence for a relationship between: 
5. Habitat structural complexity and: 
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
Herbivorous fish abundance 
Herbivorous fish are resource competitors with D. antillarum (Hay and Taylor 1985; Carpenter 
1990b). Under the assumption that resource competition reduces individual growth rates and 
asymptotic sizes in D. antillarum, population dynamic models developed in Chapter 2 suggest that 
resource competition results in reduced equilibrium population sizes and reduced rates of population 
recovery. I will therefore investigate evidence for a relationship between: 
6. Herbivorous fish abundance and: 
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
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Macroalgal abundance 
It is suggested that D. antillarum larval settlement is negatively affected by macroalgal overgrowth 
(Bak 1985). Combined population dynamic and grazing impact models developed in Chapter 2 
suggest that when macroalgae has a negative impact on larval settlement, it causes a reduction in 
population recovery rate. I will therefore investigate evidence for a relationship between: 
Mean macroalgal abundance and: 
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
Human threats  
Due to differences in population density, wealth, culture and conservation management, coral reefs 
throughout the Caribbean are subject to varying levels of human threat. Numerous human activities 
have the potential to affect D. antillarum population dynamics including; overfishing, sedimentation, 
pollution, coastal development and shipping. Overfishing reduces the abundance of large-bodied 
predatory fish and has been demonstrated to allow for significant increases in population sizes of sea 
urchin species (McClanahan and Muthiga 1989). A recent study in the Bahamas suggested that D. 
antillarum populations are elevated outside of marine reserves because of the increased abundance of 
predators within the reserve (Harborne, Renaud et al. 2009). Sedimentation, pollution and coastal 
development all have the potential to have direct negative impacts on D. antillarum but under the 
assumption that these activities also result in reduced abundances of reef fish I investigate whether: 
7. Levels of human threat are related to:  
a. The recovery rates of D. antillarum populations 
b. Mean post-mortality population abundances of D. antillarum  
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Methods 
Data search 
A database of quantitative surveys that measured D. antillarum abundance in the Caribbean region 
prior to and since the mass mortality event of 1983 was compiled. Online databases including ISI 
Web of Knowledge, Google Scholar and ReefBase were searched to obtain peer-reviewed and grey 
literature and coral reef scientists, managers and monitoring programs were contacted directly through 
an e-mail list known as the coral-list. The resulting database included information from more than 35 
countries and islands between 1971 and 2009. Information came from 55 sources which included 36 
peer reviewed journal articles, 5 NGO and government monitoring regimes (AGRRA, CARICOMP, 
CCC, ReefCheck, NOAA) and 14 personal contributions from unpublished datasets. 
Although D. antillarum can be found in many shallow, rocky habitats, mangroves and seagrass beds, 
the vast majority of surveys for the species were carried out on coral reefs (Bauer 1980; Lessios 
1988). For consistency, to be included in the database, surveys must have been carried out on coral 
reefs between depths of 0-15m where reports suggest that sea urchins were historically most prevalent 
(Randall, Schroeder et al. 1964). In any given study, a minimum of 20m2 must have been surveyed 
and for post-mortality surveys, studies which used haphazardly thrown quadrats, rather than belt 
transects were not included. Quadrat surveys were not included due to the suggestion that they could 
significantly over or underestimate D. antillarum populations due to the highly aggregative behaviour 
of the species (see; (Moses and Bonem 2001)). It should be noted that all of the following analyses 
were also carried out with the inclusion of quadrat data and none of the key results were altered.   
Geographical locations and spatial scales for analyses 
The geographical location of each reef survey included in the database was plotted using the GIS 
freeware package DIVA. In order to calculate mean pre and post-mortality D. antillarum densities, 
estimate rates of population recovery and examine their variability within the Caribbean, it was 
necessary to aggregate data from individual studies by location or region, or, in the case of human 
impacts, based upon their impact score.  
For analyses concerning initial post-mortality population density, larval connectivity and supply, 
predator abundance, habitat structural complexity, herbivore abundance and macroalgae the database 
was subdivided at two alternative spatial scales. The first grouping into the 16 reef regions as 
identified and examined in larval connectivity models (Kool, Paris et al. 2010) (Figure 3.1a) allowed 
for the use of the entire dataset and described broad scale variation in D. antillarum recovery. Since a 
number of the environmental factors to be examined have the potential to vary at a much finer spatial 
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scale than reef region, data were also grouped by the finest scale examined in larval connectivity 
models; 10km2 reef nodes (Figure 3.1b). The locations and size of these nodes were predetermined 
from geographical information provided by Kool et al. (2010). 
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* Location of Curacao (for reference with Chapter 4) 
a. 
 
* Location of Curacao (for reference with Chapter 4) 
b. 
Figure 3.1 Maps of the Caribbean showing a. the geographical locations of Diadema antillarum 
population density surveys grouped into 16 reef regions (FLK - The Florida Keys; LBB – Little 
Bahama Bank; GBW – Grand Bahama West; GBE – Grand Bahama East; MBH – Mid-Bahamas; 
CBN – Cuba North; CBS – Cuba South; HPN – Hispaniola; PR – Puerto Rico and the Virgin Islands; 
LAN – Lesser Antilles; SAE – South America East; SAW – South America West; PAN – Panama; 
CBB – Central Caribbean; JAM – Jamaica, the Cayman Islands and Swan Island and MBR – Roatan 
and the Mesoamerican Barrier Reef) and b. 44 10km2 reef nodes containing a minimum of 10 D. 
antillarum surveys carried out over the course of a minimum of 36 months. 
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For analyses relating population abundance and recovery to human threat, data were aggregated based 
on the level of human threat (an ordinal variable with four levels; Figure 2). Surveys which were 
located in an area with an undefined level of threat were not included in the analyses. 
 
* Location of Curacao (for reference with Chapter 4) 
Figure 3.2 Map of the Caribbean showing the geographical locations of Diadema antillarum 
population density surveys in relation to the level of human threat (as classified by the World 
Resources Institute (Burke and Maidens 2004)).  
When examining and identifying temporal discontinuities in recovery dynamics I only present results 
from analyses where data were grouped at the reef region scale. Data availability at a finer scale is 
reduced and temporal changes in dynamics could not be identified.  
Estimation of exponential recovery rate, r 
Using information on the month of impact of the mass mortality event in different locations around 
the Caribbean (Lessios, Robertson et al. 1984), each survey within the dataset was assigned a time 
which represented the number of months post-mortality that the survey was carried out. The 
exponential recovery rate, r, was estimated by fitting Generalized Linear Models where r was a 
function of population density and time (in months), calculated using survey data from the database. 
Because the dataset includes numerous zero population records amongst otherwise continuous data, 
the error structure of these models was best described by a type of Tweedie distribution (Tweedie 
1957) called the Poisson-gamma distribution in which: 
  	
 and 1 < p < 2 
Very High 
High 
Medium 
Low 
* 
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The probability density function of these distributions has no closed form. However, software is 
available that allows for the estimation of the value of p from the data, therefore accurately describing 
the probability distribution. The statistical computing program R was used, with the package 
“Tweedie” to estimate probability distributions. 
The exponential recovery rate, r, could only be estimated where sufficient samples were available for 
a sufficiently long period of time. The 15 reef regions and 44 reef nodes presented below all contain 
more than 10 reef surveys spanning a time period of more than 36 months.  
Mean post-mortality population abundance, a 
The mean post-mortality population abundance for any reef region or reef node is simply the mean of 
all the available population density estimates from individual studies carried out after the mass 
mortality event occurred in that location. 
Explanatory variables  
Initial post-mortality population density, P0 
The initial post mortality population density P0, for each reef region or reef node was the mean 
density from the first available survey month following the mass mortality event.  
Population closure  
Complex models have been developed which use information on ocean currents, larval duration and 
larval behaviour to describe larval connectivity within the Caribbean region (Cowen and Sponaugle 
2009; Kool, Paris et al. 2010). Though models are not parameterized specifically for D. antillarum 
they provide relevant and interesting insights into connectivity. Estimates of population closure and 
larval supply were calculated using a transition matrix derived from the larval connectivity model of 
Kool et al. (2010). The matrix described the number of larvae that survive and successfully transition 
(from the virtual release of 38000 larvae per node) between a total of 1872 reef nodes across the 
Caribbean. Nodes for which D. antillarum population density data were available were identified and 
cross-referenced with the aid of the GIS freeware package DIVA, and shapefiles provided by 
Johnathan Kool (Kool, Paris et al. 2010). 
The derived estimate of population closure can be defined as the proportion of the total virtual larval 
supply to a destination that comes from an external source. For example, the proportion of larvae 
reaching the Florida Keys reef region that does not originate from the Florida Keys. This measure 
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does not take into account any information on D. antillarum abundance, is based solely on transition 
rates and is intended only to describe variability in population closure between different locations.   
Total larval supply 
The estimate for total larval supply differs from that of population closure because it utilised mean 
post-mortality population abundances of D. antillarum calculated from the dataset, for each reef 
location. The virtual larval transition matrix was first modified so that it described transition 
probabilities, rather than numbers of larvae between nodes (divide all data by 38000). These transition 
probabilities were then multiplied throughout the matrix by the mean post-mortality population 
abundance of D. antillarum for each reef location, i.e. all nodes within the Florida Keys were assigned 
the mean for the Florida Keys based on available Florida Keys data. The resulting matrices 
represented numbers of larvae transitioning between reef nodes based on the abundance of urchins at 
source locations. Total larval supply for a reef region was determined by taking the mean of the larval 
supply to each node within the region.  
Predators, reef complexity, herbivores and macroalgae  
Data on predatory fish, reef complexity, herbivorous fish and macroalgae were all sourced from the 
Atlantic and Gulf Rapid Reef Assesment (AGRRA) database (Marks 2007). Surveys in this database 
cover locations in 13 out of the 15 reef regions and 26 out of 44 reef nodes for which exponential D. 
antillarum growth rates were to be estimated. Using this single source of information for ecosystem 
characteristics reduces the problems and biases associated with different survey techniques in 
different studies. In all cases, AGRRA data were averaged by reef survey site, survey sites were then 
allocated to a reef region or node and where multiple surveys existed, the mean and confidence limits 
were calculated for further analyses. Predatory and herbivorous fish abundances were biomass 
densities (g 100m-2), macroalgae was the percentage cover of macroalgae multiplied by the height of 
the macroalgal canopy, and reef complexity was the maximum reef relief (cm), assessed as the 
maximum height of the reef structure measured at five points along a reef transect .  
Statistical analyses 
Statistical modelling was used to explore the influence of; initial post mortality population density, P0, 
population closure, total larval supply, predatory fish abundance, habitat structural complexity, 
herbivorous fish abundance and macroalgae on exponential recovery rate r, and mean post mortality 
population abundance a, at both regional and local (10km2) scales. Data were transformed where 
appropriate and linear models were fitted with r and a as response variables and initial post-mortality 
density P0, population closure, total larval supply, predator abundance, habitat structural complexity, 
herbivore abundance and macroalgal abundance as explanatory variables. To account for variability in 
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the reliability of r estimates, both weighted and un-weighted models were examined where weights 
are the inverse of the variance.  
To allow for the potential for temporal variation in recovery dynamics segmented linear models were 
also fitted to data grouped at the reef region scale. These models allowed for the identification of 
significant breakpoints which could be representative of a change in population growth rate. Timings 
of these changes were then compared to look for any potential widespread patterns which might 
indicate natural or anthropogenic disturbances that could have caused a change in recovery dynamics. 
Human threat 
Human threat was classified as very high, high, medium or low in accordance with the Reefs at Risk 
Threat Index developed by the World Resources Institute (Burke and Maidens 2004). This integrated 
level of threat incorporates four individual indices relating to 1) Coastal Development, 2) Watershed-
based sources of sedimentation and pollution, 3) Marine-based sources of threat (including ports, 
cruise ship visitations and gas and oil infrastructure) and 4) Overfishing. Indices are based on 
numerous factors including human population size, coastal shelf area, tourism, agriculture, shipping 
lanes and coastal management such as MPAs. In all cases, threat levels were calibrated using real data 
including reef fish abundance, live coral cover and algal cover (Refer to technical notes from Burke 
and Maidens (2004)). Overall mean post mortality population abundances a, and exponential recovery 
rates r (as described above), were calculated using data that was sub-divided based upon the four 
classes of human threat. 
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Results 
Exponential recovery rates 
By synthesizing available data for D. antillarum population densities on shallow coral reefs since the 
1983 mass mortality event, this study attempted to estimate rates of population recovery in 15 reef 
regions and at a finer scale, 44 10km2 reef nodes across the Caribbean. Results demonstrated that 
recovery rates were variable at both a regional and local scale. Some areas showed no signs of 
population change where others showed significant population growth or continued, significant 
decline. 
Figures 3.3 and 3.4 show time series data and model fits for the estimation of exponential recovery 
rate r, for reef regions and reef nodes respectively. On examination of these data, it was clear that 
some of the estimations might not be reliable, largely due to shortages of data, particularly 
immediately following the mass mortality event. Such cases, for which the standard error associated 
with the model fit was so large that it allowed for negative values at some point during the timescale 
of recovery investigated, are marked in figures 3.3 and 3.4 with a red cross. 
 
  
X 
81 | P a g e  
  
  
  
X X 
82 | P a g e  
  
  
    
X 
X 
83 | P a g e  
  
Figure 3.3 Diadema antillarum time series data for 15 reef regions of the Caribbean. Curves represent 
rates of recovery, r estimated from generalised linear models of population density against time. 
Regions are ordered from high to low recovery rate and dashed lines show 95% confidence intervals 
of model fits. Regions marked with a red cross are those for which the error associated with the model 
fit is determined to be too high to represent an accurate estimate of population recovery r. Time 0 is 
the month in which the 1983 mass mortality event hit the region. 
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Figure 3.4 Diadema antillarum time series data for 44 10km2 reef nodes around the Caribbean. 
Curves represent rates of recovery, r estimated from generalised linear models of population density 
over time. Nodes are ordered from high to low recovery rate and dashed lines show 95% confidence 
intervals of model fits. Nodes marked with a red cross are those for which the error associated with 
the model fit is determined to be too high to represent an accurate estimate of population recovery r. 
Time 0 is the month in which the 1983 mass mortality event hit the region. 
 
Tables 3.1 and 3.2 provide a summary of data, including estimates of exponential recovery rate r, 
mean post mortality population abundance a, and initial post-mortality population density P0, for reef 
regions and 10km2 reef nodes respectively. In each case, locations are ordered from highest to lowest 
rate of population recovery and are shown in bold where the recovery rate is statistically significantly 
different from zero. Those locations shown in red correspond with those in figures 3.3 and 3.4 which 
have potentially unreliable estimates of population recovery. 
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Table 3.1 Exponential recovery rates r, estimated from generalised linear models of Diadema 
antillarum population density against time, using data from 15 reef regions within the Caribbean. 
Regions are ordered from high to low recovery rate and those that are statistically significantly 
different from zero are presented in bold. Data highlighted in red are those for which the estimation of 
r might be considered to be unreliable due to a shortage of data and a large error associated with the 
model fit. Also shown are mean post-mortality population abundances a, and initial post-mortality 
population densities P0, for each reef region. 
Reef  Region 
Exponential 
recovery 
rate, r 
P d.f. 
Mean post-
mortality 
abundance, a 
Initial post-
mortality 
population 
density, P0 
Hispaniola 0.1682 <0.001** 43 0.128 0.033 
Great Bahama East 0.0619 <0.0001*** 95 0.068 0.000 
Great Bahama West 0.0532 0.003** 81 0.002 0.001 
South America West 0.0425 0.11 33 0.047 0.000 
South America East 0.0196 0.003** 104 0.106 0.014 
Mesoamerican Barrier Reef 0.0096 0.05 484 0.103 0.100 
Central Caribbean 0.0058 0.54 47 0.200 0.116 
Jamaica & Cayman Islands 0.0034 0.093 334 0.353 0.067 
Florida Keys -0.0003 0.88 741 0.018 0.070 
Panama -0.0031 0.24 401 0.080 0.250 
Puerto Rico & Virgin Islands -0.0052 <0.0001*** 523 0.178 0.450 
Cuba South -0.0066 0.83 128 0.039 0.033 
Lesser Antilles -0.0111 <0.0001*** 463 0.402 0.010 
Cuba North -0.0134 0.51 42 0.012 0.060 
Mid-Bahamas -0.0846 <0.0001*** 33 0.022 0.140 
* Significant at p < 0.05,   ** Significant at p < 0.01  *** Significant at p < 0.001 
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Table 3.2 Exponential recovery rates r, estimated from generalised linear models of Diadema 
antillarum population density over time using data from 44 10km2 reef nodes around the Caribbean. 
Nodes are ordered from high to low recovery rate and those rates that are statistically significantly 
different from zero are presented in bold. Data highlighted in red are those for which the estimation of 
r might be considered to be unreliable due to a lack of data and a large error associated with the model 
fit. Also shown are mean post-mortality population abundances a, and initial post-mortality 
population densities P0, for each reef region. 
Reef node 
Located in reef 
region 
Exponentia
l recovery 
rate, r 
P df 
Mean post-
mortality 
abundance, 
a 
Initial post-
mortality 
population 
density, P0 
Florida Keys – 18 Florida Keys 0.4107 0.10 12 0.016 0.000 
British Virgin 
Islands – 1279 
Puerto Rico & 
Virgin Islands 
0.0347 0.22 11 0.045 0.003 
Florida Keys – 15 Florida Keys 0.0345 0.35 14 0.043 0.017 
Florida Keys – 14 Florida Keys 0.0290 0.13 27 0.017 0.004 
Florida Keys – 39 Florida Keys 0.0251 0.001** 33 0.030 0.004 
Jamaica – 1669 Jamaica & 
Cayman Islands 
0.0199 0.001** 25 0.948 0.067 
Belize – 1767 Mesoamerican 
Barrier Reef 
0.0194 0.26 11 0.018 0.000 
Florida Keys – 22 Florida Keys 0.0163 0.21 32 0.008 0.000 
Florida Keys – 13 Florida Keys 0.0157 0.014* 68 0.023 0.010 
Florida Keys – 25 Florida Keys 0.0136 0.12 11 0.024 0.010 
Jamaica – 1671 Jamaica & 
Cayman Islands 
0.0124 0.046* 27 0.613 0.000 
Florida Keys – 17 Florida Keys 0.0099 0.15 58 0.018 0.004 
Cahuita, Costa Rica 
– 1628 
Central 
Caribbean 
0.0091 0.38 17 0.658 0.25 
Florida Keys – 34 Florida Keys 0.0083 0.24 9 0.015 0.000 
Dominica – 1357 Lesser Antilles 0.0081 <0.0001
*** 
23 1.339 0.525 
Dominica – 1354 Lesser Antilles 0.0071 0.38 18 1.74 1.62 
Florida Keys – 12 Florida Keys 0.0060 0.47 57 0.013 0.013 
Belize – 1779 Mesoamerican 
Barrier Reef 
0.0053 0.69 102 0.069 0.060 
Florida Keys – 32 Florida Keys 0.0041 0.80 25 0.002 0.000 
Jamaica – 1668 Jamaica & 
Cayman Islands 
0.0037 0.16 134 0.369 0.180 
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Jamaica – 1663 Jamaica & 
Cayman Islands 
0.0025 0.88 7 0.277 0.215 
Dominica – 1355 Lesser Antilles 0.0010 0.84 15 2.198 3.467 
US Virgin Islands: 
St Thomas – 1272 
Puerto Rico & 
Virgin Islands 
0.0007 0.96 11 0.027 0.000 
US Virgin Islands: 
St John – 1276 
Puerto Rico & 
Virgin Islands 
0.0005 0.97 23 0.152 0.485 
Barbados – 1391 Lesser Antilles -0.0015 0.64 36 1.207 0.570 
Florida Keys – 30 Florida Keys -0.00267 0.79 15 0.025 0.000 
US Virgin Islands: 
St John – 1278 
Puerto Rico & 
Virgin Islands 
-0.0029 0.13 54 0.160 0.078 
Florida Keys – 37 Florida Keys -0.0032 0.65 34 0.011 0.070 
US Virgin Islands: 
St Croix – 1287 
Puerto Rico & 
Virgin Islands 
-0.00387 0.88 20 0.083 0.000 
Florida Keys – 41 Florida Keys -0.00395 0.44 70 0.023 0.370 
Florida Keys – 11 Florida Keys -0.00401 0.60 101 0.008 0.000 
US Virgin Islands: 
St Croix – 1293 
Puerto Rico & 
Virgin Islands 
-0.00499 <0.001*
* 
211 0.282 0.450 
Florida Keys – 45 Florida Keys -0.0051 0.08 46 0.021 0.150 
Tobago – 1395 Lesser Antilles -0.00538 0.71 177 0.012 0.040 
Panama – 1493 Panama -0.0069 <0.001*
* 
381 0.070 0.492 
Florida Keys – 24 Florida Keys -0.00722 0.67 11 0.002 0.004 
Florida Keys – 43 Florida Keys -0.01139 0.03* 27 0.032 0.580 
Belize – 1796 Mesoamerican 
Barrier Reef 
-0.01852 0.02* 19 0.055 0.100 
Puerto Rico – 1236 Puerto Rico & 
Virgin Islands 
-0.01859 0.01* 43 0.085 0.000 
Jamaica – 1667 Jamaica & 
Cayman Islands 
-0.02023 0.18 16 0.294 0.634 
San Andres Island 
– 1631 
Central 
Caribbean 
-0.02181 0.07 19 0.120 0.116 
US Virgin Islands: 
St Thomas – 1273 
Puerto Rico & 
Virgin Islands 
-0.02744 0.056 36 0.059 0.000 
US Virgin Islands: 
St Croix – 1283 
Puerto Rico & 
Virgin Islands 
-0.04163 <0.001*
* 
18 0.048 0.000 
Tobago – 1396 Lesser Antilles -0.08 <0.0001
*** 
26 0.0003 0.010 
* Significant at p < 0.05,   ** Significant at p < 0.01  *** Significant at p < 0.001 
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Results Summary 
Due to concerns of unreliability in some of the estimates obtained for exponential recovery rate r, 
only the nine reef regions and 19 10km2 reef nodes marked in black in tables 3.3 and 3.4 were carried 
forward for analyses relating population recovery to initial post mortality population abundance and 
ecosystem characteristics. For analyses relating mean post-mortality abundance a, to ecosystem 
characteristics, all 15 regions and 44 reef nodes were included. Table 3.3 provides a summary of the 
results and the following plots relate to these data. Model outputs and diagnostic plots for each 
analysis can be found in Appendix I.  
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Table 3.3 Summary of results (excluding regions and nodes with poor r estimations) from statistical analyses of linear models comparing Diadema antillarum 
exponential recovery rates, r and mean post mortality population abundances a, to initial post mortality population densities P0 and ecosystem characteristics, 
at both a regional and local (10km2 reef node) spatial scale. 
  Reef Region 10km
2
 Reef Node 
  Post mortality abundance, a Exponential recovery rate, r Post mortality abundance, a Exponential recovery rate, r 
  Slope P df Slope P df Slope P df slope P df 
Initial 
abundance P0 
    -0.034 0.255 7    -0.034 0.02* 17 
(wt)    0.001 0.949 7    0.001 0.892 17 
External larval 
supply 
 -8.07 0.69 13 -0.014 0.971 7 -8.13 0.002** 42 0.002 0.95 17 
(wt)    0.140 0.327 7    -0.046 0.038* 17 
Total larval 
supply 
 0.8 <0.001*** 13 0.002 0.738 7 0.77 <0.001*** 42 -0.003 0.114 17 
(wt)    -0.002 0.326 7    0.002 0.306 17 
Predatory fish 
 -1.09 0.08 11 0.002 0.786 6 -0.62 <0.001*** 24 0.0004 0.864 11 
(wt)    0.002 0.636 6    -0.001 0.751 11 
Habitat 
Complexity 
       -0.015 0.08 20 -0.00006 0.614 11 
(wt)          -0.0002 0.170 11 
Herbivorous 
fish  
 -0.018 0.98 11 0.001 0.801 6 -0.34 0.42 24 -0.006 0.300 11 
(wt)    -0.010 0.039* 6    -0.006 0.134 11 
Macroalgae 
 0.001 0.86 11 0.00001 0.824 6 0.004 0.07 27 0.000002 0.950 12 
(wt)    0.0001 0.044* 6    0.00002 0.336 12 
* Significant at p < 0.05,   ** Significant at p < 0.01  *** Significant at p < 0.001  (wt):  analyses waited by 1/variance in estimate of r 
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It is acknowledged that inclusion or exclusion of locations deemed to give an unreliable estimate of 
exponential population recovery r is somewhat subjective. In an attempt to address this, and to better 
support the overall conclusions of the study, analyses concerning population recovery rates were also 
carried out using two alternative sets of location data; 1) the full suite of data including all 15 reef 
regions and 44 10km2 reef nodes, and 2) a minimal data set including only the six reef regions and ten 
10km2 reef nodes for which there were available D. antillarum data immediately following the mass 
mortality event. Table 3.4 summarises the statistical analyses relating recovery rates to initial post 
mortality population densities and ecosystem characteristics with these two alternative data sets, and 
demonstrates how most of the key conclusions from the study are unaffected by the inclusion or 
removal of some data.  
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Table 3.4 Summary of results from statistical analyses of linear models relating Diadema antillarum exponential recovery rates r, to initial post mortality 
population abundances and ecosystem characteristics using two alternative data sets of reef regions and 10km2 reef nodes. These data demonstrate how 
different criteria for including or excluding “good” estimates of r, have limited impact on overall patterns. 
  Reef Region 10km2 Reef Node 
  Including all locations Excluding no early data Including all locations Excluding no early data 
  Slope P df Slope P df Slope P df slope P df 
Initial 
abundance P0 
 -0.147 0.23 13 -0.021 0.494 4 -0.007 0.67 42 -0.017 0.214 8 
(wt) 0.0003 0.98 13 0.003 0.836 4 0.05 <0.001*** 42 0.006 0.695 8 
External larval 
supply 
 -0.750 0.32 13 -0.057 0.778 4 -0.06 0.55 42 -0.047 0.216 8 
(wt) 0.120 0.31 13 0.144 0.306 4 -0.12 0.19 42 -0.08 0.006** 8 
Total larval 
supply 
 0.008 0.47 13 -0.003 0.299 4 -0.01 0.16 42 0.003 0.163 8 
(wt) -0.002 0.27 13 -0.003 0.269 4 0.01 0.31 42 0.005 0.110 8 
Predatory fish 
 -0.023 0.34 11 0.004 0.587 4 0.002 0.47 24 -0.002 0.401 5 
(wt) 0.003 0.57 11 0.003 0.645 4 -0.001 0.49 24 -0.003 0.382 5 
Habitat 
Complexity 
       -0.00003 0.66 20 -0.0004 0.106 3 
(wt)       -0.0001 0.16 20 -0.0004 0.405 3 
Herbivorous 
fish  
 -0.008 0.75 11 0.007 0.437 4 -0.003 0.5 24 0.033 0.511 5 
(wt) -0.009 0.06 11 -0.009 0.101 4 -0.006 0.04* 24 -0.006 0.307 5 
Macroalgae 
 0.0003 0.05 11 -0.000003 0.976 4 -0.002 0.51 27 0.00001 0.559 5 
(wt) 0.0001 0.04* 11 0.000008 0.06 4 0.003 0.30 27 0.00002 0.367 5 
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Results in detail 
Initial post mortality population abundance, P0 
Using the afore-described subset of the most reliable data for D. antillarum population recovery and 
initial post-mortality population abundance, results indicate a negative effect of initial post-mortality 
population density on the rate of population recovery. This is a result which is indicative of 
compensatory, rather than depensatory density dependence. The result is contrary to what we would 
expect if depensatory density dependent processes relating to fertilisation success, larval settlement or 
predation mortality were having a demographic impact on recovery. Figure 3.5 shows data for both 
regional and local (10km2) scale analyses, demonstrating a non-significant negative pattern at the 
regional scale and a significant negative relationship at the local scale.  
     
a.      b. 
Figure 3.5 The relationship between Diadema antillarum exponential recovery rate r, and initial post 
mortality population density P0 (specifically, the first available data point from which recovery rate is 
estimated), at a regional (a.) and local (10km2 reef node, b.) spatial scale. The solid line in panel b 
represents a significant negative correlation resulting from a linear model fit (p = 0.02, d.f.  = 17); 
error bars represent ± 1 standard error associated with the estimation of r. 
It should be acknowledged that in weighted analyses, the negative trend and significance 
thereof does not hold true. Similarly, examination of the two alternative subsets of data 
described on page 97 (see also, Table 3.4) do not give clear results. There remains some doubt 
therefore about whether initial post-mortality population density is responsible for 
compensatory density dependence in population recovery rates.  
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Population closure 
Transition matrices from the larval connectivity model of Kool et al.(2010) show that at the regional 
scale, D. antillarum populations receive less than 10% of their larval supply from an external source 
and therefore exhibit very high levels of population closure. The results of this study suggest that 
variation in the small proportion of larvae that does come from an external source has no significant 
effect on either recovery rates or post-mortality population abundance at a regional scale since all 
statistical analyses carried out to investigate the relationship yield non-significant results (Tables 3.3 
and 3.4).  
However, at a local scale (10km2 reef node), the larval connectivity model of Kool et al. (2010), 
shows that populations receive a much greater proportion of their larval supply from an external 
source; more than 50% in all cases, and sometimes as much as 100%. At this scale, results indicate 
that both population recovery rates r, and mean post mortality population abundances a, decline with 
an increasing proportion of external larval supply (Figure 3.6). For recovery, the relationship is only 
significant when analyses are weighted with respect to the reliability of the estimate of r, and should 
be interpreted with some caution. In any case, the results suggest that local larval retention, rather than 
external supply could be an important factor for promoting recovery and higher population size. 
Figure 3.6 is colour coded by reef region to show an additional point of interest which is that the 
Florida Keys in particular show limited larval retention.  
Examination of tables 3.3 and 3.4 shows how this pattern is somewhat variable depending on the 
dataset carried forward for analysis. Significance of the correlation is lost when more data are 
included or excluded based on the reliability of the r estimate and consequently, conclusions should 
be formed with some caution. It is worthy to note however that in the majority of cases, the general 
trend is negative. 
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a.      b. 
  
Figure 3.6 The relationship between Diadema antillarum exponential recover r (a) and post-mortality 
population abundance a (b), and larval connectivity at a local (10km2 reef node) scale. Solid lines 
represents significant negative relationship associated with a linear regression model (a. weighted fit: 
p = 0.038, d.f. = 17, b. p = 0.002, d.f. = 42). D. antillarum post-mortality population abundance was 
log-transformed prior to analysis and is presented on a log scale (for diagnostic plots see appendix 
Appendix I, Figure A1.3). 
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Larval supply 
Results show no clear relationship between D. antillarum recovery rates r, and larval supply at either 
a regional or local scale.  
However, at both a regional and local scale, D. antillarum mean post mortality population abundance 
a, increases in response to total larval supply (Figure 3.7a and b). This is to be expected because total 
larval supply is estimated using the data for mean post mortality population abundance at a regional 
scale and connectivity models demonstrate that populations are highly self-recruiting at this scale.  
  
a.      b. 
 
Figure 3.7 The relationship between Diadema antillarum mean post mortality population abundance 
a, and larval supply at both a regional (a) and local (b) scale. Solid lines represent significant positive 
relationships associated with linear regression models, where both variables are log-transformed and 
presented on a log scale (p < 0.001, d.f. = 13, p < 0.001, d.f. = 42, respectively). 
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Predatory fish abundance 
The results of this study find no statistically significant relationships between D. antillarum 
exponential recovery rate r, and predatory (invertivorous) fish biomass.  
However, at both a regional and local scale, D. antillarum mean post-mortality population abundance 
a, declines with predatory fish abundance (Figure 3.8). At the local scale, the result is highly 
statistically significant (Figure 3.8b). 
   
a.      b. 
Figure 3.8 The relationship between Diadema antillarum mean post-mortality population abundance 
a, and mean invertivorous fish biomass density at both a regional (a) and a local (b. 10km2 reef node) 
spatial scale. Lines represent the fit of linear regression models with the solid line in 3.8b being 
statistically significant (p < 0.001, d.f.  = 24) but the dashed line in 3.8a demonstrating a non-
significant (but close to significant) trend. Both variables were log-transformed prior to analyses and 
are presented on a log scale. 
Habitat Structural Complexity 
On inspection of the available habitat structural complexity data from AGRRA, a relationship with D. 
antillarum recovery rates r, and mean post mortality population abundances a, at the regional scale 
was not tested because data were scarce and the variability in habitat complexity within regions was 
greater than that detectable between regions (Figure 3.9). 
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Figure 3.9 Variability in habitat structural complexity between Caribbean reef regions using data 
available from the Atlantic and Gulf Rapid Reef Assessment (AGGRA) database (Marks 2007). (FLK 
- The Florida Keys; CBS – Cuba South; HPN – Hispaniola; PR – Puerto Rico and the Virgin Islands; 
PAN – Panama; CBB – Central Caribbean; JAM – Jamaica, the Cayman Islands and Swan Island and 
MBR – Roatan and the Mesoamerican Barrier Reef) 
Analyses at the local scale (10km2 reef nodes) showed no significant effect of habitat structural 
complexity on either exponential recovery rate r, or mean post mortality population abundance a.  
Herbivorous fish abundance 
Results relating herbivorous fish abundance to D. antillarum exponential population recovery rates r, 
and mean post-mortality population abundances a, are somewhat variable depending on the scale of 
analysis and the subsets of data used. Having said this, the majority of analyses indicate a negative 
effect of herbivorous fish on recovery rates and the only statistically significant result (using the 
“best” subset of data) is for such a correlation at the reef region scale (Figure 3.10). The general 
negative trend and this one significant result, suggest that interspecific resource competition could be 
an important driver of population recovery. In Figure 3.10, the outlier represents the reef region of 
South America East which includes locations such as the Netherlands Antilles (Aruba, Bonaire and 
Curacao). These locations appear to have very high abundances of herbivorous fish but also 
comparatively high D. antillarum recovery rates. This is an interesting dynamic which may in part be 
attributable to the generally good health and high structural complexity of coral reefs in the region 
which is rarely subjected to disturbance from hurricanes {Sandin, 2008 #458}. 
It is possible that the abundance of herbivorous fish is linked to the abundance of predatory fish, and 
that this plays a role in the results found. However, examination of data for total fish abundance 
(predators and herbivores together) did not yield the same pattern. 
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Figure 3.10 The relationship between Diadema antillarum exponential recovery rate, r and 
herbivorous fish biomass density at a regional scale. The solid line represents a significant negative 
correlation associated with a weighted linear regression model (p = 0.039, d.f.  = 6) where 
herbivorous fish biomass density has been log-transformed (See Appendix I for diagnostic plots). 
Error bars are ± 1 standard error associated with estimates of r.  
Macroalgae 
At a regional scale, D. antillarum recovery rate increases in response to macroalgal abundance (if 
analyses are weighted; Figure 3.11) suggesting that rather than having a negative impact on recovery 
(by preventing larval settlement), macroalgal might instead has some positive influence.  
There is no such relationship at a local spatial scale and different data sets yield different results, 
though never significantly negative correlations. Therefore, the conclusion that macroalgae could 
have a positive influence on recovery rates should be taken with some caution but represents an 
interesting avenue for further investigation.  
At both a regional and local scale, there is no significant effect of macroalgal abundance on D. 
antillarum mean post-mortality population abundance a. 
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Figure 3.11 The relationship between Diadema antillarum exponential recovery rate and mean 
macroalgal abundance at a regional scale. The solid line represents a statistically significant 
correlation associated with the model fit weighted by 1 / variance in the estimation of r (p = 0.044, 
d.f.  = 6) 
Human threat  
Examining the D. antillarum data with respect to human threats demonstrated that mean population 
densities were greatest in locations with a very high threat, followed by locations with high, then 
medium and then low threat. The pattern is consistent both prior to and since the mass mortality event 
(Figure 3.12).  
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a.      b. 
Figure 3.12 Diadema antillarum mean population densities in locations classified as having very 
high, high, medium or low levels of human threat both prior to (a) and since  (b) the mass mortality 
event. Error bars indicate 95% confidence intervals associated with mean densities. Note differences 
in the scale of the y axis indicative of much lower population densities post mortality.   
 
Attempting to estimate exponential population recovery rates r, for density data sub-divided into the 
four levels of human threat, proved troublesome. Because a number of different regions were included 
in each level of threat there was so much variability in the data that it was not possible to obtain 
reliable estimates of r.  
As an alternative method of assessing the impact of human threat on recovery rates, the 44 10km2 reef 
nodes examined in this study were assigned a level of human threat and then comparisons were made. 
Results demonstrated that recovery rates were not significantly impacted by human threat (Figure 
3.13a). For the sake of consistency, the same method of analysis was also used for mean post-
mortality population abundances but in this case the original pattern held true; more sea urchins in 
highly impacted locations (Figure 3.13b). These results suggest that human activities promote some 
environmental characteristic which allows for increased population densities of D. antillarum, though 
not necessarily for increased rates of population growth.  
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a.      b. 
Figure 3.13 Diadema antillarum population recovery rates (a) and post mortality population 
abundances (b) in 44 10km2 reef regions classified as experiencing very high, high, medium or low 
levels of human threat (as classified by the World Resources Institute (Burke and Maidens 2004).  
Temporal Discontinuities in recovery dynamics 
Regional data were examined under an assumption of non-continuous population change by fitting 
segmented linear regression models. Results demonstrated that five of the15 Caribbean regions 
examined exhibited significant breakpoints representing changes in population growth since the 1983 
mass mortality event (Figure 3.14).  
Population dynamic models (Chapter 2) suggest that a sudden change in population growth rate could 
be indicative of depensatory density dependence, or a habitat cultivation effect which determines a 
switch in stable abundance state dependent on population density. However, looking closely at the 
plots in figure 3.14, breakpoints do not appear to be associated with a specific population density. 
Instead, in four of the five cases; The Florida Keys, South America East, Puerto Rico and the Virgin 
Islands and The Lesser Antilles, breakpoints appear at similar times. There is a common change in 
growth rate between 197 and 230 months post mortality (years 1999 – 2002 and interestingly, 1999 
represents a time of significant natural disturbance in the Caribbean. It was the most active hurricane 
season on record and November saw the impact of hurricane Lenny, a force four storm which spread 
east to west through the centre of the region for a duration previously and since unrivalled. The four 
regions of interest here also happen to be the most easterly locations examined in our study and it is 
likely that they would have been some of the worst affected by hurricane Lenny.  
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Figure 3.14 Time series data for Diadema antillarum in 5 regions of the Caribbean. Model fits are 
from segmented linear regression models and points and errors at the top of each figure represent 
significant breakpoints where population recovery rates show a distinct change in magnitude. Time 
zero represents the 1983 mass mortality event. 
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Discussion 
By synthesizing the available data for D. antillarum population abundance from the past three 
decades, this study has been able to quantify rates of population recovery and confirm qualitative 
reports of regional and local variation in recovery dynamics and post mortality population 
abundances.  
Evidence for depensatory density dependence 
This study finds little evidence to support the common hypothesis that depensatory density 
dependence is responsible for preventing widespread D. antillarum recovery. Sub-populations with 
higher population densities immediately following the mass mortality are not demonstrated to recover 
any faster than those whose densities were initially the lowest. In fact, to the contrary, results suggest 
that D. antillarum sub-populations which had the lowest population densities immediately following 
the mass mortality event have the highest rates of population recovery, a pattern indicative of 
compensatory density dependence. Additionally, on examination of temporal discontinuities, no 
common threshold population density which determines a significant change in recovery rate could be 
identified. These results seem to contradict previous studies (Karlson and Levitan 1990; Lessios 2005; 
Carpenter and Edmunds 2006), though these focus on specific vital rates rather than demographic 
patterns. In any case, results do not mean that there are not components of depensatory density 
dependence in D. antillarum biological processes, only that their influence on recovery dynamics is 
not significant. Components of depensation can commonly exist within the biology of a species 
without causing identifiable demographic effects (Gascoigne and Lipcius 2004; Deredec and 
Courchamp 2007) and numerous processes, for example larval dispersal, can reduce their impacts 
significantly (Hill, Hastings et al. 2002).  
Larval connectivity and larval supply 
This is the first known study to relate estimates of larval connectivity and supply to D. antillarum 
rates of population recovery and abundance. Limited larval supply has been implicated as a key driver 
in D. antillarum recovery dynamics in Panama (Lessios 1988) and the Florida Keys (Miller, Kramer 
et al. 2009) because of depensatory density dependence in fertilisation success (Levitan 1991) and a 
lack of sufficient external larval supply. Findings from this study present some interesting insights 
into the validity of these claims and the processes which determine larval supply.  
The larval connectivity models of Kool et al (2010), demonstrate that at a regional scale, D. 
antillarum populations are almost entirely self-recruiting. So, Panama receives larvae only from 
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Panama, the Florida Keys receive larvae only from the Florida Keys, etc. So, if there are no patches of 
reproducing sea urchins within these regions then indeed they could be limited by larval supply due to 
depensatory density dependence in fertilisation success.  
The scaling of these analyses is somewhat misleading however, since The Lesser Antilles is 
considered as one reef region, but is, in fact, made up of numerous small islands, each of which could 
support different populations of D. antillarum that receive external larvae from various, more local 
sources.  
Examining larval connectivity at a finer spatial scale (between 10km2 reef nodes) provides more 
meaningful insights which seem counter-intuitive to predictions. Locations that are well connected 
and receive significant proportional external larval supply, demonstrated the lowest population 
abundances of D. antillarum. External larval supply then is not an important driver of population 
abundance but instead, retention of larvae within the local population is.  
If we examine results more closely we see that localities within the Florida Keys show almost 
complete external larval supply, and therefore very little local larval retention. In contrast, island 
localities such as Puerto Rico, Dominica and the Virgin Islands exhibit much greater levels of larval 
retention. If larval retention is a key determinant of population abundance and is reduced in bigger 
reef systems such as the Florida Keys then these locations may indeed be suffering from larval 
limitation, not because they receive no external larval supply but because they fail to retain what little 
larvae they can produce. 
Estimates of total larval supply examined in this study are somewhat crude because they are based on 
mean post-mortality population abundances of D. antillarum at the regional scale. Due to almost 
complete larval retention at this scale, it is of little surprise or interest to find a positive correlation 
between abundance and larval supply.  
Predator abundance and predation pressure 
This study provides presents evidence that D. antillarum population abundances are reduced in 
relation to the biomass density of predatory fish at both a regional and local scale. Results support 
numerous studies in California and the Aleutian islands which demonstrate that predation controls sea 
urchin abundance in kelp beds (Lowry and Pearse 1973; Estes and Palmisan 1974; Kenner 1992). The 
results also support studies with Echinometra mathaei in Kenya (McClanahan and Muthiga 1989; 
McClanahan 1998; Carreiro-Silva and McClanahan 2001) and D. antillarum in the Caribbean (Hay 
1984; Hughes 1994; Harborne, Renaud et al. 2009) which show increased densities of sea urchins in 
locations where fishing has reduced the abundance of predatory fish. It is relevant to note that Jamaica 
is one of most highly overfished locations in the Caribbean (Hughes 1994) and has historically 
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(Sammarco, Levinton et al. 1974; Sammarco 1980) and recently (Carpenter and Edmunds 2006) 
harboured some of the highest population densities of D. antillarum. In contrast, fishing pressure in 
the Florida Keys, though still intense is more strictly managed and there is an extensive array of 
marine sanctuaries (Chiappone, Swanson et al. 2002).  D. antillarum populations in the Florida Keys 
were (Bauer 1976; Bauer 1980), and still are (Chiappone, Swanson et al. 2002; Chiappone, Swanson 
et al. 2002) some of the lowest observed in the region.  
Though D. antillarum population sizes are correlated with predator abundance, no evidence is found 
to suggest that rates of population recovery respond in the same way. This indicates that predation 
pressure is likely to be a limiting factor controlling population abundance but unless it has changed 
significantly since the mass mortality event, it is unlikely to be a key cause of low or limited 
population recovery.  
In addition to predator abundance, habitat structural complexity and therefore refuge availability is 
likely to be a significant determinant of predation pressure. This study was unable to draw 
conclusions pertaining to the effect of complexity on either D. antillarum recovery rates or post 
mortality abundance. At the spatial scales considered in these analyses, complexity is likely to vary 
significantly and more local-scale studies are required to really understand its impact on population 
dynamics.  
Resource availability and competition 
Though results of these analyses are variable at the two spatial scales examined, this study suggests 
that rates of D. antillarum recovery could be increased in the absence of herbivorous fish and in the 
presence of macroalgae.  
Increased recovery where herbivore biomass density is reduced indicates that resource competition 
could be an important driver of D. antillarum population growth. It has been shown that herbivorous 
fish act as direct competitors with D. antillarum (Hay and Taylor 1985; Carpenter 1990b) but this is 
the first study to demonstrate their potential to affect recovery rates. Studies have suggested that 
herbivorous fish abundance has increased in some locations since the mass mortality event (Carpenter 
1990a; Robertson 1991) and if this is the case, resource competition will have increased and may be a 
cause of slow D. antillarum recovery rates. Having said this, it does seem counter-intuitive that 
resource competition should be of importance following the mass mortality event given that 
macroalgae has increased in abundance throughout the region (Aronson and Precht 2000) and 
intraspecific competition has been drastically reduced. If macroalgae is food for D. antillarum then 
one would assume that resources now are more abundant than ever and should not be limiting 
population growth, even if competitor abundances have shown some increase. One explanation is that 
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macroalgae is not a reliable indicator of D. antillarum resource availability. Indeed, studies have 
shown that D. antillarum do not preferentially feed on macroalgae but rather on algal turf (Carpenter 
1981);  the abundance of which may have been reduced since the 1983 mass mortality event (Aronson 
and Precht 2000). There is little doubt that D. antillarum control macroalgal abundance by preventing 
its growth and that they can feed on it and actively reduce its abundance to reverse the phase shift 
(Edmunds and Carpenter 2001; Solandt and Campbell 2001) but if macroalgae is not a preferred food 
type then there remains the possibility that competition from herbivorous fish for algal turf or specific 
algal species that have not increased in abundance since 1983 could still be significant. Why else 
might D. antillarum recovery rates be positively correlated with macroalgae? 
Population dynamic modelling in Chapter 2 suggested that macroalgae could reduce D. antillarum 
recovery rates because of a possible inhibitory effect of macroalgae on larval settlement (Chapter 2; 
(Bak 1985)). Results of this study suggest however, that this is not the case, or if macroalgae does 
have a negative impact on larval settlement then it is not a factor which limits population recovery. 
Perhaps then, macroalgae has some positive impact on D. antillarum? It could be a food source for 
example, and recovery rate patterns could reflect a reduction in resource competition where 
macroalgae is most abundant. Alternatively, macroalgae may promote recovery through mechanisms 
of reduced predation risk. A study of juvenile predation risk in the purple sea urchin Paracentrotus 
lividus showed that a fleshy macroalgal canopy provided an effective predation refuge from visually 
hunting fish (Hereu, Zabala et al. 2005). If juvenile D. antillarum can similarly take refuge in 
macroalgae then this could explain the observed trend. Macroalgal removal studies in Kenya also 
demonstrate that habitats overgrown with algae support reduced abundances of reef fish, including 
predators such as triggerfish (McClanahan, Hendrick et al. 1999), which are known to be capable of 
eating sea urchins, including D. antillarum (Randall, Schroeder et al. 1964). If macroalgal dominance 
similarly reduces predatory fish abundance in the Caribbean then it represents another mechanism for 
reduced predation risk in relation to macroalgal abundance. 
Human threat  
Having identified competition and macroalgae as important drivers of D. antillarum recovery and 
predation pressure as a key limiting factor, it is not surprising to find that human threats which include 
overfishing and pollution can have a positive influence on D. antillarum population abundance. 
Threatened habitats are likely to exhibit unhealthy characteristics such as reduced abundances of reef 
fish and increased abundances of algae which are beneficial for D. antillarum. The results support 
studies which demonstrate that D. antillarum populations are greater outside of marine reserves which 
are protected from activities such as overfishing (Harborne, Renaud et al. 2009). 
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The implications of these findings with regard to future population recovery and Caribbean coral reef 
restoration are somewhat confusing. Poor quality habitats are beneficial for D. antillarum and yet we 
want D. antillarum to promote coral reef health and restoration in more protected locations through 
increased herbivory. The fact that the pattern is consistent prior to the mass mortality event perhaps 
provides the key and hope for restoration goals. It is likely that D. antillarum have always favoured 
threatened locations which exhibit reduced fish abundances and high levels of algae. So perhaps their 
abundance on more healthy coral reefs prior to the mass mortality event was representative of an 
overflow from more suitable, unhealthy locations? If this is the case then we should expect to see the 
same pattern as time goes by and population densities continue to grow in threatened habitats.  
Distinct changes in population growth in the Florida Keys, the Lesser Antilles, South America East 
and Puerto Rico and the Virgin Islands all occurred between 1999 and 2002, around the same time 
that they were hit by hurricane Lenny. But why would a hurricane cause an increase in D. antillarum 
population abundance?  
The same time period can be identified in meta-analyses relating to Caribbean reef fish abundance and 
habitat structural complexity. The period 1996-2000 is when reef fish abundance was declining at its 
highest rate on record (Figure 3.15a; (Paddack, Reynolds et al. 2009)) and 1999 saw the beginning of 
a steady period of decline in habitat structural complexity (Figure 3.15b; (Alvarez-Filip, Dulvy et al. 
2009)). Habitat complexity and reef fish are both likely to have been impacted by the effects of 
Hurricane Lenny and it is interesting to be able to compare changes in these factors with D. 
antillarum dynamics following such a disturbance. Identifying drivers of D. antillarum population 
dynamics from this information is difficult however and though possibilities are discussed, it is not 
possible to reliably infer cause and effect. Other results of this study would suggest for example that a 
reduction in fish abundance could perceivably cause an increase in D. antillarum through reduced 
predation or competition. Similarly if structural complexity provides predation refuges for D. 
antillarum then its continuous slow rate of decline since 1999 might be responsible for the slowing of 
any such population growth the Florida Keys, the Lesser Antilles and Puerto Rico and the Virgin 
Islands following the initial increase. 
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Figure 3.15 Plots showing significant decline in reef fish abundance (a) and structural complexity (b) 
across the Caribbean around the year 1999. Plots are taken from meta-analyses carried out by Paddack 
et al. (2009) and Alvarez-Filip et al. (2009) respectively. 
Implications for population recovery 
The results of this study implicate density independent characteristics, rather than depensatory density 
dependent processes as the key drivers of D. antillarum recovery dynamics. Specifically, predatory 
fish abundance and local retention of larvae are implicated as determinants of D. antillarum 
population abundance whereas reduced competition and increased macroalgal abundance might be 
drivers of population recovery. Human threats and natural disturbances have, and will cause elevated 
abundances of D. antillarum, possibly due to their negative impacts on reef fish abundance and 
macroalgal overgrowth but they do not necessarily promote rates of recovery. Future regional and 
local patterns of recovery are likely to be associated with variation in ecosystem characteristics and 
habitat quality. Promoting widespread recovery of D. antillarum will therefore require protection of 
habitats supporting established D. antillarum populations, promotion of reef complexity to provide 
effective predation refuges and rebuilding strategies which take into account these identified 
important ecosystem characteristics during the planning phase. 
Limitations  
Meta-analyses and examination of all the available D. antillarum time series data since the 1983 mass 
mortality event are extremely valuable when investigating hypotheses and testing model predictions 
concerning the recovery dynamics of D. antillarum. This study provides insight into broad-scale 
patterns and potential drivers of recovery and challenges some previous assumptions about factors 
which have positive or negative impacts on population dynamics.  
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Conclusions drawn from this meta-analysis are based on a large number of published and unpublished 
datasets and though every effort has been made to source all relevant data, it is inevitable that some is 
not included. Grey literature is difficult to come by and some unpublished datasets were not made 
available for this study. The relatively high sample sizes examined and the widespread spatial 
representation of sites, means that my results ought to be robust and representative of general patterns 
throughout the Caribbean region. In addition, there is important variation in the methodologies of the 
numerous studies used. Temporal data availability, sampling effort and replication all differ between 
locations and within individual studies. Employing the technique of meta-analysis controls for this 
variation as much as possible however, and allows us to make use of and gain understanding from this 
extensive and invaluable population data for D. antillarum.  
There is noteworthy uncertainty associated with estimates of initial population density P0 in this 
study. Some locations included in analyses do not have data immediately following the mass mortality 
event, for example. Though every effort has been made to exclude those locations for which the 
uncertainty is deemed too great, conclusions concerning the impact of initial post-mortality population 
density on population recovery rates should be considered with some caution. There would be great 
benefit in additional experimental studies to examine the effect of population density on population 
growth in D. antillarum.  
Another limitation in identifying depensatory density dependence could be the spatial scales at which 
recovery is estimated in this study. Large amounts of variability in datasets at both the regional and 
local scale could mask significant subtleties in population dynamics. Recovery may not be a 
continuous, smooth process for example but in the absence of more long-term localised time series 
data for D. antillarum, significantly improved analyses would be difficult. What’s more, the 
identification of ecosystem characteristics which do have significant impacts on population dynamics 
at this broad spatial scale indicates that these are likely to be drivers which are of a greater importance 
than depensatory density dependence, should it exist.     
Results relating to both herbivorous fish and macroalgae should be interpreted with some caution. 
Both factors have the potential to vary at a very fine spatial scale, the subtleties of which are lost in 
these more broad scale analyses. The limited data available from AGRRA demonstrate interesting and 
thought provoking patterns which challenge some of our previous assumptions about resources and 
the impact of macroalgae on D. antillarum recovery but to reliably confirm such patterns more 
detailed studies and experiments at a fine spatial scale are required. 
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Avenues for future research  
Data used in this study come solely from coral reef habitats and primarily from fore-reef surveys 
because these habitats are our biggest concern and receive our greatest attention. Given that D. 
antillarum populations are significantly affected by ecosystem characteristics such as predator and 
competitor abundance and resource availability however, to improve our understanding of the 
population dynamics of D. antillarum, there would be great value in expanding and diversifying the 
habitat types on which we focus future research and population monitoring. Are we looking for 
recovering D. antillarum in the right places or are there other locations with fewer predators, fewer 
competitors and more resources where populations are making their come-back?   
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Chapter 4 
 
Patterns of Diadema antillarum recovery 
in Curacao  
Introduction 
Population recovery of Diadema antillarum is variable across the Caribbean region (Chapter 3; 
(Chiappone, Swanson et al. 2002; Lessios 2005; Carpenter and Edmunds 2006), but also at finer 
spatial scales, within countries and even within reefs (Lessios 1988; Edmunds and Carpenter 2001; 
Cameron and Brodeur 2007). Fine-scale patchiness raises questions about what localised ecosystem 
characteristics favour D. antillarum recovery and persistence. Is patchiness attributable to differences 
in rates of recruitment and survival? How do ecosystem characteristics relate to population 
distributions? 
In an attempt to answer these questions, an extensive field study on the Caribbean island of Curacao, 
one of few locations demonstrating significant signs of D. antillarum recovery in recent years (Debrot 
and Nagelkerken 2006; Vermeij, Debrot et al. 2010) was carried out. Current D. antillarum 
populations in Curacao are extremely patchy and a reasonable archive of scientific research on the 
island makes it an ideal location for studying recovery patterns, spatial distributions and the fine scale 
processes and ecosystem characteristics that are responsible for driving them. 
Curacao is one of few locations in which D. antillarum populations have been studied both prior to 
(Bak and Vaneys 1975; Bak, Carpay et al. 1984; Bak 1985) and since the 1983 mass mortality event 
(Van der Hal 2005; Debrot and Nagelkerken 2006; Dame 2008; Vermeij, Debrot et al. 2010). Pre-
mortality population densities were much the same as elsewhere in the region, ranging from 3 to 20 
individuals per square metre (Bak and Vaneys 1975; Bauer 1980; Bak 1985). Like most other studies 
prior to 1983 (Randall, Schroeder et al. 1964; Sammarco, Levinton et al. 1974; Carpenter 1981), early 
research in Curacao focussed on the impact of D. antillatum on the benthic community; its role not 
only as a voracious herbivore but also significant bio-eroder of reef carbonate and a predator of live 
coral (Bak and Vaneys 1975; Bak, Carpay et al. 1984). In terms of distribution, pre-mortality 
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populations were variable in space (specifically being far fewer on the exposed windward shore and 
the isolated eastern point of the island (Bak 1985)) but sea urchins were generally found in all major 
habitats from shallow and deep coral reefs (Bak and Vaneys 1975; Bauer 1980; Bak, Carpay et al. 
1984) to inland bays (Teenstra 1986).  
Disease hit the D. antillarum population of Curacao on October 6th 1983 and spread to affect the entire 
island during the following weeks. Not all locations were surveyed pre- and post-mortality, but those 
that were showed population decreases between 98 and 100% (Bak, Carpay et al. 1984). The loss of 
D. antillarum in Curacao like elsewhere, preceded a significant increase in fleshy and filamentous 
algae on shallow reefs (Vansteveninck and Bak 1986) and a significant decrease in bio-erosion and 
structural complexity (Bak, Carpay et al. 1984). 
In 2002, an extensive survey study was carried out to document spatial patterns in D. antillarum 
recovery (Debrot and Nagelkerken 2006). Surveys were focussed on distinct habitat types at different 
depth gradients; exposed and sheltered reefs and natural and man-made lagoons. In 2005, surveys 
were carried out under a similar design, examining recovery in deep and shallow water at exposed and 
sheltered sites (Van der Hal 2005). These studies demonstrated not only that sea urchin population 
densities remained at least an order of magnitude lower than pre-mortality estimates but that recovery 
was restricted almost entirely to shallow, sheltered habitats. Very few sea urchins were encountered 
on the exposed forereef or in deeper water where they were previously ubiquitous (Bak and Vaneys 
1975; Bauer 1980; Bak, Carpay et al. 1984; Van der Hal 2005; Debrot and Nagelkerken 2006).  
Using data from these and earlier studies, Figure 4.1 demonstrates that prior to the mass mortality 
event urchins were found along a depth gradient of 0-12m (a) whereas recovering populations are 
largely restricted to shallow waters (b).   
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a.  b.  
Figure 4.1 Relationships between D. antillarum population density and depth before (a) and after (b) 
the 1983 mass mortality event. Pre-mortality estimates taken between 1974-1983 (Bak and Vaneys 
1975; Bauer 1980; Bak, Carpay et al. 1984) and post-mortality data taken in 1983, 2002 and 2005 
(Bak, Carpay et al. 1984; Bak 1985; Van der Hal 2005; Debrot and Nagelkerken 2006) . Post 
mortality data are fitted with an exponential relationship in which Log D. antillarum population 
density = -0.48 (± 0.10) * Depth, (p < 0.001, df = 29). 
Figure 4.2 uses data from shallow waters alone (< 10m) to demonstrate how recovery is also greatest 
in sheltered versus exposed sites.  
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Figure 4.2 Differences between D. antillarum population densities in sheltered and exposed locations 
before and since the 1983 mass mortality event, demonstrating no recovery at exposed locations. Data 
taken from (Bak and Vaneys 1975; Bauer 1980; Bak, Carpay et al. 1984; Bak 1985; Van der Hal 
2005; Debrot and Nagelkerken 2006; Marks 2007). Bars represent one standard error and are absent 
from sheltered sites pre mortality because these data come from only one available study. 
 
Meta-analyses (Chapter 3) provide evidence to suggest that larval retention and supply, predation 
pressure, herbivorous fish abundance and macroalgae are key ecosystem characteristics which 
promote recovery and / or abundance of D. antillarum. The question then, is whether variability in 
these characteristics is also responsible for the fine scale recovery patterns that we see in Curacao?  
Curacao is the only location for which we have information on D. antillarum larval settlement rates 
prior to, and since the mass mortality event (Bak 1985; Vermeij, Debrot et al. 2010). In 1982, Rolf 
Bak undertook the first study of larval settlement in D. antillarum. He aimed to determine whether 
differences in larval settlement rates could explain variation in adult numbers that he observed at two 
sites on the leeward shore of the island; one with high sea urchin density and one with few sea urchins 
(Bak 1985). He found that there were fewer settlers at the site with the smaller adult population and 
speculated that D. antillarum larvae show a settlement preference for locations with an existing adult 
population. Bak’s study could not conclude the mechanism for such a choice, but he thought that 
“clean” substrate, free from filamentous algae resulting from high grazing pressure was preferable for 
larval settlement. Bak’s hypotheses have been widely cited despite the fact that until very recently, no 
other studies had even monitored larval settlement of D. antillarum using the technique of settlement 
plates which provides complex, artificial habitat which is ideal for D. antillarum larval settlement 
(Miller, Kramer et al. 2009; Vermeij, Debrot et al. 2010).  
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In 2005, settlement plates similar to those described by Bak were used to assess post-mortality 
settlement rates of D. antillarum in Curacao (Vermeij, Debrot et al. 2010) and elsewhere in the 
Caribbean region (Miller, Kramer et al. 2009). In Curacao, estimates taken across seven study sites on 
the leeward shore showed that settlement rates had returned almost to pre-mortality levels (see Figure 
4.3; (Vermeij, Debrot et al. 2010)). This study was primarily concerned with changes in settlement 
over time, rather than variation in settlement among sites along the island. However, results did vary 
among sites and it is unclear what drives this variation and whether it could be responsible for the 
current patchy distribution of the adult population in Curacao. 
Regarding patterns of recovery in Curacao, the study presented here was primarily concerned with 
determining whether variation in larval settlement rates account for observed patchiness in adult 
population densities. However, by examining fine scale variation in larval settlement rates, it was also 
possible to explore whether local sea urchin abundance could be a key driver of settlement at a fine 
spatial scale, or whether other density independent characteristics are associated with patterns of 
larval settlement.  
Figure 4.3 D. antillarum settlement rates in Curacao, before and after the 1983 mass mortality event. 
Recreated from (Vermeij, Debrot et al. 2010). Letters above each bar indicate significant groupings 
based on post-hoc analyses (pair-wise KW test; P < 0.05). 
In addition to larval retention and supply, model predictions and meta-analyses suggest that predator 
abundance, refuge availability, resource availability and macroalgae are also key drivers of D. 
antillarum population dynamics.  
Meta-analyses carried out in Chapter 3, along with a recent study in the Bahamas showed that D. 
antillarum abundance was negatively correlated with predatory fish abundance and populations were 
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greater in locations which were highly overfished (Chapter 3; (Harborne, Renaud et al. 2009)). On 
Curacao there is one small commercial fishery for pelagic species, but most reef fish species for 
consumption are imported from Venezuela (Woodley, De Meyer et al. 1996). Subsistence fishing is 
widespread throughout the island, but is currently limited to illegal gill-netting and spear-fishing and 
legal hook and line fishing (Sandin, Sampayo et al. 2008). In general, there exist few quantitative data 
for reef fish communities of Curacao (Woodley, De Meyer et al. 1996). A recent survey suggests that 
abundance is high relative to other Caribbean locations, but community structure is such that more 
than 50% of total fish biomass is made up of planktivores, with predators making up less than 7% 
(Sandin, Sampayo et al. 2008). Extensive surveys carried out in 1998 showed that grunts, parrotfishes, 
surgeonfishes and butterflyfishes were the most common species and again that large bodied predators 
were low in abundance, size and diversity (Bruckner and Bruckner 2003). In general, reef fish 
community structure is far from pristine and the reefs of Curacao are considered to be overfished 
(Woodley, De Meyer et al. 1996). Indeed, in meta-analyses (Chapter 3) Curacao is classed as an 
overfished location and demonstrates high post-mortality abundances of D. antillarum overall. 
From the perspective of fine scale patchiness in D. antillarum recovery patterns, the focus of this 
study is not the total abundance of potential predators on Curacao, but rather their distribution. Are 
there more predators in exposed locations for example? It has been demonstrated that numerous reef 
species use inland bays and seagrass habitats as nursery grounds in Curacao (Dorenbosch, van Riel et 
al. 2004) and with this in mind it seems probable that size structure and species composition of fishes 
could differ between sheltered and exposed locations. 
 In 2006, a translocation study carried out with adult D. antillarum (mean test diameter 50.1 ± 4.5mm) 
in Curacao showed that sea urchins translocated to the exposed forereef from a more sheltered shore 
habitat suffered from extremely high levels of mortality, lasting rarely more than 24 hours in their 
new environment (Dame 2008). This suggests that despite overfishing, effective predators of 
relatively large D. antillarum are still present in Curacao. However, this study does not tell us whether 
predator abundance differs between sites. The translocation sites chosen were low relief sites with 
little structural complexity and mortality rates were significantly reduced when artificial structures 
were added to increase habitat complexity and provide refuges from predation (Dame 2008). The 
question then remains whether predator abundance differs between sheltered and exposed locations, 
or whether refuge availability was the driver of this result.  
Previous studies have shown that sea urchin population density is commonly associated with areas of 
high structural complexity (Ogden and Carpenter 1987; Lee 2006; Macia, Robinson et al. 2007) and 
that predation risk is reduced with increasing complexity and refuge availability (Carpenter 1984; 
Hereu, Zabala et al. 2005; Dame 2008). With respect to recovery patterns, the obvious question to ask 
is whether sheltered sites offer a greater abundance of predation refuges than exposed sites. Having 
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said this, quantification of refuge availability is likely to pose numerous problems; what makes a 
desirable refuge? What sizes of sea urchins and therefore refuges are we interested in? If refuges are 
suitably cryptic to be effective, can we hope to be able to identify and count them? A more simple 
question perhaps, is whether D. antillarum densities differ in low-relief (with few refuges) and 
complex sites (with numerous refuges) in sheltered versus exposed locations and this question is 
addressed in the survey design.  
Population dynamic models suggest that resource availability could have a significant impact on D. 
antillarum recovery rates and equilibrium population sizes due to an effect on growth rates and 
asymptotic body size (Chapter 2). D. antillarum feed preferentially on algal turf (Carpenter 1981) and 
prior to the mass mortality event, higher densities were observed in locations where algal productivity 
was high, for example close to sewage outlets (Bauer 1980). In addition, in a recent study examining 
the impact of nutrient enrichment on coral reefs, D. antillarum were observed to move into 
experimental patches with increased nutrient supply (Furman and Heck 2008). Herbivorous fish are 
known competitors of D. antillarum capable of grazing just as much, if not more algae over similar 
time periods (Hay and Taylor 1985; Carpenter 1990b). What’s more, meta-analyses indicate a 
negative effect of herbivorous fish on D. antillarum rates of population recovery across the Caribbean 
region (Chapter 3). Herbivorous fish abundance and algal growth rates were quantified at survey sites 
in Curacao to determine whether any observed recovery patterns and patchiness are associated with 
resource availability. 
Macroalgae has been suggested to have a negative impact on D. antillarum larval settlement rates 
(Bak 1985) and as such, has the potential to significantly reduce rates of D. antillarum population 
recovery, or even prevent recovery in locations which are very overgrown (Chapter 2). In addition, D. 
antillarum grazing significantly reduces the abundance of macroalgae and population density tends to 
be negatively correlated with macroalgal abundance (Carpenter 1986; Hunte, Cote et al. 1986; Levitan 
1988a). Macroalgal abundance was quantified at study sites in Curacao to determine whether recovery 
patterns and patchiness are negatively correlated with macroalgal abundance. 
Hypotheses  
This field study was designed utilising information about historical abundance, patterns of recovery 
and larval settlement in Curacao alongside predictions made by population dynamic models (Chapter 
2) and patterns identified through meta-analysis (Chapter 3). A two by two factorial design was 
employed in this study to disentangle influences of exposure; sheltered versus exposed, from habitat 
complexity; low-relief versus complex on D. antillarum population density. In addition, larval 
settlement rates, predator abundance, competitor abundance, algal growth and macroalgal abundance 
were quantified in the four resulting habitat types.  
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The first aim of the study was to confirm previously observed patterns (Debrot and Nagelkerken 
2006) that post-mortality populations of D. antillarum in Curacao are greatest in sheltered versus 
exposed locations. Sheltered locations were within or close to natural or man-made bays, whereas 
exposed locations were located on the fringing fore-reef close to the drop-off zone. In addition, the 
possibility that the observed pattern is not related to exposure but is driven by the fact that sheltered 
locations are higher in structural complexity than exposed locations was tested. To do this, both low-
relief (dominated by rubble) and structurally complex (dominated by coral and rock) habitats were 
considered in sheltered and exposed locations. Given previous studies, it was predicted that: 
1. Post mortality populations of D. antillarum in Curacao are greatest in: 
a. Sheltered (versus exposed) locations  
b. Structurally complex (versus low relief) habitats.  
An additional test was employed to confirm that refuge availability is greatest in the structurally 
complex versus low-relief habitats, by considering the cryptic behaviour of urchins in these 
environments with the prediction that: 
2. Urchin cryptic behaviour is greatest in structurally complex versus low-relief habitats. 
In an attempt to understand what processes and ecosystem characteristics are responsible for the 
patterns observed, I also investigated how the following are influenced by exposure (shelter versus 
exposure) and habitat complexity (low relief versus structurally complex):  
3. D. antillarum larval settlement rate 
 
4. The abundance of D. antillarum predators 
 
5. Turf algae growth 
 
6. The abundance of herbivorous fish 
 
7. The abundance of macroalgae  
 
To determine whether larval settlement is associated with adult cues, or whether adult population 
density is driven by larval settlement the following hypothesis was tested: 
8. D. antillarum larval settlement rates are not correlated with adult abundances  
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Methods 
Study Sites 
Curacao lies 40km off the coast of Venezuela. It is a small island (171 square miles) surrounded by 
fringing reef situated rarely further than 300m from the shore. The nature of the reef is such that there 
exists a shallow terrace of about 50m before a drop-off into deeper water at around 7-12m (Sandin, 
Sampayo et al. 2008). The northern, windward shore is subject to high winds and wave exposure but 
the leeward southern shore is calm and sheltered offering highly accessible shallow reef which attracts 
economically valuable dive tourism and extensive scientific research. The island lies outside of the 
main hurricane belt and with the exception of hurricane Lenny in 1999 (Bries, Debrot et al. 2004), is 
not generally subject to major disturbance from storms. As a result, relative to other Caribbean 
locations, live coral cover is high and reefs are considered to be some of the healthiest in the region 
(Sandin, Sampayo et al. 2008). This is a relative scale, however, and the reefs of Curacao, like most 
others throughout the Caribbean region, have experienced significant declines in coral cover, reef 
complexity (Nagelkerken, Vermonden et al. 2005) and reef fish abundance over the past five decades, 
accompanied by significant increases in macroalgal abundance (De Ruyter Van Steveninck and 
Breeman 1981). 
Surveys were carried out along the southern leeward shore of Curacao between May 25th and August 
27th 2010 at 20 sites spanning approximately 50km (Figure 4.4). 
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Figure 4.4 Map of Curacao showing the 20 survey locations on the leeward shore. 
Study sites were selected to reflect a two-way factorial experimental design allowing us to disentangle 
the influences of exposure; sheltered versus exposed, and habitat complexity; complex versus low-
relief. Sheltered sites were located within or close to natural or man-made bays, whereas exposed sites 
were located on the fringing reef, close to the drop-off zone. Breakwater habitats were included in the 
regimen, classed as complex, exposed sites due to their very nature in protecting the shore from wave 
damage. The limiting factor in selecting survey sites was the availability of suitable sheltered habitat, 
since there are only a finite number of accessible bay habitats on the leeward shore. Appropriate bay 
locations were spaced along the full length of the leeward shore and it was therefore necessary to 
cover the same geographical range when selecting exposed sites in order to reduce bias relating to 
geographical location.  
Given the prior knowledge that shallow depths are preferential habitat for recovering populations of 
D. antillarum (Carpenter and Edmunds 2006; Debrot and Nagelkerken 2006), all surveys were 
conducted at depths of 6.25m or less. As far as possible, surveys were carried out along the 3m depth 
contour but allowances had to be made for the availability of desired habitat types at this depth. 
Across all of the sites studied, depth varied by no more than 5.25m. Depth was accounted for as a 
covariate in all statistical analyses. 
At each survey site, transects 25m long by 4m wide were established and marked. For most sites, 
three transects were examined covering an area of 300m2. At some sites there was not enough 
69 ̊W 69 ̊ 45 
69 ̊ 
Sheltered - Low relief 
Sheltered – Complex 
Exposed – Low relief 
Exposed - Complex 
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appropriate habitat for three transects but in all cases a minimum of 100m2 was surveyed. For each 
treatment group (sheltered low-relief, sheltered complex, exposed low-relief and exposed complex), 
there was a minimum of three survey sites. The mean density across all transects within a site was 
calculated and then variance in these means within treatments was considered in statistical analyses. 
The experimental design resulted in a total of 20 study sites, whose geographical locations, mean 
depths and area surveyed can be found in Table a1 in Appendix III.  
Adult sea urchin census and behaviour 
Sites were initially surveyed in May and June, with the exception of Habitat reef rubble, Breezes reef, 
Water Factory reef, WTC breakwater and Water factory bay, all of which were surveyed only once, 
during August 2010. On the first visit, D. antillarum counts were made along the established belt 
transects and were converted to density estimates based upon the amount of area surveyed. The time 
taken to carry out searches was dependent on the nature of the habitat such that more complex 
environments required more search time to ensure as many sea urchins as possible were identified. 
Sea urchins smaller than ~10mm in test diameter are notoriously difficult to survey in the field due to 
their cryptic nature (Bak 1985) so the results of urchin surveys are a census of sea urchins greater than 
this size. When referring to adult abundance I will be referring to counts made in these censuses. A 
second sea urchin survey was conducted for all 15 of the original sites during August. At this point the 
additional five sites mentioned above were also surveyed. On the second visit, counts were repeated 
along the same transects but in addition, information was recorded about cryptic behaviour. A sea 
urchin was considered to be cryptic if it was under a rock or in a crevice with the majority of its test 
hidden from view. All sea urchin surveys were carried out during daylight hours (08.00 – 17.00) and 
it is therefore possible that a small number of individuals were missed if they were very well 
concealed. In all subsequent data analysis, the data for sea urchin surveys carried out in August are 
presented.   
Larval settlement rates 
To estimate settlement rates of D. antillarum settlement plates were constructed following the design 
originally used by Bak (Bak 1985). Each plate consisted of two sheets of plastic egg crate measuring 
approximately 60cm by 30cm with a sheet of white plastic sandwiched between. This resulted in 
approximately 1764 square cells per plate, each measuring 1.4 x 1.4 x 1cm. Settlement plates were 
deployed, at the centre of each established survey transect at the time that initial surveys were 
conducted between May 25th and June 11th.  Plates were in the water prior to predicted summer 
spawning peak in June and July (Bak 1985). For sites in which only one transect was possible, three 
settlement plates were still deployed (at the beginning, middle and end of the transect). Plates were 
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attached to the substrate by a buoyed rope (as in; Miller, Kramer et al. (2009)), 10cm above the 
substrate to ensure that recruits settled from the water column rather than migrating from the 
substrate. Settlement plates were checked at approximately monthly intervals over a three month 
period. On each check, all D. antillarum discovered were counted and removed. 
Reef fish abundance 
The fish species targeted in surveys included the 15 top predators of D. antillarum as identified by 
Randall 1964 (Randall, Schroeder et al. 1964) along with additional species (mainly wrasses) 
proposed to be D. antillarum predators (pers. comm., Mark Vermeij, Curacao 2010), and common 
herbivorous species which could act as resource competitors. Fish counts were made along 
established belt transects (25m long by 4m wide) using a method of visual identification. A trained 
SCUBA diver conducted an initial swim, at a speed of approximately 5m per minute, to record large, 
mobile species. This was the first activity carried out at any site to ensure that fish were not disturbed 
before they could be counted. A second swim was then made to record all site-attached or cryptic 
species. All fish lengths were estimated to the nearest 5cm so that they could be converted to biomass 
densities using allometric relationships (Bohnsack and Harper 1988). Table 4.1 lists target fish species 
along with mass length scaling parameters used to convert counts to biomass densities. Species are 
organised in relation to their potential impact as predators of, or competitors to D. antillarum.  
Table 4.1 Mass-length scaling parameters (α and β) for targeted fish species from Bohnsack and 
Harper, 1988. Mass, m, is approximated by the function;  where L is fish length obtained from 
surveys. Species are organised by their functional group; either predators of D. antillarum or 
herbivorous resource competitors.  
Species Α β Species α β 
PREDATORS   Halichoeres poeyi 0.010 3.13 
Sphoeroides spengleri 0.024 3.05 Thalassoma bifasciatum 0.011 2.92 
Anisotremus surinamensis 0.006 3.39 Halichoeres maculipinna 0.003 3.69 
Haemulon sciurus 0.019 3.00 Halichoeres bivittatus 0.011 3.09 
Haemulon carbonarium 0.015 3.06 Halichoeres garnoti 0.005 3.38 
Lachnolaimus maximus 0.020 2.99    
Calamus bajonado 0.046 2.82 COMPETITORS   
Canthidermis sufflamen 0.018 3.06 Sparisoma viride 0.025 2.92 
Halichoeres radiates 0.013 3.04 Scarus iserti 0.015 3.05 
Balistes vetula 0.027 2.99 Kyphosus sectatrix / incisor 0.017 3.08 
Haemulon macrostomum 0.024 3.03 Acanthurus coeruleus 0.042 2.83 
Bodianus rufus 0.014 3.05 Acanthurus chirurgus 0.004 3.53 
Diodon hystrix 0.285 2.35 Acanthurus bahianus 0.024 2.98 
Lactophrys bicaudalis 0.029 3.00 Scarus vetula 0.025 2.92 
Calamus calamus 0.013 3.18 Sparisoma aurofrenatum 0.005 3.43 
Haemulon plumierii 0.012 3.16 Sparisoma chrysopterum 0.010 3.17 
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Invertebrate predators  
On all surveys, counts of large potential D. antillarum invertebrate predators were made. These 
included; lobsters, crabs and octopi.  
Turf algae growth 
Settlement plates were used not only to quantify D. antillarum settlement rates, but also to estimate 
variation in turf algae growth between sites. After a period of eight weeks in the water, photographs of 
settlement plates were taken and then analysed using the software package Coral Point Count with 
Excel extensions (CPCE; Kohler and Gill(2006)). Turf algae was identified using the definition  that it 
is “1-10mm thick, often interspersed with sediment and comprising various species of diatoms, blue-
green algae and simple filamentous representatives of Phaecophycophyta and Rhodophycophyta.” 
(Carpenter 1981). Percent cover of turf algae was estimated based on 100 random points overlaying a 
total area of 864cm2 from two pictures, one on either side of each settlement plate. It is recognised 
that this is not the best available method of calculating turf algae growth and therefore should be 
considered only as a proxy for the parameter. The method was used because time and equipment 
constraints did not allow for a better quantification of turf algae growth. Figure 4.5 shows a plate 
which would receive a high score for turf algae a)., versus one which would receive a low score b).  
   
a.      b. 
Figure 4.5 Settlement plates after eight weeks in a location considered to have high turf algae growth 
a)., versus a location considered to have low turf algae growth b)., in Curacao in 2010 
Macroalgal abundance 
Percent cover of macroalgae was estimated in 0.25m2 quadrats (n=25) on each established belt 
transect during August 2010. Quadrats were positioned every metre along the 25m length of the 
transect, alternating through positions 1-4 along the width, as demonstrated by Figure 4.6. Quadrats 
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were divided into 25 squares (each representing 4% of the total cover) and the number of squares 
dominated by fleshy macroalgae was recorded. Results were then scaled up to represent the percent 
cover within a transect and then percentages were averaged across transects to give a mean percent 
cover per site. 
25m 
1    1    1    1    1    1    1 
 2    2    2    2    2    2    
  3    3    3    3    3    3   
   4    4    4    4    4    4  
 
Figure 4.6 Diagram demonstrating the locations at which quadrats were placed to estimate 
macroalgal percent cover, along a 25m belt transect. 
Statistical analysis 
The response variables considered in this study are continuous, but commonly include the value of 
zero. For example, D. antillarum, predatory fish and herbivorous fish counts are expressed as 
population densities to account for variability in survey area, but include instances where there were 
no individuals. Variables such as these are not well described by any of the common probability 
distributions; normal, poisson or gamma. In fact, they are best described by a type of Tweedie 
distribution (Tweedie 1957) called the Poisson-gamma distribution in which: 
  	
 and 1 < p < 2 
The probability density function of this distribution has no closed form, but can be approximated 
mathematically from the data. I use the statistical computing program R, with the package “Tweedie” 
to estimate probability distributions and fit Generalized linear models (GLMs) which allow for the 
specification of unique distributions. Figure 4.7 shows, as an example, the distribution of D. 
antillarum population densities in the dataset (a) and how it is best described by a Poisson-gamma 
distribution with a p value of 1.84 (b). 
In line with the factorial experimental design, models were fitted to allow for differences between 
exposure type (sheltered and exposed) and substrate type (low-relief and complex) as well as 
interactive effects between these attributes. As mentioned previously, depth was also included as a 
covariate in statistical models. Table 4.2 provides a summary of the data used and the models fitted 
for each of our seven hypotheses. In all cases, results reported relate to the minimum adequate model 
(i.e., if depth has no significant impact then it is removed from the model and the results are 
4m 
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represented without it). All individual model outputs and diagnostic plots can be found in Appendix 
III.   
 
a.      b. 
Figure 4.7 The distribution of D. antillarum population densities within the database a)., and the 
method used to determine the best fit for the Tweedie parameter p. L is the likelihood, which is 
maximised by fitting the model, manually, to different values of p. In this case, the data is best 
described by a Tweedie distribution with an index parameter p, of 1.84, b). 
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Table 4.2 Summary of the data used and models fitted in the investigation of how various population densities and ecosystem characteristic differ in response 
to exposure (sheltered versus complex) and  habitat structural complexity (low relief versus complex). 
Hypothesis Data Used Statistical Analysis 
1. Populations of D. antillarum in Curacao in 2010 are 
greatest in: 
a. Sheltered (versus exposed) locations 
b. Structurally complex (versus low relief) habitats. 
Average D. antillarum density per  site (n = 20) GLM; family = tweedie, p = 1.84: 
D. antillarum density~ 
Exposure*Complexity + Depth 
2. Urchin cryptic behaviour is greatest in structurally 
complex versus low-relief habitats. 
Number of urchins cryptic versus not cryptic in 
complex (n=992), versus low-relief (n=201) habitats 
Contingency table; χ
2
 
3. D. antillarum larval settlement rates  are influenced by 
exposure and / or habitat complexity 
Average D. antillarum larval settlement rate (no. m
-2-
day
) per site during the first month (n = 15) 
GLM; family = tweedie, p = 1.55: 
Larval settlement in month 1~ 
Exposure*Complexity + Depth 
4. The abundance of D. antillarum predators is influenced 
by exposure and / or habitat complexity 
Average biomass density of predatory fish per site (n = 
20) 
GLM; family = Gamma: 
Predatory fish biomass density~ 
Exposure*Complexity + Depth 
5. Turf algae growth is influenced by exposure and / or 
habitat complexity 
Average percent cover of algae on settlement plates 
after 8 weeks per site, arc-sin transformed (n = 15) 
GLM; family = tweedie, p = 1.83: 
Algal percent cover ~ 
Exposure*Complexity + Depth 
6. The abundance of herbivorous fish is influenced by 
exposure and / or habitat complexity 
Average biomass density of herbivorous fish per site 
(n = 20) 
GLM; family = tweedie, p = 1.87: 
Herbivorous fish biomass density~ 
Exposure*Complexity + Depth 
7. Percent cover of macroalgae is influenced by exposure 
and / or habitat complexity 
Average percent cover of macroalgae per site, arc-sin 
transformed (n=20)  
GLM; family = tweedie, p = 1.99: 
Macroalgal percent cover ~ 
Exposure*Complexity + Depth 
8. D. antillarum larval settlement rates are not correlated 
with adult abundances 
Average larval settlement rate per site during first 
month, versus average adult density per site (n = 15) 
GLM; family = tweedie, p = 1.55: 
Larval settlement in month 1~ 
D. antillarum density 
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Results 
Across the 20 sites surveyed on the leeward coast of Curacao, sea urchin densities varied from 0 to 
3.35m-2. Data show that D. antillarum populations in Curacao are increasing in abundance but that 
recovery continues to occur primarily in sheltered bays rather than on more exposed reefs (Figure 
4.8). Table a2 in Appendix III shows a summary of results from June and August 2010. 
 
Figure 4.8 Differences between D. antillarum population densities in sheltered and exposed locations 
before and since the 1983 mass mortality event demonstrating that recovery is ongoing but favours 
sheltered locations; includes data from this study (2010). 
Data also show that D. antillarum settlement rates in 2010 were not significantly different than they 
were in 2005 or prior to the 1983 mass mortality event (Figure 4.9). 
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Figure 4.9 D. antillarum settlement rates in Curacao, before and after the 1983 mass mortality event. 
Recreated from (Vermeij, Debrot et al. 2010) and including data from this study (2010). 
In the following section, results of statistical analyses relating to each of the eight hypotheses 
addressed in this study are presented. 
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1. Populations of D. antillarum in Curacao in 2010 are greatest in: 
a. Sheltered (versus exposed) locations  
b. Structurally complex (versus low-relief) habitats.  
  
Figure 4.10 Diadema antillarum population densities in sheltered and exposed locations with low 
relief and complex substrates in Curacao in 2010. 
By fitting a generalized linear model of D. antillarum population density in Curacao in 2010 in 
response to exposure, habitat complexity and depth, this study found that populations were greatest in 
sheltered (1.18 ± 0.45) versus exposed (0.05 ± 0.02) locations (p <0.01, df =19) and on complex (0.63 
± 0.29) versus low-relief (0.10 ± 0.09) substrate (p <0.01, df =19) with no interaction between the two 
(Figure 4.10). This supports the prediction made and previous studies which show the same pattern 
(Van der Hal 2005; Debrot and Nagelkerken 2006). In addition, depth was found to have a significant 
effect on D. antillarum density; population densities were greatest in shallower water (p <0.01, df 
=19; Figure 4.11).  
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Figure 4.11 The relationship between post-mortality D. antillarum population density and depth in 
Curacao in 2010. 
 
2. Sea urchin cryptic behaviour is greatest in structurally complex versus low-relief habitats. 
 
Figure 4.12 The density of cryptic versus non-cryptic D. antillarum sea urchins on low-relief versus 
complex substrates in Curacao in 2010. 
Significantly more sea urchins exhibited cryptic behaviour in complex (501 out of 992) versus low-
relief (20 out of 201) habitat (Figure 4.12; χ2 = 111.7, p < 0.001, df = 1) consistent with the 
expectation that complex habitats provide a greater number of refuges. 
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3. D. antillarum larval settlement rates  are influenced by exposure and / or habitat complexity 
Due to an observation that D. antillarum settlement rates might be affected by differences in 
colonisation rates of other organisms on settlement plates, larval settlement rates estimated in the first 
month of the study only, were used in analyses. All of the settlement plates were clean at the 
beginning of the survey season and had experienced minimal colonisation from sponges, algae and 
other invertebrates after one month in the water. 
  
Figure 4.13 D. antillarum larval settlement rates in sheltered and exposed locations with low relief 
and complex substrates in Curacao in 2010 
By fitting a generalized linear model of D. antillarum larval settlement rates in response to exposure, 
habitat complexity and depth, this study found that rates were greatest in sheltered (0.86 ± 0.28) 
versus exposed (0.24 ± 0.12) locations (p <0.05, df =14) and close to complex (0.69 ± 0.21) versus 
low-relief (0.19 ± 0.16) substrate (p <0.05, df =14) with no interaction between the two (Figure 4.13). 
There was no significant effect of depth on settlement rates.  
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4. The abundance of D. antillarum predators is influenced by exposure and / or habitat complexity  
The abundance of invertebrates with the potential to prey upon D. antillarum was so low (only one 
spiny lobster and two octopus across all 20 sites) that these were not included in the analyses. Results 
therefore represent only predatory fish biomass density. 
  
Figure 4.14 Population biomass densities of potential fish predators of D. antillarum in sheltered and 
exposed locations with low relief and complex substrates in Curacao in 2010 
By fitting a generalized linear model of predatory fish abundance in response to exposure, complexity 
and depth, no significant effect of exposure or complexity was found, only a significant interactive 
effect between the two (p < 0.05, df = 19) (Figure 4.14). This suggests that there could be differences 
in predator abundance between the four habitat types but that they are not explained by exposure or 
habitat complexity.  
Examining the pattern in relation to the four possible treatments resulting from the combination of the 
factors, i.e., low-relief sheltered, complex sheltered, low-relief exposed and complex exposed, results 
demonstrate that there were no significant differences in potential fish predators of D. antillarum 
between any of the habitat types surveyed (See Figure 4.19).  
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5. Turf algae growth is influenced by exposure and / or habitat complexity 
  
Figure 4.15 Percent cover of turf algae on settlement plates after eight weeks in the water in sheltered 
and exposed locations with low relief and complex substrates in Curacao in 2010 
By fitting a generalized linear model of percent cover of turf algae on settlement plates after eight 
weeks in the water in response to exposure, habitat complexity and depth, this study found that the 
cover of turf algae was greatest in sheltered (31.12 ± 8.71) versus exposed (2.98 ± 1.32) locations (p 
< 0.001, df = 14) but not different between low-relief and complex substrates and there is no 
interactive effect between the two (Figure 4.15). There was no significant effect of depth on the cover 
of turf algae.  
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6. The abundance of herbivorous fish is influenced by exposure and / or habitat complexity 
  
Figure 4.16 Herbivorous fish biomass density in sheltered and exposed locations with low relief and 
complex substrates in Curacao in 2010 
By fitting a generalized linear model of herbivorous fish biomass density in response to exposure, 
habitat complexity and depth, this study found that herbivorous fish biomass density was greatest in 
exposed (17.19 ± 4.68) versus sheltered (3.90 ± 1.04) locations (p < 0.001, df = 19) but did not differ 
between low-relief and complex substrates (Figure 4.16). There was no interactive effect between the 
two and no significant effect of depth.  
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7. Percent cover of macroalgae is influenced by exposure and / or habitat complexity 
  
Figure 4.17 Macroalgal percent cover in sheltered and exposed locations with low relief and complex 
substrates in Curacao in 2010 (percent cover, arc-sin transformed) 
By fitting a generalized linear model of macroalgal percent cover in response to exposure, habitat 
complexity and depth, this study found that macroalgal percent cover was greatest in sheltered (25.72 
±6.06), versus exposed (7.13 ± 1.95) locations (p < 0.05, df = 17) but did not differ between low-relief 
and complex substrates (Figure 4.17). There was no interactive effect between the two and no 
significant effect of depth.  
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8. D. antillarum larval settlement and adult abundance are not correlated  
To test the hypotheses that D. antillarum larval settlement is driven by conspecific cues from local sea 
urchin populations, and / or local sea urchin population densities are determined by larval settlement, 
a correlation between settlement rates and population densities was tested for. For the same reasons as 
stated above only settlement information from the first month of the study was used. 
 
Figure 4.18 The relationship between D. antillarum larval settlement rate and D. antillarum local 
population density in Curacao in 2010. 
By fitting a generalized linear model including depth as a covariate, no significant correlation was 
found between D. antillarum larval settlement rate and local adult population density, and no 
significant effect of depth was detected (Figure 4.18).  
Results synthesis 
Figure 4.19 provides an overview of results quantifying D. antillarum population density, larval 
settlement, predatory fish, turf algae growth, herbivorous fish and macroalgal cover in the four unique 
reef locations examined in this study; sheltered low relief habitat (SL), sheltered complex habitat 
(SC), exposed low relief habitat (EL) and exposed complex habitat (EC). The figure is intended to 
highlight the strongest patterns and allow for comparison of characteristics between individual habitat 
types where these are of interest. 
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Figure 4.19 An overview of results quantifying D. antillarum population density, larval settlement, 
predatory fish, turf algae growth, herbivorous fish and macroalgal cover in the four unique reef 
locations on Curacao; sheltered low relief habitat (SL), sheltered complex habitat (SC), exposed low 
relief habitat (EL) and exposed complex habitat (EC).   
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Findings from this study demonstrated that D. antillarum recovery is progressing slowly in Curacao 
but is progressing fastest in sheltered, bay locations rather than exposed fore-reef habitats. In addition, 
sea urchin populations in 2010 were significantly greater in locations which have high structural 
complexity. Exposure is equally important whether substrate is low-relief or complex.  
Sheltered habitats received higher rates of D. antillarum larval settlement, had higher rates of turf 
algae growth, were home to fewer herbivorous resource competitors and had higher macroalgal cover 
than exposed locations. Structurally complex reefs also received higher rates of D. antillarum larval 
settlement but did not differ from low-relief habitats in their turf algae growth, herbivore abundance 
or macroalgae. Predatory fish abundance was variable but did not relate to exposure or substrate 
complexity. Table 4.3 summarises the results of statistical analyses, while figure 4.20 is a 
diagrammatic synthesis of the data in relation to the four habitat types studied (Sheltered low-relief, 
sheltered complex, exposed low-relief and exposed complex). 
Table 4.3 Summary of statistical analyses from the study of D. antillarum populations and their 
associated population dynamic drivers in Curacao in 2010.  
 Exposure Substrate 
D. antillarum population density ** Sheltered > Exposed ** Low-relief < Complex 
D. antillarum cryptic behaviour / 
refuge availability 
N/A *** Low-relief < Complex 
D. antillarum larval settlement * Sheltered > Exposed * Low-relief < Complex 
Predatory fish abundance Ns Ns 
Algal growth *** Sheltered > Exposed Ns 
Herbivorous fish abundance *** Exposed > Sheltered Ns 
Macroalgal percent cover *Sheltered > Exposed Ns 
* Significant at p < 0.5, ** Significant at p < 0.01, *** Significant at p < 0.001, Ns = Not significant, 
N/A – not applicable (not tested)  
  
  
  
  
 
 
 
 
 
 
 
Figure 4.20 A diagrammatic representation of differences in; D. antillarum population density (    ), 
D. antillarum larval settlement (   ), herbivorous fish biomass density (         ), predatory fish biomass 
density (        ) and algal growth (  ) in sheltered and exposed locations with low relief and complex 
substrates in Curacao in 2010. 
 
There was no direct correlation between D. antillarum larval settlement and local population 
abundance.  
  
Sheltered Exposed 
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Discussion 
This study set out to understand what processes drive the fine-scale patchiness observed in the 
recovery of D. antillarum in Curacao following the 1983 mass mortality event. Findings build upon 
those of Van der Hal and Debrot and Negelkerken (Van der Hal 2005; Debrot and Nagelkerken 2006) 
who explored post-mortality spatial distributions of D. antillarum in Curacao. In contrast to these 
previous studies however, this one considered not only how post-mortality abundances differ between 
sheltered and exposed locations but also how they differ in relation to habitat complexity and most 
importantly why they differ across these habitats. By quantifying variability in processes including D. 
antillarum larval settlement rates, potential predator abundance, algal growth, competitor abundance 
and macroalgal abundance insight was provided into what might be the key drivers of recovery and 
how we might expect recovery to progress in Curacao. 
The role of larval settlement 
Both D. antillarum population densities and larval settlement rates were greater in sheltered versus 
exposed and complex versus low-relief habitats. That density and settlement show the same spatial 
patterns is suggestive of a significant degree of larval retention which almost certainly plays a role in 
determining spatial patterns of abundance. Having said this, a lack of a significant correlation between 
D. antillarum population densities and larval settlement rates suggest that this is not the end of the 
story, and that other density-independent factors associated with shelter and complexity are also 
important drivers of population dynamics.  
Predator abundance and refuge availability 
This study found no evidence to suggest that predatory fish abundance differs in relation to exposure 
or habitat complexity in Curacao. Indeed, the abundance of potential D. antillarum predators was not 
statistically significantly different in any of the habitat types examined. Considering the distinct 
patterns in D. antillarum abundance, this result appears to conflict with predictions from population 
dynamic modelling (Chapter 2), the recent study by Harborne (Harborne, Renaud et al. 2009) and 
large-scale meta-analysis patterns (Chapter 3), all of which suggest that predator abundance is a key 
predictor of D. antillarum population abundance.  
The highest biomass density of predatory fish recorded in this study (8.78gm-2) was however, lower 
than the lowest density recorded by Harborne outside of the Exuma Cays Land and Sea Park in the 
Bahamas (12.94gm-2 (un-weighted; (Harborne, Renaud et al. 2009), and it is worth considering the 
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possibility that predatory fish abundance in Curacao is so low that its demographic impact on D. 
antillarum is not significant. 
An alternative interpretation of this pattern implicates an interactive demographic effect of habitat 
complexity. Results of this study suggest that relatively high predator abundance (the highest 
recorded) in complex, sheltered locations has no negative impact on D. antillarum populations which 
are in fact at their greatest in these same locations. However, the only low-relief habitats which 
supported any significant abundances of D. antillarum were the sheltered locations in which predatory 
fish abundance was lowest.  A possible interpretation of this pattern is that the demographic impact of 
predatory fish abundance is different depending on habitat structural complexity. Specifically, that it 
is reduced in structurally complex habitats with high refuge availability, but plays a significant role in 
low-relief habitats lacking predation refuges. If this were the case, then the relative absence of 
predators on low-relief substrates in sheltered locations would contribute to the persistence of D. 
antillarum there.  
The results of Dame’s 2008 study in Curacao provides some support for the idea that predator 
abundance is less important in the presence of refuges, since she demonstrated that refuge provision 
allowed for the persistence of translocated sea urchins to a low-relief habitat where they were 
previously subject to high rates of predation (Dame 2008). With regard to understanding the observed 
patterns of D. antillarum recovery in Curacao, predator abundance does not appear to play a key role. 
There is, however, a need to consider both predator abundance and habitat complexity together when 
interpreting studies of D. antillarum predation pressure since these attributes are highly interactive 
with respect to their effect on population density.  
Resource availability and competition  
Aside from larval supply, other significant differences between sheltered and exposed locations were 
the amount of turf algae growth, the abundance of herbivorous fish and the percent cover of 
macroalgae. Sheltered locations had higher amounts of turf algae growth, fewer herbivorous fish and 
more macroalgae.  
Turf algae are the food of choice for D. antillarum (Carpenter 1981), and as such represent an 
informative measure of resource availability. Elevated turf algae growth observed in the sheltered 
locations that were studied is likely to be attributable to enriched nutrient supply from inland bays or 
from close proximity to industry on the shore. Prior to the 1983 mass mortality event Bauer (1980) 
reported that D. antillarum population densities were highest in nutrient enriched locations, close to 
sewage outlets which demonstrated elevated levels of algal growth (Bauer 1980). Ogden and 
Carpenter (1987) also reported that D. antillarum were common in locations of sewage outfalls due to 
 149 | P a g e  
increased algal growth. The results of this study support these findings and suggest that urchin 
populations might favour locations with elevated nutrient supply and algal growth. Of additional 
interest is a recent study by Furman and Heck (2008) who noted that D. antillarum were seen to 
migrate onto their treatment patches which were nutrient enriched. This suggests that D. antillarum 
are also capable of detecting cues from nutrients or from algae and showing an active preference for 
nutrient enriched locations.  
Observed differences in herbivorous fish abundance in sheltered versus exposed locations further 
implicate the role of resource availability in predicting D. antillarum post-mortality abundance. It is 
well-known that herbivorous fish can graze just as much, if not more algae than D. antillarum (Hay 
1984; Carpenter 1985; Furman and Heck 2008) and act as significant resource competitors (Hay and 
Taylor 1985; Carpenter 1990b). It is possible that herbivory from fish contributes to the variability I 
observed in turf algae cover on settlement plates in this study since no measures were taken to exclude 
fish from settlement plates. In any case, independently, or in combination, resource availability and 
resource competition appear to be important predictors of D. antillarum post-mortality population 
abundance in Curacao.  
Observations that macroalgal abundance was also greatest in sheltered, versus exposed habitats where 
D. antillarum population densities were greatest, conflicts with numerous studies which demonstrate a 
negative association between D. antillarum population density and macroalgal abundance (Carpenter 
1986; Hunte and Younglao 1988; Edmunds and Carpenter 2001). Having said this, it should be noted 
that population densities of D. antillarum, even at their highest, are still relatively low, and the 
relationship between urchin density and macroalgal abundance is non-linear such that macroalgal 
abundance drops rapidly but only beyond a density of around 1m-2 (Mumby, Hedley et al. 2006). It 
was also not surprising to find that macroalgal cover was highest where algal growth was increased, 
particularly since herbivorous fish are were also less abundant. What is interesting about the result is 
that it conflicts with predictions that macroalgae have a negative impact on D. antillarum recovery by 
preventing larval settlement (Bak 1985). Instead, the result is indicative of a possible positive effect of 
macroalgae on D. antillarum population dynamics, as was also suggested by the positive relationship 
between macroalgae and D. antillarum recovery rates in meta-analyses (Chapter 3). 
Summary 
The demonstration that larval settlement rates vary across habitats at a fine spatial scale is novel and is 
suggestive of either local larval retention and density dependent settlement or active larval settlement 
choice based on density independent factors. The non-correlation between settlement rates and adult 
population densities suggest that variability in settlement is not driven solely by larval retention and 
conspecific settlement cues. For example, there were numerous locations in which relatively high 
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settlement rates were observed and yet adults were absent or very scarce. In these cases, then some 
other density independent factor must have provided settlement cues.  
Sheltered locations exhibited higher rates of algal growth, fewer herbivorous fish competitors and 
increased macroalgal abundance, suggesting that settlement cues could come from nutrient supply, 
algae or herbivorous fish. Given the apparent potential for active settlement choice, a more detailed 
study of the cues which promote larval settlement in D. antillarum would be invaluable to our ability 
to aid and predict recovery patterns.  
In summary, recovering populations of D. antillarum in Curacao were more abundant in shallow 
habitats which were sheltered from offshore winds and also habitats which exhibited high structural 
complexity. Larval settlement rates followed similar patterns and almost certainly play a role in 
spatial abundance patterns but, the lack of a significant correlation between D. antillarum population 
densities and settlement rates suggests that density independent factors could be important for both 
post-settlement processes and active larval settlement choices. Evidence is provided to suggest that 
resource availability, reduced competition and macroalgae could be key drivers of local-scale 
patchiness in D. antillarum population density. Habitat complexity may also be important, specifically 
through its potential to reduce the demographic effect of predator abundance and predation risk. On 
the whole, sheltered bay locations in Curacao appear to offer favourable habitats for D. antillarum 
when compared to exposed reef locations which suffer reduced resource availability and increased 
resource competition in the absence of any identifiable benefits. 
Implications for future recovery  
The findings of this study suggest that D. antillarum recovery in Curacao  could be progressing in line 
with the theory of density dependent habitat selection (MacCall 1990). That is, populations are 
recovering first in locations which provide the most favourable habitats; in this case, the most 
resources, the least competition and the lowest predation risk (through combined effects of predator 
abundance and habitat structural complexity). Indeed, historical accounts suggest that nutrient rich, 
shallow habitats were favourable to D. antillarum even prior to the mass mortality event (Bauer 
1980). Current population densities in these more favourable habitats are however, still much lower 
than the average on the island prior to the mass mortality event. It might therefore be predicted that D. 
antillarum will disperse and re-colonise more exposed coral reefs, deeper waters, and even less 
complex habitats in time, but not before population densities in the most favourable locations reach or 
exceed what they were prior to the mass mortality event. 
The observation that larval settlement rates are variable and not directly correlated with local sea 
urchin abundance is encouraging with regard to future population dispersal and widespread recovery. 
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If D. antillarum larvae are able to make active settlement choices, based not only on adult urchins but 
on other ecosystem characteristics, then this process provides a mechanism for assessing habitat 
quality which could allow for dispersal as population densities continue to increase. 
Limitations and future avenues for research 
This extensive field study of local-scale patchiness in a recovering population of D. antillarum on the 
island of Curacao has provided significant insights into the processes and factors which favour not 
only D. antillarum population abundance but also D. antillarum larval settlement. The study however, 
is not without its limitations.  
The availability of sheltered locations, in particular those with structurally complex habitats, is limited 
in Curacao resulting in a sample size which is much smaller than I would have liked. Additional 
studies with a similar survey design in other locations around the Caribbean region would be 
invaluable for the confirmation of the trends identified here and for the ability to predict future 
recovery patterns. 
Qualitative distinctions were made between sheltered and exposed habitats, depths were recorded, as 
were proximities to inland bays and industry which could affect nutrient supply. However, it would 
have been a significant improvement to the experimental design to have had the time and equipment 
to accurately quantify nutrient supply, water currents and wave exposure directly at survey sites. 
With regard to larval settlement patterns, this study provides the most extensive quantification of 
larval settlement variability at a local scale to date and results are insightful. In light of the possibility 
for active larval settlement choices determined not only by conspecific cues but also ecosystem 
characteristics, future studies set out specifically to determine the cues responsible for larval 
settlement would be invaluable. 
The fact that this study demonstrates that exposed fore-reef habitats offer seemingly less desirable 
habitat characteristics than sheltered, shallow locations closer to the shore, provides an argument for 
future monitoring programs and experiments to include a wider variety of habitat types. Too much of 
our focus with regard to D. antillarum is on coral reefs where we would most like to see their return. 
However, there are many more locations which are likely to be more suitable for D. antillarum and to 
truly understand the recovery dynamics of this species, a wider variety of habitat types which could be 
appropriate for D. antillarum, should be equally represented in time series data.  
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Chapter 5 
 
Synthesis and general discussion 
Conclusions 
Using a combination of population dynamic modelling, meta-analysis of large-scale recovery patterns, 
and smaller-scale field studies, this thesis set out to investigate possible reasons for the low and 
variable recovery of the long-spined Caribbean sea urchin Diadema antillarum following the mass 
mortality event of 1983. I aimed to answer key questions about what biological processes and 
ecosystem characteristics have the greatest impact on observed recovery patterns and what can be 
expected with regard to future recovery and population restoration strategies.  
Population dynamic modelling (Chapter 2) was used to explore the implications of alternative process 
hypotheses for recovery dynamics. Under the assumption that D. antillarum recovery is not subject to 
any depensatory density dependent processes and that recruitment occurs constantly and biweekly, 
models predicted that it would take around 25 and a half years for populations to return to pre-
mortality abundance following a 95% population reduction (See Figure 2.16, Chapter 2). Depensatory 
density dependence (Allee effects) or cultivation effects on D. antillarum vital rates, lead to complex 
dynamics characterized by switching between alternative, high and low abundance states. The 
transition from low to high abundance is determined directly or indirectly by population density. 
Through the mechanism of habitat cultivation, recovery can also be preceded by an almost static 
period of low population abundance which can persist for as long as 30 years. Density-independent 
variation in vital rates, e.g., due to environmental change or ecosystem variability, was predicted to 
affect population abundance and recovery rates but did not lead to complex dynamics associated with 
population density.  
With regard to D. antillarum larval dispersal and connectivity, models predicted that a constant, 
external source of larvae, indicative of an open population removes the potential for extinction 
thresholds and increases recovery rates.  
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Carrying out large scale analyses of D. antillarum recovery patterns on coral reefs across the 
Caribbean region (Chapter 3), I was able to test some of the predictions made by my population 
dynamic model. Time series data demonstrated that D. antillarum abundance and recovery was 
variable at both regional and more local (10km) scales. Significant population growth or decline was 
rare however, and relatively stable, low population abundances tended to be commonplace. The 
observed patterns are not suggestive of depensatory density dependence (Allee effects) or habitat 
cultivation effects but instead implicate externally determined ecosystem characteristics which drive 
variation in recovery dynamics throughout the region. Locations supporting fewer predatory fish 
supported higher post-mortality population abundances of D. antillarum, and rates of population 
recovery were greatest where herbivorous fish competitors were fewest and macroalgal abundance 
was highest. Human threats and disturbances also had a positive influence on D. antillarum 
abundance, most likely due to negative effects on reef fish abundance and positive effects on 
macroalgal growth.  
Comparisons of D. antillarum abundance and recovery with outputs of larval connectivity models 
showed that locations which exhibited high rates of larval retention had the greatest abundances of D. 
antillarum. This suggests that at the spatial scales examined, external larval supply is not sufficient to 
impact demographic rates and instead, physical and geographical attributes which promote self-
recruitment and local population closure are beneficial.  
Field studies to examine small-scale patterns of abundance and larval settlement of D. antillarum on 
the island of Curacao (Chapter 3) demonstrated high levels of local variation. Abundances were 
greatest in shallow, sheltered locations which were close to the shore. In contrast, numbers were 
particularly low in exposed fore-reef habitats. Additionally, abundances were greater in habitats with 
complex, versus low-relief substrate. Variation in larval settlement rates followed a similar pattern but 
the lack of correlation between adult density and larval settlement suggested that ecosystem 
characteristics also played a role in determining the observed patterns, influencing both larval 
settlement choices and post-settlement processes which determine population abundance.  
Sheltered locations may benefit from higher rates of larval retention than exposed locations, though 
further analyses of physical oceanographic characteristics are required to confirm this. The sheltered 
locations that I studied did exhibit higher rates of algal growth, were home to fewer herbivorous fish 
competitors and had an increased abundance of macroalgae than exposed locations. This suggests, 
like the results of large-scale meta-analyses, that resource availability and competition are key drivers 
of recovery patterns and that macroalgae has a positive, rather than negative effect on population 
dynamics. Predator abundance in Curacao was generally low compared with other Caribbean 
locations and was not related to the observed small-scale variations detected in population abundance. 
Having said this, D. antillarum abundances were consistently greater in structurally complex habitats 
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which provided more opportunities for crypsis, suggesting, like meta-analysis results that predation 
risk is a significant driver of population dynamics. 
In the absence of significant evidence for depensatory density dependence (Allee effects) or habitat 
cultivation effects, and in light of regional and local-scale patterns in recovery rates, abundances and 
larval settlement associated with specific density independent ecosystem characteristics, it is proposed 
that D. antillarum recovery dynamics could be well explained by the theory of density dependent 
habitat selection (Fretwell and Lucas 1969; Fretwell 1972; MacCall 1990).  
In brief, the theory of density dependent habitat selection says that a dynamic population which has 
not reached carrying capacity will occupy habitats in an order which is determined by habitat 
suitability (a term which is not well defined but can be thought of in terms of the resulting 
reproductive fitness of an individual in that habitat (Fisher 1999)). Habitats which offer the most 
suitable characteristics are occupied first but, as population density increases, intraspecific 
competition for resources and space drives a reduction in the perceived suitability of these habitats 
and the range of the population expands (MacCall 1990). Figure 5.1 shows a graphical representation 
of density dependent habitat selection known as the Basin Theory. In this depiction, habitat suitability 
and therefore per capita population growth rate increases going downwards and habitats are described 
by a continuous topography of suitability which has the appearance of an irregular basin (hence the 
name). The population fills this basin as it grows, as if it were a liquid under the influence of gravity, 
until at carrying capacity all available habitat types are occupied. 
  
   
 
 
 
 
 
 
Figure 5.1 A graphical representation of the Basin Theory of density dependent habitat selection 
showing how alternative habitat types are occupied depending on overall population size. Habitat 
suitability and per capita growth rate increases downwards and the irregular, basin-shaped curve 
represents a continuous topography of habitat suitability where A and B are examples of habitat types. 
Dashed lines represent population size and carrying capacity, K is reached when per capita growth 
rate becomes zero. Figure recreated from (MacCall 1990).  
 
In light of the results of this study, I suggest that habitats which are comparatively high in algal 
abundance and productivity and low in competitive and predatory fish, whether this be due to natural 
variability, or because they are highly disturbed, represent the most suitable locations for D. 
antillarum, and the deepest parts of the “basin.” Since the D. antillarum population as a whole is still 
far from its pre-mortality carrying capacity, its range is currently restricted to habitats with specific 
attributes and it continues to be absent or scarce in numerous locations where it was ubiquitous prior 
to the mass mortality event. 
Results of small-scale, controlled field studies in Curacao suggest that exposed, fore-reef habitats and 
deeper waters on the island do, and always have offered a comparatively low level of suitability for D. 
antillarum, possessing few of the most desirable ecosystem characteristics. It seems feasible therefore 
to suggest that the historical presence of D. antillarum in these habitats on Curacao, and perhaps 
elsewhere in the Caribbean, was a result of range expansion due to density dependent habitat selection 
and very high pre-mortality population densities.  
At the current time, while populations are far from pre-mortality abundance, D. antillarum are, quite 
simply, greater in habitats which are most suitable and beneficial to their fitness. 
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Implications for future D. antillarum recovery 
Population dynamic models predicted that it should take around 25 and a half years for D. antillarum 
to return to pre-mortality abundance following a 95% population reduction (See Figure 2.16, Chapter 
2). It has now been nearly 28 years since the mass mortality event and populations are far from fully 
recovered. Having said this, the model assumptions are generous, particularly with respect to 
recruitment intervals (assume biweekly constant recruitment) and it is possible that the D. antillarum 
population as a whole is still in a natural state of recovery and will, given more time, return to pre-
mortality abundance.   
In line with the theory of density dependent habitat selection however, the reappearance of D. 
antillarum to coral reefs, and in particular fore-reef habitats where their continued absence is most 
noted, will only occur once populations in more favourable habitats such as back-reefs and sheltered 
bays return to, or even exceed, pre-mortality population densities. The highest densities reported in 
this study fall far below pre-mortality averages so it is likely that we will have to continue to wait for 
widespread recovery to occur. 
Given the apparent importance of density independent ecosystem characteristics, an additional 
concern for future widespread recovery of D. antillarum to all of the habitats where it was previously 
ubiquitous, is the physical changes that have occurred on Caribbean coral reefs since 1983. Potential 
increases in herbivorous fish competitors (Carpenter 1990b) and general declines in reef structural 
complexity (Alvarez-Filip, Dulvy et al. 2009) are of genuine concern given the outcomes of this 
study. If fore-reef habitats today have more competitors and less predation refuges than they did prior 
to the mass mortality event, then they are likely to be even less favourable to D. antillarum than they 
once were. In this case, dispersal of recovering populations may only occur once densities in more 
suitable habitats exceed pre-mortality abundances, if at all.  
Contribution of the thesis 
This thesis uses techniques of population dynamic modelling and meta-analysis not previously 
employed in the understanding of D. antillarum recovery dynamics. The approach has allowed me to 
synthesize the great number of disconnected studies of the species prior to and since the mass 
mortality event of 1983 and to closely examine some of the key questions about what has prevented 
widespread D. antillarum recovery.  
The most significant and important contribution of the thesis relates to the importance and 
identification of ecosystem characteristics which drive D. antillarum population dynamics and predict 
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post-mortality abundances and recovery rates at multiple spatial scales. I have provided evidence to 
suggest that sheltered, disturbed habitats, for example back-reefs, bays and locations close to the shore 
which offer high algal productivity and macroalgae and low fish abundance are favoured by D. 
antillarum. However, a significant proportion of D. antillarum studies and surveys both historically 
and in light of the mass mortality event, focus on coral reefs, especially fore-reef habitats. These are 
the locations in which we focus our attention because it is here where we would most like to see D. 
antillarum recover but I would argue that these habitats are where D. antillarum is least likely to 
thrive or to chose to live and our understanding of recovery dynamics would be vastly improved if 
future surveys included a much wider range of habitat types.     
This is the first study to quantitatively explore the potential demographic effects of depensatory 
density dependent processes in fertilisation success, larval settlement and predation refuge availability 
in D. antillarum. I have shown what recovery patterns might look like if these processes were strong 
and demographically significant but by comparing predicted patterns with empirical data I find little 
evidence to suggest that they are significant drivers of population dynamics, responsible for 
preventing widespread population recovery. I do not suggest that depensatory density dependence 
does not occur however, only that its demographic impact, if any, is masked by more significant 
drivers associated with density independent ecosystem characteristics. 
  
One of the hypotheses I set out to test regarding D. antillarum recovery was that macroalgal 
overgrowth had a negative impact on population dynamics due to its potential to reduce larval 
settlement success. The theory goes that in the absence of habitat cultivation by an established 
population of D. antillarum¸ there results an additional depensatory density dependent process. My 
results provide evidence to contradict this idea. I demonstrate that D. antillarum recovery rates may in 
fact be increased in response to macroalgal abundance (Chapter 3), recovering population densities 
are greatest in locations which have high macroalgal abundance (Chapter 4) and larval settlement is 
not negatively associated with macroalgae (Chapter 4). 
  
I have highlighted that competition with herbivorous fish could be a significant driver of recovery 
dynamics, acting not to limit populations but rather to reduce rates of population growth.  
 
I provide support for previous studies which document the role of predators and of overfishing in 
controlling sea urchin dynamics, but I specifically show that their influence is greatest on population 
carrying capacities rather than recovery rates. I also demonstrate how predator abundance and 
structural complexity are intrinsically linked with respect to their demographic impacts and should 
always be considered together when assessing predation risk. 
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This is the first study to make comparisons between larval connectivity and D. antillarum recovery 
dynamics and my results suggest that external larval supplies are not demographically significant but 
that larval retention is an important driver of population abundance. 
Implications for restoration, enhancement and management 
The widespread return of D. antillarum to Caribbean coral reefs is a valuable and feasible mechanism 
through which the phase shift from coral to macroalgal dominance can be reversed, and coral reef 
health and resilience can be promoted. To date, restoration and enhancement strategies involving D. 
antillarum have largely focused on increasing population abundances in fore-reef habitats where their 
functional role is most greatly needed, through translocation (Nedimyer and Moe 2003; Macia, 
Robinson et al. 2007; Dame 2008) and enhancement (Miller, Szmant et al. 2003).  The results of this 
thesis have significant implications for the potential success and value of such strategies and highlight 
other important management considerations. 
 
Translocations of wild animals from sheltered, back-reef or bay locations to fore-reefs have shown 
limited success, attributable to high predation mortality and low retention (Miller, Szmant et al. 2003; 
Nedimyer and Moe 2003; Miller, Adams et al. 2007). In light of the results presented here, this is of 
no surprise since such recipient sites are likely to be more exposed, home to more competitors and 
predators and less algae. In addition, they may exhibit oceanographic characteristics which reduce 
larval retention and as a consequence may not be self-sustaining. I would argue that locally dense wild 
populations, whether in bays, back-reefs or other “undesirable” locations should be protected, not 
moved. These populations not only contribute to an increasing larval supply which will promote 
recovery but they will, in time naturally disperse and increase their range. By translocating wild 
populations and thus constantly reducing their local population density, it is likely that we are 
increasing the amount of time that it will take for populations to disperse naturally to habitats where 
we most value their function.  
 
In some cases D. antillarum recruits have been observed in unstable habitats where their chances of 
survival are drastically reduced due to susceptibility to storm damage (Nedimyer and Moe 2003). In 
these cases, translocation is of course valuable to protect individuals. However, recipient sites should 
be chosen with the priority that they exhibit ecosystem characteristics which are favourable to D. 
antillarum, rather than that they are locations in which, we as managers, would most like to see 
increased urchin numbers. The addition of artificial predation refuges (Dame 2008) could be valuable 
in such successful translocations but is only a feasible strategy on a small scale. 
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Improved knowledge about the drivers of population dynamics gleaned from this thesis should also be 
fundamental in decision making regarding the potential introduction of hatchery reared D. antillarum 
to promote population recovery or enhance local abundance. Though we might afford a little less 
caution with this strategy than we should take in translocating established animals we ought to be 
mindful of selecting recipient sites not only with effective predation refuges but also with sufficient 
resources and minimal competitors. Additionally, should we hope for long-term results we should be 
aware of local currents and exposure so that if populations establish successfully, they can continue to 
persist through local larval retention. Population models demonstrated significant differences in the 
number of individuals required for population persistence dependent on body size and provide support 
for a strategy of releasing large-bodied rather than juvenile sea urchins.  
If the primary aim of D. antillarum introductions is not population restoration but is instead simply 
increased herbivory through local population enhancement, then D. antillarum could be continuously 
stocked to coral reefs. Should the technology to do this arise (current hatchery rearing success is 
limited to a very small spatial scale (Martin Moe Pers. Comm.)) however, it is likely to represent a 
very expensive strategy.  
Perhaps the most feasible, large-scale and long-term management strategy to promote D. antillarum 
recovery and to enhance Caribbean coral reef health, comes not from the manipulation of the sea 
urchins themselves but rather from the protection and enhancement of environmental characteristics 
favourable to their population growth. Though our studies demonstrate that human threats which 
cause reductions in reef fish abundance and increases in macroalgae are associated with increased 
abundances of D. antillarum, I do not recommend a strategy of increased exploitation or disturbance. 
Removing predatory or herbivorous fish from an ecosystem which may have reached a new stable 
state is likely to have much broader negative impacts on reef health. Neither should we endeavour to 
promote algal growth through nutrification for example. However, protecting and enhancing structural 
complexity in shallow waters where algal productivity is naturally highest is a feasible strategy and 
projects involving coral nurseries or artificial reefs are likely to prove effective. If such structures 
could be introduced to locations which neighbour or bridge current successful population patches of 
D. antillarum to their desired habitats, e.g., between sheltered bays and the fore-reef, then they might 
additionally promote the widespread dispersal into the future. An additional benefit is that these 
strategies have their own intrinsic value for other determinants of reef health and therefore failure 
comes with no significant cost. 
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Future Avenues for research 
Although this study has greatly enhanced our quantitative understanding of D. antillarum recovery 
dynamics, it has also highlighted important areas for continued research.  
First and foremost, is a need to obtain more detailed, long-term survey data across a wider range of 
habitat types. Though back-reefs, patch-reefs and bays are surveyed, a significant proportion of 
studies are carried out on the fore-reef where D. antillarum are least likely to thrive, and what’s 
worse, inland bays, very shallow waters (<3m) and breakwaters or habitats close to the shore are 
grossly under-represented. In the absence of information from such habitats we are likely to be 
obtaining a very biased understanding of population dynamics and under-estimating recovery rates at 
broad spatial scales.     
In light of the importance of ecosystem characteristics in predicting population distributions, an 
additional avenue for future research might fall under the framework of landscape ecology. In 
particular, there is a need for consideration of the potential role that seascape connectivity (Grober-
Dunsmore, Frazer et al. 2007) might play in facilitating the dispersal of recovering populations, for 
example, from sheltered bays to fore-reef habitats.  
Under a similar umbrella, is the essential need to determine the mechanism for apparent density 
dependent habitat selection. Quantification of larval settlement rates in Curacao suggested that there 
could be active settlement choice which is associated with beneficial ecosystem characteristics. These 
data are, however, only observational and it is imperative that controlled experiments be carried out to 
determine the ecological drivers of larval settlement and confirm the apparent importance of larval 
settlement choice in predicting population distributions.  
This population model has provided insights into the recovery dynamics that might be expected under 
alternative process hypotheses. However, with improved quantitative data on vital rates such as larval 
settlement, predation mortality and the effects of macroalgae, the model could be refined and 
parameterized to vastly improve its predictive power. A model which could accurately predict 
empirical data would then be invaluable in decision making and restoration management. 
To determine whether changes that have occurred to coral reef complexity and fish community 
composition since the mass mortality event could have a negative impact on future widespread 
recovery, there is also a need for more comparisons of D. antillarum time series data with time series 
data for these ecosystem variables. Has complexity or herbivore abundance changed significantly on 
coral reefs which exhibit no recovery? Have similar changes been seen where recovery is ongoing? 
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The importance of continued long-term monitoring of Caribbean coral reefs and D. antillarum 
populations by governments, non-government organisations and researchers should not be under-
estimated, or under-valued. The scale of the mass mortality event of 1983, its impacts on coral reef 
community dynamics and the patterns of recovery shown by D. antillarum are unique and represent a 
system from which we can learn a great deal. It teaches us lessons about recovery, herbivory, phase 
shifts, stable states, trophic cascades and habitat connectivity to name a few, all of which can be 
applied to coral reef systems throughout the word to improve our abilities to protect and restore these 
essential ecosystems for the future.   
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Appendix I 
Model outputs and diagnostic plots from Chapter 3 analyses 
Initial post mortality population abundance, P0 
Exponential recovery rate, r 
Reef Regions 
• Un-weighted 
lm: (formula = r_all_data ~ P0, data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)   0.016545    0.009318    1.776     0.119 
P0           -0.063500    0.051198   -1.240     0.255 
 
Residual standard error: 0.02107 on 7 degrees of freedom 
Multiple R-squared: 0.1802,     Adjusted R-squared: 0.06304  
F-statistic: 1.538 on 1 and 7 DF,  p-value: 0.2548 
• Weighted 
 
lm: (formula = r_all_data ~ P0, data = region_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  -0.0046602   0.0038283   -1.217     0.263 
P0            0.0009569   0.0143740    0.067     0.949 
 
Residual standard error: 3.976 on 7 degrees of freedom 
Multiple R-squared: 0.0006327, Adjusted R-squared: -0.1421  
F-statistic: 0.004432 on 1 and 7 DF, p-value: 0.9488 
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a.      b. 
Figure A1.1 Diagnostic plots for linear model fit (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to initial post mortality population density at a reef region scale 
10km2 Reef Nodes 
• Un-weighted 
lm: (formula = r_all_data ~ P0, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)   0.013863    0.003291    4.212   0.000586 *** 
P0           -0.034096    0.013747   -2.480   0.023894 *   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 0.012 on 17 degrees of freedom 
Multiple R-squared: 0.2657,     Adjusted R-squared: 0.2225  
F-statistic: 6.152 on 1 and 17 DF,  p-value: 0.02389 
• Weighted 
lm(formula = r_all_data ~ P0, data = node_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  0.001274    0.004398    0.290     0.776 
P0           0.001367    0.009925    0.138     0.892 
 
Residual standard error: 2.996 on 17 degrees of freedom 
Multiple R-squared: 0.001115,   Adjusted R-squared: -0.05764  
F-statistic: 0.01898 on 1 and 17 DF,  p-value: 0.892 
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a.      b. 
Figure A1.2 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to initial post mortality population density at a 10km2 reef node 
scale 
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Population closure 
Exponential recovery rate, r 
Reef Regions 
• Un-weighted 
lm: (formula = r_all_data ~ external, data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)   0.009254    0.011143    0.830     0.434 
external     -0.013565    0.355717   -0.038     0.971 
 
Residual standard error: 0.02326 on 7 degrees of freedom 
Multiple R-squared: 0.0002077,  Adjusted R-squared: -0.1426  
F-statistic: 0.001454 on 1 and 7 DF,  p-value: 0.9706 
• Weighted 
lm(formula = r_all_data ~ external, data = region_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)  -0.006946    0.003466   -2.004    0.0851 . 
external      0.139516    0.132240    1.055     0.3265   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 3.694 on 7 degrees of freedom 
Multiple R-squared: 0.1372,     Adjusted R-squared: 0.01394  
F-statistic: 1.113 on 1 and 7 DF,  p-value: 0.3265 
  
a.      b. 
Figure A1.2 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to proportion external larval supply (population closure) at a 
reef region scale 
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10km2 Reef Nodes 
• Un-weighted 
lm: (formula = r_all_data ~ external, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  0.007888    0.023737    0.332     0.744 
external     0.001695    0.026611    0.064     0.950 
 
Residual standard error: 0.014 on 17 degrees of freedom 
Multiple R-squared: 0.0002385,  Adjusted R-squared: -0.05857  
F-statistic: 0.004056 on 1 and 17 DF,  p-value: 0.95 
• Weighted 
lm(formula = r_all_data ~ external, data = node_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)   0.04056     0.01728    2.347     0.0313 * 
external     -0.04629     0.02056   -2.251    0.0379 * 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 2.631 on 17 degrees of freedom 
Multiple R-squared: 0.2297,     Adjusted R-squared: 0.1844  
F-statistic: 5.069 on 1 and 17 DF,  p-value: 0.03787 
  
a.      b. 
Figure A1.3 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to proportion external larval supply (population closure) at a 
10km2 reef node scale 
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Mean post-mortality abundance, a 
Reef Regions 
lm(formula = log(a) ~ external, data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)   -2.5987      0.6044  - 4.300   0.000863 *** 
external     - 8.0740     19.5979  - 0.412   0.687065     
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.458 on 13 degrees of freedom 
Multiple R-squared: 0.01289,    Adjusted R-squared: -0.06304  
F-statistic: 0.1697 on 1 and 13 DF,  p-value: 0.687 
 
Figure A1.4 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to proportion external larval supply (population closure) at a reef region scale 
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10km2 Reef Nodes 
lm(formula = log(a) ~ external, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)     4.259       2.236     1.905    0.06363 .  
external      - 8.132       2.520  -  3.227    0.00243 ** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.705 on 42 degrees of freedom 
Multiple R-squared: 0.1987,     Adjusted R-squared: 0.1796  
F-statistic: 10.41 on 1 and 42 DF,  p-value: 0.002426 
 
 
Figure A1.5 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to proportion external larval supply (population closure) at a 10km2 reef node 
scale 
 
  
 180 | P a g e  
Larval supply 
Exponential recovery rate, r 
Reef Regions 
• Un-weighted 
lm: (formula = r_all_data ~ log(mean_supply_2), data = region_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)          0.007554    0.008670    0.871     0.413 
log(mean_supply_2)  0.002156    0.006191    0.348     0.738 
 
Residual standard error: 0.02307 on 7 degrees of freedom 
Multiple R-squared: 0.01703,    Adjusted R-squared: -0.1234  
F-statistic: 0.1213 on 1 and 7 DF,  p-value: 0.7379 
• Weighted 
 
lm: (formula = r_all_data ~ log(mean_supply_2), data = region_data, weights = 
 1/rSE_all_data^2) 
 
                    Estimate Std. Error t value Pr(>|t|) 
(Intercept)        -0.002338   0.003271  -0.715    0.498 
log(mean_supply_2) -0.002293   0.002173  -1.055    0.326 
 
Residual standard error: 3.694 on 7 degrees of freedom 
Multiple R-squared: 0.1373,     Adjusted R-squared: 0.01405  
F-statistic: 1.114 on 1 and 7 DF,  p-value: 0.3263 
  
a.      b. 
Figure A1.6 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to larval supply at a reef region scale 
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10km2 Reef Nodes 
• Un-weighted 
lm: (formula = r_all_data ~ log(Tot_supply), data = node_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)       -0.005939    0.009670   -0.614     0.547 
log(Tot_supply)  -0.003393    0.002037   -1.666     0.114 
 
Residual standard error: 0.01298 on 17 degrees of freedom 
Multiple R-squared: 0.1403,     Adjusted R-squared: 0.08974  
F-statistic: 2.775 on 1 and 17 DF,  p-value: 0.1141 
• Weighted 
lm: (formula = r_all_data ~ log(Tot_supply), data = node_data, weights = 1/rSE_all_data^2) 
                 
   Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)       0.009171    0.007187    1.276     0.219 
log(Tot_supply)  0.002016    0.001910    1.055     0.306 
 
Residual standard error: 2.904 on 17 degrees of freedom 
Multiple R-squared: 0.06148,    Adjusted R-squared: 0.006277  
F-statistic: 1.114 on 1 and 17 DF,  p-value: 0.3060 
 
Figure A1.7 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to larval supply at a 10km2 reef node scale 
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Mean post-mortality abundance, a 
Reef regions 
lm(formula = log(a) ~ log(mean_supply_2), data = region_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept) - 2.9706      0.2370 - 12.535   1.24e-08 *** 
log(mean_supply_2)    0.7986      0.1737    4.597     5e-04 *** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 0.9057 on 13 degrees of freedom 
Multiple R-squared: 0.6191,     Adjusted R-squared: 0.5898  
F-statistic: 21.13 on 1 and 13 DF,  p-value: 0.0005004 
 
Figure A1.8 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to larval supply at a reef region scale 
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10km2 Reef Nodes 
lm(formula = log(a) ~ log(Tot_supply), data = node_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)         0.4710      0.6719    0.701     0.487     
log(Tot_supply)    0.7744      0.1454    5.327   3.66e-06 *** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.472 on 42 degrees of freedom 
Multiple R-squared: 0.4032,     Adjusted R-squared: 0.389  
F-statistic: 28.38 on 1 and 42 DF,  p-value: 3.656e-06 
 
Figure A1.9 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to larval supply at a 10km2 reef node scale 
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Predatory fish abundance 
Exponential recovery rate, r 
Reef Regions 
• Un-weighted 
lm: (formula = r_all_data ~ log(inv_fish), data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)    -0.009433    0.041575   -0.227     0.828 
log(inv_fish)   0.001605    0.005650    0.284     0.786 
 
Residual standard error: 0.01024 on 6 degrees of freedom 
  (1 observation deleted due to missingness) 
Multiple R-squared: 0.01327,    Adjusted R-squared: -0.1512  
F-statistic: 0.0807 on 1 and 6 DF,  p-value: 0.7859 
• Weighted 
lm: (formula = r_all_data ~ log(inv_fish), data = region_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)    -0.021496    0.033689   -0.638     0.547 
log(inv_fish)   0.002276    0.004569    0.498     0.636 
 
Residual standard error: 3.412 on 6 degrees of freedom 
  (1 observation deleted due to missingness) 
Multiple R-squared: 0.0397,     Adjusted R-squared: -0.1204  
F-statistic: 0.248 on 1 and 6 DF,  p-value: 0.6362 
 
a.      b. 
Figure A1.10 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to predatory fish abundance at a reef region scale 
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10km2 Reef Nodes 
• Un-weighted 
lm(formula = r_all_data ~ log(inv_fish), data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)    0.0054405   0.0197444    0.276     0.788 
log(inv_fish)  0.0004594   0.0026180    0.175     0.864 
 
Residual standard error: 0.01505 on 11 degrees of freedom 
  (6 observations deleted due to missingness) 
Multiple R-squared: 0.002792,   Adjusted R-squared: -0.08786  
F-statistic: 0.0308 on 1 and 11 DF,  p-value: 0.8639 
• Weighted 
lm(formula = r_all_data ~ log(inv_fish), data = node_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)     0.004112    0.017543    0.234     0.819 
log(inv_fish)  -0.000785    0.002416   -0.325     0.751 
 
Residual standard error: 2.495 on 11 degrees of freedom 
  (6 observations deleted due to missingness) 
Multiple R-squared: 0.009504,   Adjusted R-squared: -0.08054  
F-statistic: 0.1055 on 1 and 11 DF,  p-value: 0.7514 
  
a.      b. 
Figure A1.11 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to predatory fish abundance at a 10km2 reef region scale 
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Mean post-mortality abundance, a 
Reef region 
lm(formula = log(a) ~ log(inv_fish), data = region_data) 
 
              Estimate Std. Error t value Pr(>|t|)   
(Intercept)     5.1830     4.1027   1.263   0.2326   
log(inv_fish)  -1.0893     0.5588  -1.950   0.0772 . 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.373 on 11 degrees of freedom 
  (2 observations deleted due to missingness) 
Multiple R-squared: 0.2568,     Adjusted R-squared: 0.1892  
F-statistic: 3.801 on 1 and 11 DF,  p-value: 0.07717 
 
Figure A1.12 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to predatory fish abundance at a reef region scale 
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10km2 Reef Nodes 
lm(formula = log(a) ~ log(inv_fish), data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)      1.5311      1.1671    1.312   0.201997     
log(inv_fish)   -0.6250      0.1578   -3.961   0.000581 *** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.221 on 24 degrees of freedom 
  (18 observations deleted due to missingness) 
Multiple R-squared: 0.3953,     Adjusted R-squared: 0.3701  
F-statistic: 15.69 on 1 and 24 DF,  p-value: 0.000581 
 
 
Figure A1.13 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to predatory fish abundance at a 10km2 reef node scale 
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Habitat Structural Complexity 
Exponential recovery rate, r 
10km2 Reef Nodes 
• Un-weighted 
lm(formula = r_all_data ~ relief_mean, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)   1.362e-02   7.877e-03    1.729     0.112 
relief_mean  -6.145e-05   1.182e-04   -0.520     0.614 
 
Residual standard error: 0.01448 on 11 degrees of freedom 
  (6 observations deleted due to missingness) 
Multiple R-squared: 0.02397,    Adjusted R-squared: -0.06476  
F-statistic: 0.2701 on 1 and 11 DF,  p-value: 0.6135 
• Weighted 
lm(formula = r_all_data ~ relief_mean, data = node_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)   0.0117400   0.0088709    1.323     0.213 
relief_mean  -0.0002098   0.0001429   -1.468     0.170 
 
Residual standard error: 2.333 on 11 degrees of freedom 
  (6 observations deleted due to missingness) 
Multiple R-squared: 0.1638,     Adjusted R-squared: 0.08778  
F-statistic: 2.155 on 1 and 11 DF,  p-value: 0.1701 
  
a.      b. 
Figure A1.14 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to habitat structural complexity at a 10km2 reef node scale 
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Mean post-mortality abundance, a 
10km2Reef Nodes 
lm(formula = log(a) ~ relief_mean, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)  -2.374845    0.637217  - 3.727    0.00133 ** 
relief_mean  -0.015284    0.008369  - 1.826    0.08279 .  
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.576 on 20 degrees of freedom 
  (22 observations deleted due to missingness) 
Multiple R-squared: 0.1429,     Adjusted R-squared: 0.1001  
F-statistic: 3.335 on 1 and 20 DF,  p-value: 0.08279 
 
Figure A1.15 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to habitat structural complexity at a 10km2 reef node scale 
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Herbivorous fish abundance 
Exponential recovery rate, r 
Reef Regions 
• Un-weighted 
lm(formula = r_all_data ~ log(herb_fish), data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)     -0.008891    0.042743  - 0.208     0.842 
log(herb_fish)   0.001399    0.005309    0.264     0.801 
 
Residual standard error: 0.01025 on 6 degrees of freedom 
  (1 observation deleted due to missingness) 
Multiple R-squared: 0.01144,    Adjusted R-squared: -0.1533  
F-statistic: 0.06946 on 1 and 6 DF,  p-value: 0.801 
• Weighted 
lm(formula = r_all_data ~ log(herb_fish), data = region_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)      0.076403    0.030968    2.467     0.0486 * 
log(herb_fish)  -0.009844    0.003751  - 2.625     0.0393 * 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 2.375 on 6 degrees of freedom 
  (1 observation deleted due to missingness) 
Multiple R-squared: 0.5345,     Adjusted R-squared: 0.4569  
F-statistic: 6.888 on 1 and 6 DF,  p-value: 0.03934 
  
a.      b. 
Figure A1.16 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to herbivorous fish abundance at a reef region scale 
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10km2 Reef Nodes 
• Un-weighted 
lm(formula = r_all_data ~ log(herb_fish), data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)      0.054293    0.042003    1.293     0.223 
log(herb_fish)  -0.006042    0.005557  - 1.087     0.300 
 
Residual standard error: 0.01432 on 11 degrees of freedom 
  (6 observations deleted due to missingness) 
Multiple R-squared: 0.09705,    Adjusted R-squared: 0.01496  
F-statistic: 1.182 on 1 and 11 DF,  p-value: 0.3001 
• Weighted 
lm(formula = r_all_data ~ log(herb_fish), data = node_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)      0.048066    0.030763    1.562     0.146 
log(herb_fish)  -0.006313    0.003905  - 1.617     0.134 
 
Residual standard error: 2.253 on 11 degrees of freedom 
  (6 observations deleted due to missingness) 
Multiple R-squared: 0.192,      Adjusted R-squared: 0.1186  
F-statistic: 2.614 on 1 and 11 DF,  p-value: 0.1342 
  
a.      b. 
Figure A1.17 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to herbivorous fish abundance at a 10km2 reef node scale 
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Mean post-mortality abundance, a 
Reef Regions 
lm(formula = log(a) ~ log(herb_fish), data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)     -2.63598     5.60285  - 0.470     0.647 
log(herb_fish)  -0.01828     0.70449  - 0.026     0.980 
 
Residual standard error: 1.593 on 11 degrees of freedom 
  (2 observations deleted due to missingness) 
Multiple R-squared: 6.123e-05,  Adjusted R-squared: -0.09084  
F-statistic: 0.0006736 on 1 and 11 DF,  p-value: 0.9798 
 
Figure A1.17 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to herbivorous fish abundance at a reef region scale 
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10km2 Reef Nodes 
lm(formula = log(a) ~ herb_fish, data = node_data) 
 
              Estimate Std. Error t value Pr(>|t|)     
(Intercept) -2.964e+00  5.341e-01  -5.549 1.04e-05 *** 
herb_fish   -1.105e-05  1.608e-04  -0.069    0.946     
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.57 on 24 degrees of freedom 
  (18 observations deleted due to missingness) 
Multiple R-squared: 0.0001968,  Adjusted R-squared: -0.04146  
F-statistic: 0.004725 on 1 and 24 DF,  p-value: 0.9458 
 
Figure A1.18 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to herbivorous fish abundance at a 10km2 reef node scale 
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Macroalgae 
Exponential recovery rate, r 
Reef Regions 
• Un-weighted 
lm(formula = r_all_data ~ macromean, data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  1.240e-03   5.953e-03    0.208     0.842 
macromean    8.159e-06   3.521e-05    0.232     0.824 
 
Residual standard error: 0.01027 on 6 degrees of freedom 
  (1 observation deleted due to missingness) 
Multiple R-squared: 0.00887,    Adjusted R-squared: -0.1563  
F-statistic: 0.0537 on 1 and 6 DF,  p-value: 0.8245 
• Weighted 
lm(formula = r_all_data ~ macromean, data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  1.240e-03   5.953e-03    0.208     0.842 
macromean    8.159e-06   3.521e-05    0.232     0.824 
 
Residual standard error: 0.01027 on 6 degrees of freedom 
  (1 observation deleted due to missingness) 
Multiple R-squared: 0.00887,    Adjusted R-squared: -0.1563  
F-statistic: 0.0537 on 1 and 6 DF,  p-value: 0.8245 
  
a.      b. 
Figure A1.19 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to macroalgal cover at a reef region scale 
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10km2 Reef Nodes 
• Un-weighted 
lm(formula = r_all_data ~ macromean, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  8.876e-03   5.978e-03    1.485     0.163 
macromean    1.643e-06   2.553e-05    0.064     0.950 
 
Residual standard error: 0.01449 on 12 degrees of freedom 
  (5 observations deleted due to missingness) 
Multiple R-squared: 0.0003451,  Adjusted R-squared: -0.08296  
F-statistic: 0.004143 on 1 and 12 DF,  p-value: 0.9497 
• Weighted 
lm(formula = r_all_data ~ macromean, data = node_data, weights = 1/rSE_all_data^2) 
 
  Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)  -4.425e-03   3.997e-03  - 1.107     0.290 
macromean     2.342e-05   2.335e-05    1.003     0.336 
 
Residual standard error: 2.363 on 12 degrees of freedom 
  (5 observations deleted due to missingness) 
Multiple R-squared: 0.07734,    Adjusted R-squared: 0.0004506  
F-statistic: 1.006 on 1 and 12 DF,  p-value: 0.3357 
  
a.      b. 
Figure A1.20 Diagnostic plots for linear model fits (a. un-weighted, b. weighted) of D. antillarum 
exponential recovery rate in response to macroalgal cover at a 10km2 reef node scale 
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Mean post-mortality abundance, a 
Reef Regions 
lm(formula = log(a) ~ macromean, data = region_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)  -2.900795    0.796467  - 3.642    0.00387 ** 
macromean     0.000795    0.004398    0.181    0.85985    
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.591 on 11 degrees of freedom 
  (2 observations deleted due to missingness) 
Multiple R-squared: 0.002961,   Adjusted R-squared: -0.08768  
F-statistic: 0.03267 on 1 and 11 DF,  p-value: 0.8599 
 
 
Figure A1.21 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to macroalgal cover at a reef region scale 
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10km2 Reef Nodes 
lm(formula = log(a) ~ macromean, data = node_data) 
 
  Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)  -3.752351    0.425438  - 8.820   1.95e-09 *** 
macromean     0.004208    0.002240    1.878     0.0712 .   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Residual standard error: 1.503 on 27 degrees of freedom 
  (15 observations deleted due to missingness) 
Multiple R-squared: 0.1156,     Adjusted R-squared: 0.08281  
F-statistic: 3.528 on 1 and 27 DF,  p-value: 0.07118 
 
Figure A1.22 Diagnostic plots for linear model fit of D. antillarum mean post-mortality population 
abundance in response to macroalgal cover at a 10km2 reef node scale 
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Appendix II 
 
Table A2.1. Sites studied for D. antillarum population abundance on the leeward coast of Curacao, 
showing geographical locations, average depths and survey area. 
Location Substrate Site 
Coordinates 
(Decimal degrees) 
Area (m
2
) Depth (m) 
Sheltered Complex 
St. Cruz rocks 
12
o
18’19.56”N,  
69
o
08’47.10”W 
100 1 
St. Martha rocks 
12
o
16’06.66”N, 
69
o
07’43.38”W 
100 1.36 
Water Factory bay 
12
o
16’06.66”N,  
69
o
07’43.38”W 
100 0.94 
Piscadera bay 
12
o
07’25.50”N,  
68
o
58’12.00”W 
200 1.36 
Exposed Complex 
St. Cruz reef 
12
o
18’16.08”N,  
69
o
08’55.44”W 
300 3.66 
Water Factory reef 
12
o
06’33.00”N,  
68
o
57’15.60”W 
100 6.25 
Breezes reef 
12
o
05’22.10”N,  
68
o
54’17.20”W 
100 5.85 
Directors Point reef 
12
o
03’59.70”N,  
68
o
51’38.64”W 
300 1.62 
St. Barbara reef 
12
o
03’48.42”N,  
68
o
51’11.82”W 
300 4.31 
St. Martha Breakwater 
12
o
16’02.76”N,  
69
o
07’41.46”W 
300 2.23 
WTC Breakwater 
12
o
06’58.90”N,  
68
o
57’57.60”W 
100 2.95 
Water Factory Breakwater 
12
o
06’31.80”N,  
69
o
57’13.26”W 
300 3.87 
Breezes Breakwater 
12
o
05’22.08”N,  
68
o
54’16.26”W 
300 2.86 
Sheltered Low-relief 
St. Martha bay rubble 
12
o
16’10.32”N,  
69
o
07’45.06”W 
300 1.23 
Piscadera bay rubble 
12
o
07’24.60”N,  
68
o
58’12.12”W 
300 3.84 
St. Barbara bay rubble 
12
o
04’01.38”N,  
68
o
51’12.12”W 
300 3.98 
Exposed Low-relief 
Kalki Playa reef rubble 
12
o
22’31.50”N,  
69
o
09’31.02”W 
300 3.91 
Habitat reef rubble 
12
o
11’57.40”N,  
69
o
04’46.70”W 
300 5.05 
Piscadera reef rubble 
12
o
07’29.82”N,  
68
o
58’21.18”W 
300 3.51 
Jan Thiel reef rubble 
12
o
04’29.22”N,  
68
o
52’50.04”W 
300 4.07 
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Table A2.2 Summary of D. antillarum population abundance on the leeward coast of Curacao in June 
and August 2010. 
Location Substrate Site 
D. antillarum density (no.m
-2
) 
June 2010 August 2010 
Sheltered Hard 
St. Cruz rocks 3.35 2.94 
St. Martha rocks 2.51 2.57 
Water Factory bay - 1.55 
Piscadera bay 0.595 (±0.18) 0.505 (±0.25) 
Exposed Hard 
St. Cruz reef 0 0.003 (±0.003) 
Water Factory reef - 0.01 
Breezes reef - 0.02 
Directors Point reef 0.2 (±0.09) 0.22 (±0.03) 
St. Barbara reef 0 0.003 (±0.003) 
St. Martha Breakwater 0.037 (±0.02) 0.04 (±0.03) 
WTC Breakwater - 0.01 
Water Factory Breakwater 0.18 (±0.09) 0.153 (±0.07) 
Breezes Breakwater 0.33 (±0.06) 0.183 (±0.06) 
Sheltered Rubble 
St. Martha bay rubble 0.95 (±0.50) 0.62 (±0.34) 
Piscadera bay rubble 0.003 (±0.003) 0.007 (±0.007) 
St. Barbara bay rubble 0.047 (±0.03) 0.033 (±0.02) 
Exposed Rubble 
Kalki Playa reef rubble 0.003 (±0.003) 
0 
Habitat reef rubble - 0.007 (±0.007) 
Piscadera reef rubble 0.003 (±0.003) 0.003 (±0.003) 
Jan Thiel reef rubble 0.017 (±0.009) 0 
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Model outputs and diagnostic plots for Chapter 4 analyses 
1. Populations of D. antillarum in Curacao in 2010 are greatest in: 
a. Sheltered (versus exposed) locations  
b. Structurally complex (versus low-relief) habitats.  
Including depth and interaction between substrate and shelter 
glm: (formula = D_dens2 ~ Substrate * Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data) 
 
                      Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)           -0.5010      0.8613   -0.582    0.56948    
SubstrateS            -2.5015      0.7862   -3.182    0.00619 ** 
ShelterI                1.8864      0.7632    2.472    0.02592 *  
Depth                  -0.6524      0.2213   -2.948    0.00998 ** 
SubstrateS:ShelterI    0.7705      1.0967    0.703    0.49309    
 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’  
 
Null deviance:   79.441 on 19 degrees of freedom 
Residual deviance:  23.185 on 15 degrees of freedom 
 
Excluding interaction between substrate and shelter (minimum adequate model) 
glm: (formula = D_dens2 ~ Substrate + Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)  -0.5695      0.7931   -0.718    0.48308    
SubstrateS     -2.0686      0.5723   -3.614    0.00233 ** 
ShelterI        2.0798      0.6351    3.275    0.00476 ** 
Depth          -0.6569      0.2119   -3.100    0.00687 ** 
 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’  
 
Null deviance:   79.441 on 19 degrees of freedom 
Residual deviance:  23.579 on 16 degrees of freedom 
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Figure A2.1 Diagnostic plots for minimum adequate model for Hypothesis 1, Chapter 4: Diadema 
antillarum population density in response to substrate type (complex versus low relief), shelter 
(sheltered versus exposed) and depth.  
Density and depth relationship 
glm: (formula = D_dens2 ~ Depth, family = tweedie(var.power = info_out$p.max, link.power = 0), 
data = Site_data) 
 
   Estimate  Std. Error  t value  Pr(>|t|)     
(Intercept)     1.3863      0.5582    2.484     0.0231 *   
Depth          -1.1299      0.1767   -6.395   5.07e-06 *** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
 Null deviance:   79.441 on 19 degrees of freedom 
Residual deviance:  34.638 on 18 degrees of freedom 
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Figure A2.2 Diagnostic plots for model: Diadema antillarum population density in response to depth.  
 
 
2. Sea urchin cryptic behaviour is greatest in structurally complex versus low-relief habitats. 
Pearson's Chi-squared test 
 
data:   crypsis  
X-squared = 111.7388, df = 1, p-value < 2.2e-16 
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3. D. antillarum larval settlement rates  are influenced by exposure and / or habitat complexity 
Including depth and interaction between substrate and shelter 
glm: (formula = X1_set_rate ~ Substrate * Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data2) 
 
Coefficients: 
   Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)           -2.2496     1.2483   -1.802    0.1017   
SubstrateS           -3.6204      1.4021  -2.582  0.0273 * 
ShelterI                2.0564      0.9628    2.136     0.0584 . 
Depth                   0.3914      0.3604    1.086    0.3030   
SubstrateS:ShelterI    1.4425      1.6760    0.861     0.4096   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   22.713 on 14 degrees of freedom 
Residual deviance:  11.187 on 10 degrees of freedom 
Excluding interaction between substrate and shelter 
glm: (formula = X1_set_rate ~ Substrate + Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data2) 
 
               Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)   -2.6686      1.2538   -2.128     0.0567 . 
SubstrateS     -2.7406      0.9260   -2.960     0.0130 * 
ShelterI        2.4504      0.8862    2.765     0.0184 * 
Depth           0.4976     0.3735    1.332     0.2098   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   22.713 on 14 degrees of freedom 
Residual deviance:  11.721 on 11 degrees of freedom 
Excluding interaction between substrate and shelter and depth (minimum adequate model) 
glm: (formula = X1_set_rate ~ Substrate + Shelter, family = tweedie(var.power = info_out$p.max,  
     link.power = 0), data = Site_data2) 
 
   Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)    -1.1965      0.4598   -2.602     0.0231 * 
SubstrateS     -1.7622      0.6823   -2.583     0.0240 * 
ShelterI        1.6718      0.5995    2.789     0.0164 * 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   22.713 on 14 degrees of freedom 
Residual deviance:  13.153 on 12 degrees of freedom 
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Figure A2.3 Diagnostic plots for minimum adequate model for Hypothesis 3, Chapter 4: Diadema 
antillarum larval settlement rate in response to substrate type (complex versus low relief) and shelter 
(sheltered versus exposed).  
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4. The abundance of D. antillarum predators is influenced by exposure and / or habitat complexity  
Including depth and interaction between substrate and shelter 
glm: (formula = New_pred_bio_dens ~ Substrate * Shelter + Depth, family = Gamma(link = 
 "inverse"), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)           0.26453     0.16168    1.636     0.1226   
SubstrateS           -0.07203     0.10896   -0.661     0.5186   
ShelterI              -0.08800     0.13048   -0.674     0.5103   
Depth                  0.02800     0.04321    0.648     0.5268   
SubstrateS:ShelterI   0.66185     0.29338    2.256     0.0394 * 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   9.3692 on 19 degrees of freedom 
Residual deviance:  6.1566 on 15 degrees of freedom 
Excluding depth (minimum adequate model) 
glm: (formula = New_pred_bio_dens ~ Substrate + Shelter + Substrate:Shelter, family = 
 Gamma(link = "inverse"), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)           0.36463     0.06378    5.717   3.18e-05 *** 
SubstrateS           -0.05712     0.10284   -0.555     0.5863     
ShelterI              -0.15563     0.08410   -1.850     0.0828 .   
SubstrateS:ShelterI   0.69745     0.28246    2.469     0.0252 *   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   9.3692 on 19 degrees of freedom 
Residual deviance:  6.2817 on 16 degrees of freedom 
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Figure A2.4 Diagnostic plots for minimum adequate model for Hypothesis 4, Chapter 4: Diadema 
antillarum predatory fish abundance in response to substrate type (complex versus low relief), shelter 
(sheltered versus exposed) and the interaction between the two.  
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5. Turf algae growth is influenced by exposure and / or habitat complexity 
Including depth and interaction between substrate and shelter 
glm: (formula = trans_MACA ~ Substrate * Shelter + Depth, family = tweedie(var.power 
 =info_out$p.max, link.power = 0), data = Site_data2) 
 
   Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)           -3.7394      1.0590   -3.531    0.00544 ** 
SubstrateS            -1.7532      0.8688   -2.018    0.07123 .  
ShelterI                2.5014      0.8910    2.807    0.01855 *  
Depth                   0.1692      0.3091    0.547    0.59626    
SubstrateS:ShelterI    1.2418      1.1668    1.064    0.31224    
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   29.179 on 14 degrees of freedom 
Residual deviance:  13.851 on 10 degrees of freedom 
Excluding interaction between substrate and shelter 
glm: (formula = trans_MACA ~ Substrate + Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data2) 
 
  Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)   -4.2016      1.0463   -4.016    0.00203 ** 
SubstrateS    -1.1476      0.7292   -1.574    0.14381    
ShelterI       3.0965      0.7414    4.176    0.00155 ** 
Depth          0.2654      0.3228    0.822    0.42852    
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   29.179 on 14 degrees of freedom 
Residual deviance:  14.577 on 11 degrees of freedom 
Excluding interaction between substrate and shelter and depth (minimum adequate model) 
glm: (formula = trans_MACA ~ Substrate + Shelter, family = tweedie(var.power = 
info_out$p.max,  
     link.power = 0), data = Site_data2) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)    -3.3936      0.4494   -7.552   6.75e-06 *** 
SubstrateS     -0.7709      0.5993   -1.286   0.222621     
ShelterI        2.6684      0.5839    4.570   0.000644 *** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   29.179 on 14 degrees of freedom 
Residual deviance:  15.038 on 12 degrees of freedom 
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Figure A2.5 Diagnostic plots for minimum adequate model for Hypothesis 5, Chapter 4: Turf algae 
growth in response to substrate type (complex versus low relief) and shelter (sheltered versus 
exposed).  
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6. The abundance of herbivorous fish is influenced by exposure and / or habitat complexity 
Including depth and interaction between substrate and shelter 
glm: (formula = New_herb_bio_dens ~ Substrate * Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)           2.81840     0.51524    5.470   6.46e-05 *** 
SubstrateS           -0.77000     0.39024   -1.973    0.0672 .   
ShelterI              -1.61210     0.51986   -3.101    0.0073 **  
Depth                  0.05618     0.12582    0.447     0.6616     
SubstrateS:ShelterI   0.82143     0.68168    1.205     0.2469     
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   25.875 on 19 degrees of freedom 
Residual deviance:  13.006 on 15 degrees of freedom 
Excluding interaction between substrate and shelter 
glm: (formula = New_herb_bio_dens ~ Substrate + Shelter + Depth,  family = tweedie(var.power = 
 info_out$p.max, link.power = 0),  data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)     2.4879      0.5174    4.809   0.000193 *** 
SubstrateS     -0.5720      0.3547   -1.613   0.126373     
ShelterI       -1.1674      0.4331   -2.696   0.015917 *   
Depth           0.1315      0.1304    1.009   0.328121     
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   25.875 on 19 degrees of freedom 
Residual deviance:  13.743 on 16 degrees of freedom 
Excluding interaction between substrate and shelter and depth (minimum adequate model) 
glm: (formula = New_herb_bio_dens ~ Substrate + Shelter, family = tweedie(var.power = 
info_out$p.max,  link.power = 0), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)     2.9297      0.2141   13.687   1.31e-10 *** 
SubstrateS     -0.3981      0.3360   -1.185    0.25234     
ShelterI       -1.3664      0.3426   -3.988    0.00095 *** 
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
(Dispersion parameter for Tweedie family taken to be 0.6691976) 
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    Null deviance: 25.875  on 19  degrees of freedom 
Residual deviance: 14.225  on 17  degrees of freedom 
 
 
Figure A2.6 Diagnostic plots for minimum adequate model for Hypothesis 6, Chapter 4: Herbivorous 
fish abundance in response to substrate type (complex versus low relief) and shelter (sheltered versus 
exposed).  
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7. Percent cover of macroalgae is influenced by exposure and / or habitat complexity 
Including depth and interaction between substrate and shelter 
glm: (formula = Site_mean_algae ~ Substrate * Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)            0.5741      0.8043    0.714     0.4863   
SubstrateS             0.4377      0.6000    0.729     0.4769   
ShelterI                2.2792      0.7787    2.927     0.0104 * 
Depth                   0.3065      0.1961    1.563     0.1388   
SubstrateS:ShelterI   -1.0013      1.0007   -1.001     0.3329   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:  34.043 on 19 degrees of freedom 
Residual deviance:  23.420 on 15 degrees of freedom 
Excluding interaction between substrate and shelter 
glm: (formula = Site_mean_algae ~ Substrate + Shelter + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)    
(Intercept)     1.0086      0.7240    1.393     0.1826    
SubstrateS      0.1472      0.4909    0.300     0.7681    
ShelterI        1.7468      0.5890    2.966     0.0091 ** 
Depth           0.2208      0.1843    1.198     0.2484    
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   34.043 on 19 degrees of freedom 
Residual deviance:  24.350 on 16 degrees of freedom 
Excluding interaction between substrate and shelter and depth (minimum adequate model) 
glm: (formula = Site_mean_algae ~ Substrate + Shelter, family = tweedie(var.power = 
 =info_out$p.max, link.power = 0), data = Site_data) 
 
   Estimate  Std. Error  t value   Pr(>|t|)     
(Intercept)     1.8475      0.2976    6.207   9.56e-06 *** 
SubstrateS      0.3114      0.4477    0.696     0.4961     
ShelterI        1.2730      0.4471    2.847     0.0111 *   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   34.043 on 19 degrees of freedom 
Residual deviance:  25.398 on 17 degrees of freedom 
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Figure A2.7 Diagnostic plots for minimum adequate model for Hypothesis 7, Chapter 4: Macroalgal 
percent cover in response to substrate type (complex versus low relief) and shelter (sheltered versus 
exposed).  
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8. D. antillarum larval settlement and adult abundance are not correlated  
Including depth  
glm: (formula = X1_set_rate ~ D_dens2 + Depth, family = tweedie(var.power = 
 info_out$p.max, link.power = 0), data = Site_data2) 
 
   Estimate  Std. Error  t value   Pr(>|t|) 
(Intercept)    -0.1575      1.2045    -0.131     0.898 
D_dens2         0.2283      0.4211    0.542      0.598 
Depth          -0.2846      0.3640    -0.782     0.450 
 
Null deviance:   22.713 on 14 degrees of freedom 
Residual deviance:  19.533 on 12 degrees of freedom 
Excluding depth (minimum adequate model) 
glm: (formula = X1_set_rate ~ D_dens2, family = tweedie(var.power = info_out$p.max,  
     link.power = 0), data = Site_data2) 
 
   Estimate  Std. Error  t value   Pr(>|t|)   
(Intercept)    -1.0462      0.3895   -2.686     0.0187 * 
D_dens2         0.4578      0.3039    1.506     0.1559   
--- 
Signif. codes:  0 ‘***’ 0.001 ‘**’ 0.01 ‘*’ 0.05 ‘.’ 0.1 ‘ ’ 1  
 
Null deviance:   22.713 on 14 degrees of freedom 
Residual deviance:  20.222 on 13 degrees of freedom 
 
Figure A2.8 Diagnostic plots for minimum adequate model for Hypothesis 8, Chapter 4: Diadema 
antillarum larval settlement rate in response to Diadema antillarum adult population density. 
